An assessment of the impacts of chronic exposure of copper and zinc on the polychaete Nereis (Alitta) virens using an integrated ecotoxicological approach by Pini, Jennifer M.
Copyright Statement
This copy of the thesis has been supplied on condition that anyone who consults
it is understood to recognise that its copyright rests with its author and that no
quotation from the thesis and no information derived from it may be published
without the author’s prior consent.
An assessment of the impacts of chronic
exposure of copper and zinc on the
polychaete Nereis (Alitta) virens using
an integrated ecotoxicological approach
Jennifer M. Pini
School of Biological Sciences
University of Portsmouth
Submitted in fulfilment
of the requirements for the degree of
Doctor of Philosophy
Supervisor: Dr. Gordon Watson
Abstract
Although copper and zinc are essential metals to aquatic organisms, they can
become contaminants and potentially toxic to marine invertebrates due to an-
thropogenic activities. The king ragworm, Nereis virens is an ecologically and
commercially important polychaete species of soft sediment inter-tidal commu-
nities found throughout Europe and the northern hemisphere and is exposed to
elevated levels of contaminants including metals. However, the impact of long-
term exposure of copper and zinc alone and combined has not yet been investi-
gated. In this context, this study aimed to undertake a nine months experiment,
sampling every three months, based on environmentally relevant concentrations
obtained from a field sampling effort, in combination to a multi-biomarker ap-
proach. Using the polychaete N. virens as test species, this multi-biomarker ap-
proach revealed the effects of copper and zinc not only at an individual level but
also and more importantly at a population level. It is valid to investigate chronic
effects of these pollutants as this species readily acclimatises to captive conditions
and the endocrine control of growth, maturation and reproduction is already well
documented. N. virens were incubated for nine months in environmentally rele-
vant concentrations of copper-spiked sediment, zinc-spiked sediment and copper
& zinc combined-spiked sediment. These concentrations were obtained thanks to
preliminary field samples of sediment, pore-water and N. virens collected from
seven sites along the English Channel coast namely Mylor (Fal Estuary), Saltash
(Tamar Estuary), Holes Bay (Poole Harbour), Tipner (Portsmouth Harbour),
Broadmarsh (Langstone Harbour) and the Conservancy & Dell quay (Chichester
Harbour). Results from these seven sites showed that site-specific metal levels
and sediment characteristics were important in determining the bioavailability of
metals to worms. Strong correlations were found between copper in the sediment
and in the pore water and between zinc in the pore water and in N. virens. Zinc
from the pore water was thus more readily available to N. virens than copper.
Data also showed that metal concentrations in the worms were lower than those
found in other closely related polychaetes, indicating that N. virens may regu-
late the uptake of metals. Based on data obtained from Holes Bay, Saltash and
Mylor, the copper-spiked sediment values ranged from 70 mg kg−1 to 575 mg
kg−1, the zinc-spiked sediment values from 200 mg kg−1 to 1160 mg kg−1 and
the combination of both were used for the combined treatments. A range of end-
points were then used allowing the study of behavioural, biochemical, cellular and
genetic changes over time. As high variability in responses were observed over
time, this study revealed the complexity of interpreting metal toxicity. Overall,
high copper and high copper & zinc combined treatments showed the most dam-
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ages with hypoactivity, increase of metallothionein concentrations, inhibition of
acetylcholinesterase activity, decrease in cell viability and increase of DNA dam-
age. However, no significant correlations were obtained for acetylcholinesterase
activity suggesting that this biomarker is not adequate when considering metal
toxicity to N. virens. In addition, the effects of metals on energy reserves were
difficult to evaluate as no clear trends were observed. Moreover, seasonal fluc-
tuations and reproduction that occurred during the long-term experiment have
proven to be important factors while investigating long-term effects of metals on
N. virens. However, the results obtained in this study suggested that N. virens
is tolerant to copper and zinc pollution through the activation of detoxification
processes as defence mechanisms leading to the possibility of metal adaptation at
a population level. For the first time, this study revealed that not only high levels
of copper were toxic to N. virens but also that the combination of high copper &
zinc treatment was highly and even more toxic to these worms. BioAccumulation
Ratios showed that the competition for the uptake between copper and zinc varied
over time and was dependent on metal concentrations. In addition, the evalua-
tion of the Biomarker Response Index revealed 1. that the combined, high copper
& zinc treatment, was the most toxic to the worms and 2. that DNA damage,
metallothioneins and weight were the most sensitive and reliable endpoints used
to evaluate copper and zinc toxicity.
ii
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Chapter 1
Introduction
1
1. Introduction
1.1 Metal pollution and ecotoxicology
Metals are still some of the most complex and widespread contaminants faced by
human society and the environment (Greim & Snyder 2008). Legacies of past
mining activities along with the continuous and worldwide use of metals in var-
ious industries including new technologies continues to pose an important and
significant risk to all aquatic environments. Understanding metal behaviour and
its effect on the ecosystem is complex and requires the use of a range of skills
from biology to chemistry. Management agencies recognised the potential risk
posed by metal pollution and aimed to protect the environment by introducing
new laws and legislations and by creating the first Earth Day on the 1st of May
1970 (Luoma & Rainbow 2008). It is in this concept that the term ecotoxicol-
ogy was first introduced in 1969 by René Truhaut with the interest of gathering
the field of ecology and toxicology (Walker et al. 2006). The term toxicology
refers to the study of the health risks of human exposure to chemicals or radiation
such as carcinogenic effects of cadmium upon humans (Greim & Snyder 2008).
However, environmental toxicology needs to include the study of chemical effects
on the environment. Ecotoxicology or ecological toxicology (Chapman 2002) can
now be defined more precisely as the discipline based on the study of harmful ef-
fects of chemicals upon ecosystems including at a population and individual level
(Van Straalen 2003, Walker et al. 2006). At first, ecotoxicological studies were
based on toxicological analysis using experimental testing, analysis of dose–effect
relationships and the estimation of effect concentrations by the use of EC50 re-
ferring to the exposure concentration at which 50 % effect is observed within a
certain period (Van Straalen 2003). This scientific discipline was further devel-
oped in the 1980s and 1990s with the appearance of molecular ecology studying
population structure and adaptation and systems ecology studying the behaviour
of complete ecosystems taking into account their interaction with environmental
conditions (Van Straalen 2003). Molecular and systems ecology provided new
tools for the prediction of toxic effects on the environment. Furthermore, mod-
eling tools were developed in an effort of integrating toxicological effects into an
ecological framework. Thus, ecotoxicology is the field allowing this study to focus
on the impact of a specific type of pollutant on a specific marine species based
on chemical concentrations and a molecules-to-ecosystems approach related to the
genes-to-physiologies approach initially presented by Clarke in 1975 and presented
in Figure 1.1 (Van Straalen 2003, Walker et al. 2006).
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Figure 1.1. Schematic of potential biological responses to environmental pollutants at an organ-
ism and ecosystem level used as baseline information in this study.
1.2 Metals or heavy metals?
A metal is defined by its physical and chemical properties. Chemists define a
metal as an element with lustrous appearance, good electrical and heat conduc-
tivity which can enter chemical reactions as a positive ions, called cations (Walker
et al. 2006). These elements are organised in the periodic table based on their
atomic structure. Although, metals are natural substances they are often consid-
ered as pollutants. In the field of ecotoxicology, the term "heavy metal" is often
used to describe metals that are environmentally pollutants. This term has been
extensively used over the past years. Using Web of Science, a Web based refer-
ence tool, a record of 293 articles were published in 2002 using the term "heavy
metal" in the title (Hodson 2004). In 2013, using the same data base, a record of
443 articles were found in the research area of toxicology using the term "heavy
metal" in the title. It is however important to note that this term is poorly de-
fined and many different and contradictory definitions exist (Duffus 2002, Hodson
2004, Luoma & Rainbow 2008, Walker et al. 2006). Different definitions based
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on density, atomic weight, atomic number or other properties of the elements or
their compounds are listed in Table 1.1.
Table 1.1. Different definitions of the term "heavy metal" (modified from Duffus (2002) and
Hodson (2004).
Basis of definition Range of values characterising a ‘‘heavy metal’’ 
1. Density 
 
3.5–5 g/cm3; > 4 g/cm3; > 4.5 g/cm3; 5 g/cm3 or above; > 5 g/cm3; > 6 g/cm3; 
> 7 g cm3; 4.5-22.5 g/cm-3; 14.5 g/cm3 for 76 % W, 20 % Cu, 4 % Ni to                  
16.6 g/cm3 for 90% W, 7 % Ni, 3 % Cu 
 
2. Atomic weight 
 
High atomic weight; > 23 (Na); > 40 (note: starting with scandium atomic 
number 21); Some definitions also specifically include (e.g. common 
transition metals) or exclude (e.g., alkaline earth metals, lanthanides and 
actinides) groups of elements and also add caveats such as ‘‘can damage 
living things at low concentrations’’, ‘‘cannot be processed by living 
organisms’’, ‘‘are toxic’’ 
 
3. Atomic number  
 
High atomic number; Moderate to high (e.g: Cu, Zn, Ni, Pb); > 20 (Ca); 
Between 21 (Sc) to 92 (U) 
 
4. Chemical properties 
 
Intermetallic compound of iron and tin (FeSn2); Earth metals that react with 
fatty acids to form soaps: “Heavy metals soaps”; Any metals that react with 
dithiozone (C6H5N), e.g.,  zinc, copper; High molecular weight  
 
5. Others 
Elements commonly used in industry and generically toxic to animals and to 
aerobic and anaerobic processes (e.g.,  As, Cd, Cr, Cu, Pb, Hg, Ni, Se, Zn); 
Pb, Cd, Hg and some other elements which are relatively toxic in nature & 
refers to compounds containing these elements 
The common definition of heavy metals considers a metal to be a heavy metal
when its density is greater than 5 g cm3 (Luoma & Rainbow 2008, Walker et al.
2006). However, some metals that are not classified as heavy metals such as
aluminium (density 1.5) can contribute to extreme pollution (Walker et al. 2006).
Hence, the term heavy metal will not be used in this study but will be replaced by
a classification that takes into account the chemistry of the metals in biological
systems. This classification was proposed by Nieboer and Richardson in 1980
considering the Lewis acid properties of metal ions and differentiating them into
Class A, Class B and Borderline (Table 1.2) (Luoma & Rainbow 2008, Nieboer &
Richardson 1980, Walker et al. 2006). This classification depends on the affinity
of metal ions to bind with other elements. Class A metal ions are Lewis hard
acids, electrons acceptors of small and low polarizability (deformability of the
electron sheath or hardness) and oxygen seeking. They have a ligand affinity
order oxygen > nitrogen > sulphur. Class B metal ions are Lewis soft acids,
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electron acceptors of large size and high polarizability softness and sulphur or
nitrogen seeking. Borderline elements have intermediate properties (Luoma &
Rainbow 2008, Nieboer & Richardson 1980, Walker et al. 2006). This classification
is important regarding the exchange and transfer of ions through the membrane
and the storage in metal binding proteins.
Table 1.2. Classification scheme of Nieboer and Richardson, 1980 (modified from Nieboer &
Richardson (1980), Duffus (2002) and Hodson (2004)).
Class A elements  Borderline elements Class B elements 
 
Li+ , Na+, K+, Cs+, 
Be2+, Mg2+, Ca2+, Sr2+, 
Ba2+,   
Sc3+, Y3+, La3+, Al3+, 
Gd3+, Lu3+ 
 
 
Ti2+,  V2+, Cr 2+, Mn2+, 
Fe2+, Fe3+,  Co2+,  Ni2+,   
Cu2+,  Zn2+, Ga3+, As3+, 
Cd2+,  In3+, Sn4+, Sb3+, 
Pb2+ 
Cu+, Pd2+, Ag+ , Pt2+, 
Au+, Hg2+, Ti+, Ti3+,  
Pb4+, Bi3+ 
1.3 Sediment chemistry
1.3.1 Metals in the biota
Understanding metal concentrations, forms and dynamics in the environment is
crucial in the evaluation of metal effects on the ecosystem, risk framework and
management. Metal concentration in the water (dissolved metal) and in the sedi-
ment are two measurements used by regulatory communities to assess metal risk
to the biota. Environmental quality standards for metals in aquatic environments
have been developed in many countries and are now widely used as baselines to
assess the health of an ecosystem (Bass et al. 2008, CCME 1998, Comber et al.
2008, Dueri et al. 2008, Durou et al. 2008, Hübner et al. 2009, Simpson 2005,
Watson et al. 2013b). Focusing on sediment is of particular interest as metal con-
centrations in solid phases are higher than those found in the water column which
is why sediment is known to act as a metal sink or reservoir (Bryan & Langston
1992, Buﬄap & Allen 1995b, Davidson et al. 1994, Watson et al. 2013b). In ad-
dition, physical and chemical conditions of the water column and the sediment
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have to be taken into account as metals will continuously equilibrate between the
sediment, pore water, water column and the biota (Figure 1.2). Organic material
found in the sediment is also a source of bioavailable metal (See section 1.3.2 for
an explanation of the term bioavailability) (Luoma & Rainbow 2008).
A metal can be released in an aquatic environment in either dissolved or par-
ticulate forms where it will repartition between various ligands in solution or
particulate material (Figure 1.2). This partitioning will depend on the geochem-
istry of the water column. In the sediment, it is the reduction/oxidation state of
the sediment that influences how metal will concentrate onto particulate material
(Luoma & Rainbow 2008). In oxidised sediments or surface sediment, metal ions
will associate with particles characterised by a high surface area and high capac-
ity to exchange cations such as Fe oxides (FexOy) formed from Fe3+, Mn oxides
(MnO2) and organic materials. In anoxic environments, reduction rather than
oxidation dominates chemical reactions where sulphates (SO4 2−) are reduced to
sulphides (HS−) and metals can form insoluble sulphide precipitates or co-exist
with iron sulphide (Morse 2002). Anoxic environments are therefore a stable en-
vironment for metal concentrations as long as they remain anoxic. A zero oxygen
boundary occurs between the oxic and anoxic phase in the sediment where the
rate of incoming oxygen via diffusion equals the rate at which microbes consume
the oxygen. This boundary is known as the redox interface (Luoma & Rainbow
2008, Rhoads & Boyer 1982).
Any disturbance in the state of the sediment such as bioturbation or resuspen-
sion will cause chemical changes (Luoma & Rainbow 2008). Bioturbation activ-
ities by infaunal species such as polychaetes refers to their burrowing, feeding
and ventilation activities (Banta & Andersen 2003, Fernandes et al. 2006, Kris-
tensen & Kostka 2005, Ouellette et al. 2004). These activities affect metals in
the sediment by the mixing and irrigation of particles leading to the transport
and redistribution of metals by an increase of oxygen availability in the sediment
and therefore the stimulation of microbial degradation of organic contaminants
(Banta & Andersen 2003). Polychaete species will differently affect metal distri-
bution in the sediment depending on their biology and behaviour. For instance,
Arenicola marina, a lugworm found in marine sediments at a depth of 15-40 cm
ingesting 10-30 g of sediment per day (Banta & Andersen 2003, Kristensen 2001,
Riisgard & Banta 1998), is known to actively mix particles, play a role in pore
water exchanges and microbial activities (Rasmussen et al. 2000). In contrast,
Nereis diversicolor, a filter feeder and omnivorous polychaete found at a depth of
6
1. Introduction
5-10 cm in shallow estuaries and marine habitats (Kristensen 1984, Nielsen et al.
1995), actively metabolize organic pollutants, flushes dissolved components and
stimulates the microbial degradation in the sediment (Banta & Andersen 2003,
Kristensen 2001).
Therefore, redox reactions play a critical role in the chemistry of metals in the
sediment. In most surface waters oxygen is present to lead to oxidation reactions
(gain of oxygen). In subsurface sediment, where no oxygen can be found, pore
waters are dominated by reduction reactions (loss of oxygen) (Figure 1.2). It
should be noted that organic materials and metal binding substrates, are not
affected by redox reactions (oxidation-reduction reactions).
Anoxic subsurface  
sediments (no O2) 
Surface 
Sediments (O2) 
Burial 
Bioturbation 
Pore 
water 
Complexed  
metal 
Dissolved metal 
M = Particle, OFe, OMn, OR, 
Living 
Dissociation/ 
degradation 
Particulate metal 
Settlement 
Resuspension  
from water column 
M-OH 
M2+ 
M-Cl 
M-S 
M-CO3 M-DOM 
M2+ 
M-OH 
M-Cl 
M-S 
M-CO3 M-DOM 
M-DOM             M-CO3 
 
    M 2+ 
 
 
M-OH 
S 
Diffusion 
M=S                       E=S 
M = OFe, Mn, OR, Living  
Fe 2+ 
Water surface 
Figure 1.2. Description of the processes influencing the partitioning of metals (M) in an aquatic
environment between the water column, the surface sediment (oxic layer), the redox interface or
zero oxygen boundary and the subsurface (anoxic sediment). Particulate metal concentrations
from the sediment are dependent on the concentrations of dissolved metals from the water
column, resuspension or deposition of sediment bound metals, pore water fluxes in and out
of the sediment and bioturbation activities from aquatic organisms. DOM: dissolved organic
matter, E: equilibrium, OR: organic, S: sulphide (modified from Luoma & Rainbow (2008)).
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1.3.2 The concept of bioavailability
To assess the potential risk of metal pollution to the environment and to different
species it is important to introduce the notion of bioavailability. Bioavailability
can be defined as the fraction of total metal that is readily available for uptake
(bioaccumulation) from various sources including water, food and sediment and
can cause effects to the organism (Luoma & Rainbow 2008, Van Gestel 2008).
Bioavailability is a key indicator of pollution for decision makers when, for in-
stance, trying to regulate metal pollution. Metal bioavailability depends on many
factors such as sediment characteristics (e.g. organics and Fe oxides) to which
metals are preferentially bound, mobilisation of metals to the pore water, trans-
formation of metals (e.g. methylation), competition between sediment metals for
uptake site in organisms (e.g. Cu and Ag, Zn and Cd) and the influence of biotur-
bation, salinity, pH on these physicochemical processes (Bryan & Langston 1992,
Filgueiras et al. 2002, Van Gestel 2008).
The majority of the studies investigating the relationship between metals and envi-
ronment are based on total concentrations. However, it has been established that
total concentration of metals does not provide sufficient information on bioavail-
ability (Tack & Verloo 1995, Hübner et al. 2009, Olayinka et al. 2011). To study
the bioavailability of metals the sequential extraction method is the adjusted tool
(Hübner, 2009, Sutherland, 2010). Nowadays, this procedure is widely used as
it relies on the ability to provide detailed information of the origin, mode of oc-
currence, biological and physicochemical availability, mobilization and transport
of trace elements (Davidson et al. 1994, Amiard et al. 2007, Sutherland, 2010,
Mäkelä et al. 2011) and will be used in this project.
The method used in this study was the revised three stage extraction scheme
proposed in 1992 by the Commission of the European Communities, Commu-
nity Bureau of Reference (BCR, now superseded by the Standards, Measurement
and Testing Programme) aiming to harmonise all the different extraction schemes
(Pueyo et al. 2001). This precise procedure featured many benefits as it was de-
veloped for marine sediments, detailed the different metal fractions in sediment,
compared to a lake sediment reference material for accuracy and seeked to mini-
mize errors in the treatment of samples (Mossop and Davidson 2003; Fernández,
Jiménez et al. 2004; Sutherland 2010). In this method, samples are treated with
a series of reagents selected for their ability to react with different, major, com-
ponents of the matrix and for their potential to release associated metals.
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This procedure is based on three steps to the distribution of metals in the ex-
changeable (step 1), reducible (step 2) and oxidizable (step 3) fractions (Figure
1.3).
Table 1.3. The modified BCR three-step sequential extraction with the relationship between
metal mobility and the leachant strenght of the chemical reagents used. A fourth step can be
added for quality control, since the sum of steps 1-4 can be compared with results of a separate
aqua regia digestion. However, this fourth step was not part of the original procedure and
was not included in the procedure as it is not considered as part of the bioavailable fraction
(Filgueiras et al. 2002, Mäkelä et al. 2011, Mossop & Davidson 2003, Pueyo et al. 2001).
Steps Fraction Nominal target phases Procedure BCR 
1 Exchangeable 
Soluble species, carbonates, 
cation exchange sites 
0.11 mol L-1 acetic acid 
2 Reducible 
Iron and manganese 
oxyhydroxides 
0.5 mol L-1 
hydroxylammonium 
chloride at pH 1.5 
3 Oxidizable Organic matter and sulphides 
hydrogen peroxide 
followed by 1.0 mol L-1 
ammonium acetate at 
pH 2 
4 (optional) Residual 
Remaining, non-silicate 
bound metals 
aqua regia 
M
et
al
 m
o
b
il
it
y
  Leach
an
t stren
g
th
 
The exchangeable, water and acid soluble fraction, targets the extraction of met-
als bound to soluble species, carbonates and cation exchange sites. Water soluble
species made up of free ions and ions complexed with soluble organic matter rep-
resent the most mobile and most available metals (Filgueiras et al. 2002). This
fraction also includes weakly adsorbed metals retained on the solid surface by
weak electrostatic interaction, metals that can be released by ion-exchange pro-
cesses and metals which are associated to carbonates (Tessier et al. 1979, Filgueiras
et al. 2002). This phase represents the metals that are the most readily available
to the environment (Filgueiras et al. 2002). Metals bound to iron and manganese
oxyhydroxides are extracted in the reducible fraction. Fe and Mn oxides are ef-
ficient scavengers of metals and are usually found in large amounts in sediments
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due to their sorption/coprecipitation characteristics (Tessier et al. 1979, Filgueiras
et al. 2002). This incorporation of metals with Fe and Mn oxides can be due to
adsorption (e.g. electrostatic), ion exchange or coprecipitation (Singh et al. 1984).
Finally, metals associated to organic matter and sulphides are part of the oxidiz-
able fraction where metals can be bound to living organisms, detritus or coating on
mineral particles and easily released under oxidation conditions (Davidson et al.
2004, Filgueiras et al. 2002, Ianni et al. 2010, Mossop & Davidson 2003, Tessier
et al. 1979). The sum of the three steps is described as the bioavailable concentra-
tion (Davidson et al. 1994, Filgueiras et al. 2002, Kwon et al. 2001, Ramos et al.
1999, Zimmerman & Weindorf 2010).
1.4 Copper and zinc
1.4.1 Natural elements but pollutants
Metals are naturally present in the environment usually found in rocks (Luoma
& Rainbow 2008, Walker et al. 2006). Copper (Cu) is a natural compound found
in rocks and minerals, usually as sulfides and oxides (Eisler 1998). Nieboer and
Richardson (1980), placed copper as a Class B (Cu2+) and Borderline element
(Cu+) (Table 1.2). Zinc (Zn) is a natural element classed as Borderline (Zn2+)
(Table 1.2) that can enter aquatic systems through aerial deposition and surface
runoff (CCME 1999b).
Even though metals are naturally present in the environment, they can become
toxic when found at higher levels than the concentration metabolically available
to the species. This excess of metal is due to anthropogenic activities such as
mining and smelting (a metallurgy procedure where metals are obtained from
ore) where metals are released from the rocks in which they were contained from
previous volcanic or erosion activity (Walker et al. 2006). Other major routes of
pollutants include the (1) air by direct application of biocides or by precipitation
with rain or snow, (2) runoff of pollutants dumped on land, generally difficult to
control and estimate, (3) sewage outfalls from domestic and commercial sources,
(4) dumping at sea of raw materials, (5) use of antifouling paints on boats and
(6) shipwrecks (Luoma & Rainbow 2008, Walker et al. 2006).
Copper has been and is still extensively used in industrial activities involving
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metal extraction processes, mining and smelting (NIWQP-USA 1998). It can be
released in the environment by industrial atmospheric emissions and eﬄuents for
the production of copper, wastes and sewage sludge, or by agricultural runoff
(CCME 1999a, NIWQP-USA 1998). Copper compounds can also be found in an-
tifouling paints, biocides and fertilisers (Eisler 1998). Copper pesticides are used
to control the growth of algae, macrophytes and freshwater snails (Nalbur et al.
2012, De Oliveira-Filho et al. 2004). Like copper, zinc is also used as a biocide to
repeal the growth of algae, barnacles and other marine organisms to boat (Eisler
1998). In addition, both of these compounds, are used in agricultural fertilizers,
in veterinary and medical products, in the food industry, and as a preservative
of wood and other materials (Eisler 1998, De Oliveira-Filho et al. 2004). An-
thropogenic activities such as smelting, mine drainage, domestic and industrial
sewage, road surface runoff, corrosion of zinc alloys and erosion of agricultural
soils are all sources of zinc pollution (Eisler 1993).
Another increasing source of metal pollution in the environment is through metal
oxide nanoparticles [Me(O)NPs] such as zinc oxide nanoparticles (ZnONPs) used
in nanotechnology. Although nanoparticles (NPs) are natural substances found in
ashes or desert dusts, little is knwown on the influence of anthropogenic activities
releasing high concentrations of metal oxide nanoparticles in the ecosystem (Baker
et al. 2014). The use of NPs in nanotechnology includes a wide variety of products
where ZnONPs can be found in paints, cosmetics, sun creams, animal feeds and
fertilisers (Baker et al. 2014).
1.4.2 Essential but toxic
Copper is an essential metal for growth and development of many species and
plays a role in enzymes regulating vital biological processes (Eisler 1998, Gaetke
& Chow 2003). Copper is a constituent of many proteins and more than 20
enzymes playing a role in cellular respiration, cellular energy metabolism and
gene transcription (Greim & Snyder 2008). These enzymes include tyrosinase
(melanin production), dopamine beta-hydroxy-lase (catecholamine production),
copper-zinc superoxide dismutase (free radical detoxification), and cytochrome c
oxidase and ceruloplasmin (iron conversion) (Aaseth & Norseth 1986, Greim &
Snyder 2008). Copper is able to initiate redox reactions by the transfer of one
electron leading to the formation of oxygen radicals and oxygen stress (Gaetke
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& Chow 2003, Greim & Snyder 2008). Copper is involved in the formation of
hydroxyl radicals (HO.) from hydrogen peroxide (H2O2) in the Fenton reaction:
Cu+ + H2O2 -> .OH + HO− + Cu2+. Copper-zinc superoxide dismutase are
enzymes essential in the cellular defence against reactive oxygen species (Greim
& Snyder 2008). Therefore, the toxicity of copper can also lead to effects on
the structure and functions of proteins, membranes, DNA damage and oxidative
stress (Schwarz et al. 2013). Adverse effect of copper can also lead to a decrease
in diversity and abundance, an increase in mortality, and behavioural changes in
aquatic organisms (CCME 1999a).
Zinc, like copper, is an essential metal to many organisms but it can become
toxic at high concentrations (CCME 1999b). As a constituent of at least 150
metalloenzymes and other metabolic compounds, zinc is an essential component
in the stability of biological molecules such as DNA and the biological structures
of membranes (Eisler 1993, Walker et al. 2006). For instance, zinc is required for
catalytic enzyme activities, including carbonic anhydrase, alkaline phosphatase,
alcohol dehydrogenase, acid phosphatase, lactic dehydrogenase, carboxypeptidase,
and superoxide dismutase (Eisler 1993, Greim & Snyder 2008, Luoma & Rainbow
2008, Rainbow 2002, Walker et al. 2006). Zinc is also one of the principal compo-
nents of polychaete jaws (Bryan & Gibbs 1979, 1980). Similar to copper, adverse
effects of zinc can also be expected such as a decrease in diversity and abundance,
an increase in mortality, and behavioural changes in aquatic organisms (CCME
1999b).
A metal becomes, by definition, toxic to living organisms when it is present in
the environment at an availability above a threshold concentration defined by the
organism (Rainbow 1995, 2002). All living organisms require a certain amount of
essential metals for their metabolic functions and any additional accumulation of
these essential metals have the potential to become toxic (Rainbow 2002). It is
known that some organisms can regulate and detoxify the excess of metal accumu-
lated internally into intracellular components by binding metals to a particular
molecule of high affinity (storage or sequestration) or excreting them (Goto &
Wallace 2007, Luoma & Rainbow 2008). Detoxification processes can occur by
the use of strong metal binding to proteins such as metallothioneins (MTs) (Ami-
ard et al. 2006, Marcano et al. 1996, Mouneyrac et al. 2003, Phillips & Rainbow
1994, Poirier et al. 2006). Metals can also be stored and excreted as metalliferous
granules or metal-rich granlues (MRG) (Goto & Wallace 2007, Phillips & Rainbow
1994).
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Adverse effects can, however, occur if there is a metal-substitution resulting in
a blockage of the catalytic activity of this metalloprotein or normal metabolic
action (Luoma & Rainbow 2008, Rainbow 1997). Metal uptake can also lead to
toxic effects by binding to metal-sensitive cellular components such as organelles
(e.g. mitochondria) and high molecular weight proteins (e.g. enzymes) (Bay et al.
1990, Wallace 2003).
Therefore, metal exposure can lead to physiological and biochemical changes at
an individual level by the regulation of metal uptake and changes in storage or
excretion rates (Wang & Rainbow 2005). A selection pressure may occur when
the population is chronically exposed to metal contamination and could lead to
a selection of tolerant populations in the environment (Wang & Rainbow 2005).
For example, Mouneyrac et al. (2003) showed that N. diversicolor were tolerant
to metal exposure in the field by combining high copper accumulation rate with
high copper detoxification processes.
1.4.3 Interactions
Copper can interact with essential elements such as iron, zinc, manganese, nickel,
and selenium and also with non-essential elements including silver, cadmium,
mercury, and lead where their interaction can either be beneficial or harmful
(Eisler 1998). The interaction of metals could lead to a different pattern in terms
of accumulation, metabolism, and toxicity compared to the study of a single metal
(Luoma & Rainbow 2008). Therefore, the study of the metals in combination is
essential to understand their toxicity.
Copper and zinc can have an additive or synergistic interaction in aquatic organ-
isms (NIWQP-USA 1998). Mixtures of copper and zinc are generally thought to
be more-than-additive in toxicity to a wide range of aquatic organisms where the
toxicity of the mixture can greatly exceed the summation of the chemicals toxic-
ities (Eisler 1993, Fernandez & Jones 1990, Hodson & Shear. 1979, Walker et al.
2006). Copper and zinc were positively correlated in two species of fish from the
Mediterranean Sea (Romeo et al. 1994). However, Marcano et al. (1996) found
that a mixture of copper and zinc resulted in lower tissue levels in comparison
with those found in each individual metal analysis. Interestingly, this contradic-
tion has also been shown between cadmium and zinc and is not uncommon for
metals (Goto & Wallace 2007). Few studies exist on the nature of the interaction
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between copper and zinc and confidently this study will contribute to fill the gap
regarding this matter. This is particularly important as in the natural environ-
ment, organisms are not exposed to a single chemical but to a mixture of various
pollutants. Investigating their interaction and their implication in bioaccumula-
tion and toxicity is therefore essential.
1.5 Metal uptake
1.5.1 Uptake through the cell membrane
External Internal 
Carrier protein M2+ M2+ 
Co-transport M2+ 
Ion channel 
M2+ 
M2+ 
Diffusion 
Endocystosis M 
amino  
acid 
amino  
acid 
M 
MX0 (e.g. AgCl0) 
 (e.g.  Fe(OH)3) 
Figure 1.3. Different possible metal uptake routes through the cell membrane. For hydrophilic
metal species, this interaction with the cell surface can be represented in terms of the formation
of M-X-cell surface complexes where X-cell is a cellular ligand present at the cell surface. MR:
organometallic (modified from Langston & Bebianno (1998) and Luoma & Rainbow (2008)).
The uptake of metals by any aquatic organism involves the transfer of metals to
the circulatory system across the epithelial barrier of gills, digestive systems or
integument (Deb & Fukushima 1999). The first step for metal accumulation by
marine invertebrates is the uptake of metal through epithelial membrane from
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a solution (e.g. water column) (Rainbow 1997). Cell membranes are negatively
charged bilayers of lipids traversed by proteins (Langston & Bebianno 1998, Lu-
oma & Rainbow 2008). There are different routes of metal entry across the cell
membrane, including hydrophobic, hydrophilic and endocytotic routes (Figure
1.3) (Langston & Bebianno 1998, Luoma & Rainbow 2008). The cell membrane is
a hydrophobic barrier separating the intracellular (cytosol) and the extracellular
fluids. Hydrophobic components such as O2 diffuse freely though the membrane
(Rainbow 1997). A charged metal ion can cross through the membrane by this
route if it forms complexes such as MCl+ in the aqueous environment or by in-
corporating into lipophilic molecules (Langston & Bebianno 1998). Hydrophilic
routes or channel penetration is the route where Class B and Borderline metal
ions can bind to ligands such as proteins and enter the cytosol (Langston & Be-
bianno 1998, Rainbow 1997). The strong binding capacity of copper and zinc
with intracellular ligands can lead to high concentrations of metals in the cell
(Rainbow 1997). Specifically ion channels exist to transport calcium, potassium
and sodium (Langston & Bebianno 1998). Finally, metal elements or elements
that can precipitate in insoluble salts can directly enter the cell through the en-
docytotic route thanks to vesicles (Langston & Bebianno 1998). There are two
other ways in which metals can be transported in and out of the membrane. The
lipid bilayer, embedded with proteins, can allow metal ions to bind to proteins
or be co-transported by amino acids into the cell (Luoma & Rainbow 2008). The
high affinity of metals to sulphur and nitrogen explains the possibility of metals
transported by amino acids as sulphur is found in cystein and nitrogen in the
amino acid histidine (Luoma & Rainbow 2008). The two major routes of metal
uptake into the cells are considered to be the channels and the protein carriers
with no energy cost as it is facilitated by passive diffusion (using a carrier) and
maintained by the rapid binding of the metals in the cytosol (Luoma & Rainbow
2008).
1.5.2 Dietary uptake
The uptake of metals by aquatic invertebrates will occur through any permeable
body surfaces and especially through the gut (Eisler 1998, Rainbow et al. 2004,
Rainbow 2007). In recent years, the diet has been considered to be an important
route of metal accumulation for aquatic invertebrates where the transport through
the endoderm of the gut is considered a major uptake route (Eisler 1998, Rainbow
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et al. 2004, Rainbow 2007, Wang 2002). The uptake from food will depend on the
quantity of food ingested, the metal concentration within the food and the part
of the metal that is extracted and assimilated from the food into the tissues (Lu-
oma & Rainbow 2008). The idea of metal uptake through the diet is not recent
and was first explained in decapod crustaceans by Fincham & Rainbow (1988)
and further modified by Rainbow (2007) (Figure 1.4). In this representation, a
metal is assimilated across the endoderm of the gut where it is first metaboli-
cally available to bind to molecules and transported via internal body fluids such
as haemolymph. Essential metals can bind to specific sites playing a metabolic
role such as zinc in the enzyme carbonic anhydrase or copper in haemocyanin in
crustaceans (Luoma & Rainbow 2008, Rainbow 2007). When present in excess,
essential and non-essential metals can become toxic and must be detoxified. For a
metal to be detoxified it has to be tightly bound to a "sacrificial" site, potentially
in a storage organ and far from the uptake site. This second compartment is called
the detoxified store where metal bound to a "sacrificial" site will remain perma-
nently or temporarily (Luoma & Rainbow 2008, Rainbow 2007). It is thought that
any metal has the potential to be excreted either from the metabolically or the
detoxified compartment depending on the metal and the accumulation capacities
of the species (Luoma & Rainbow 2008, Rainbow 2002, 2007).
1.5.3 Accumulation, detoxification and excretion
When a metal is incorporated into an organism it is available to bind to any
nearby ligand for which it has an affinity, often sulphur or nitrogen for Class B and
Borderline metal ions (Luoma & Rainbow 2008, Rainbow 1997). Class B metal
ions such as Cu+ will bind readily to sulphydryl (-SH), disulphide (-S-S), thioether
(-SR) and amino (-NH2) groups whereas Borderline metal ions (e.g. Cu2+ and
Zn2+) have a greater affinity for metal-binding donor atoms and ligands (Rainbow
1997). Thus, zinc ions have the capacity to bind with sulphur in metallothioneins
(MTs) (detoxification proteins) and can be incorporated into phosphatic granular
deposits (Rainbow 1997). Class B ions (e.g. copper) are therefore classified as
more toxic than borderline ions (e.g. zinc), which are more toxic than Class A
ions (Nieboer & Richardson 1980). In addition, copper have the capacity to bind
strongly to ligands replacing zinc. By binding strongly to proteins, both ions can
be retained longer and exchanged more slowly (Rainbow 1997).
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Gut contents 
e.g. haemolymph 
Uptake Excretion 
Ingestion  
(food or sediment) 
Egestion 
M metabolically 
available 
M stored in 
detoxified form 
e.g. proteins, 
granules  
M Permeable surface 
e.g. cuticle 
 
Zn uptake via Ca 
channel? 
Cu uptake via Na 
channel? 
E ? 
 e.g. granules 
E ? 
Figure 1.4. A schematic representation of the dietary metal uptake routes modified for poly-
chaetes where metal taken up in the body may or may not be excreted from the metabolic or
detoxified component. E: excretion, M: metal (modified from Luoma & Rainbow (2008) and
Rainbow (2007)).
Four different metal accumulation patterns or scenarios have been described in
barnacles by Rainbow (2002) and can be extrapolated to aquatic invertebrates
(Figure 1.5). The first scenario describes the uptake of essential metals where the
body metal concentration will be regulated by balancing the uptake [U] with excre-
tion [E]. Metal accumulated in the metabolically available component [A] will be
divided into two components where an essential metal will be stored for metabolic
purposes [AR] and where excess metal [AE] above the metabolic requirement of
the organism will be excreted. The distribution of the metal is based on a thresh-
old concentration [AT ] above which the accumulated metal becomes toxic for the
organism. This first pattern has been found in the decapod crustacean Palaemon
elegans for zinc regulation (Luoma & Rainbow 2008, Rainbow 2002). In the second
scenario, no excretion process occurs. Essential metals will be accumulated and if
in excess (above the threshold concentration [AT ]) will be stored [S] and detoxified
[D] in a detoxified form called "granules". This accumulation pattern was found
in barnacles for zinc (Rainbow 2002). If the rate of metal uptake exceeds the rate
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Figure 1.5. Different patterns of metal accumulation in aquatic invertebrates for the regulation
of body metal concentrations represented by the uptake [U] and excretion [E] of a metal where
it can be stored [S] and detoxified [D] (from Luoma and Rainbow 2008, Rainbow 2002).
of detoxification and as no excretion process occur, the excess of metal will cause
toxic effects to barnacles (Rainbow 2002). A similar pattern was found for copper
in P. elegans but where an excretion process could occur from the metabolically
available pool leading to a regulation breakdown where a further uptake of copper
in the body and an excess of detoxified copper or copper-rich granules in cells can
occur. An increase in the rate of copper uptake can exceed the combined rate
of excretion and detoxification of copper and lead to the death of the organism
(Langston & Bebianno 1998). The third scenario details a net accumulation of es-
sential metals and the excretion of accumulated metals from the detoxified store.
This scenario was shown for copper and zinc uptake from solution and food for
a crustacean Orchestia gammarellus (Weeks & Rainbow 1991, Weeks 1993). In
this amphipod, copper accumulated from the diet can be detoxified and stored in
copper-rich granules in the ventral caecal cells before being released into the gut
lumen or alimentary tract where they will be excreted (Nassiri et al. 2000, Weeks
1993). If the amphipod is continuously exposed to a metal rich diet, the metal
content of the ventral caecal and, therefore, the total metal body concentration
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will reach an equilibrium as long as [U] = [E] (Rainbow 2002). The last scenario,
similar to the second scenario, details the uptake of non-essential metals such as
cadmium with no excretion process. Metal will be accumulated in detoxified form
if present in excess and toxic effects are expected if [U] exceeds [D] (Rainbow
2002). Therefore, it is clear that accumulation patterns differ from one species to
another where body metal concentrations can vary considerably. However, most
aquatic invertebrates seems to show a similar accumulation pattern where most
metals are accumulated and used for essential purposes and if present in excess
stored in detoxified forms with the possibility to be excreted. The exact location
of these storage compartments are however still unclear. To monitor metal toxic-
ity, the biomonitor or species selected to monitor toxic effects, should be capable
of accumulating and regulating metal concentrations from highly polluted sites
such as Nereis spp. (Mouneyrac et al. 2003, Rainbow et al. 2006).
1.6 The use of biomarkers in Ecotoxicology
In the context where marine environments are continuously exposed to a wide
range of pollutants, it is becoming increasingly important to monitor and assess
the effects of pollutants to marine organisms. In addition, focusing on one single
chemical is insufficient to assess the real potential risk of a complex mixture of
contaminants present in the environment. Quality assessment of marine waters
has become increasingly important over the years where environmental and gov-
ernmental agencies aim to protect and improve the chemical and ecological status
of marine environment (Schettino et al. 2012). To monitor marine chemical pol-
lution, biomarkers are increasingly used (Davies & Vethaak 2012). Biomarkers
are the adequate tools to detect the biological effects of contaminants, that are
environmentally present in the ecosystem at variable concentrations and present
as a mixture, and the interaction between metal exposure and behavioural, cellu-
lar and molecular alterations (Davies & Vethaak 2012, Luoma & Rainbow 2008,
Schettino et al. 2012, Walker et al. 2006). The use of a multi-biomarker approach
provides not only a comprehensive list of effects but can also show early warning of
toxic effects on tissues and organisms to more permanent damages (Brenner et al.
2014, Schettino et al. 2012). This battery of biomarkers can be used to reveal
the potential stress of different classes of contaminants such as metals, pesticides,
polycyclic aromatic hydrocarbons (PAHs) and polychlorinated biphenyl (PCBs)
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impacting multiple or specific species in designated regions (Brenner et al. 2014,
Durou et al. 2007, Galloway et al. 2004). Any biomarker approach study should
therefore use a suite of biomarkers with different degree of specificity based on
the aims of the study. For a biomarker to be useful and relevant its selection
should be made based on three criteria: 1. sensitivity, 2. capacity to respond in a
dose or time dependant manner to the pollutants, including the time the response
last after exposure and 3. knowing their response to natural variability such as
temperature, pH and season (Schettino et al. 2012).
This study focused on six biomarkers: feeding behaviour, energy responses, met-
allothioneins induction, acetylcholinesterase inhibition, lysosomal membrane sta-
bility and DNA damage. Metal pollution can cause behavioural changes such
as avoidance and hypoactivity and modify the energy allocation in many species
(Bonnard et al. 2009, Burlinson & Lawrence 2007, Deschenes et al. 2005, Durou
et al. 2007, Luoma & Rainbow 2008). Another biomarker used in ecotoxicology
is the evaluation of metallothioneins (MTs). MTs or metallothionein like-proteins
(MTLPs) induction are indicators of exposure to metals such as copper and zinc
(Langston et al. 2007). MTs are defined as low molecular weight cytosolic proteins
with high cystein contents capable of binding and detoxifying metals (Luoma &
Rainbow 2008). Metal exposure in the field or in the laboratory has been shown
to induce MTs in different species (Amiard et al., 2006). MT is a sensitive and
well documented indicator of stress in an organism (Luoma & Rainbow 2008).
The acetylcholinesterase activity (AChE) is a common biomarker of neurotoxic-
ity used primary for toxicity tests using pesticides (Durou et al. 2007) but also
metals (Amiard et al. 1998, Bonnard et al. 2009, Davies & Vethaak 2012). An-
other indicator of stress are the lysosomes, where an exposure to metals can
cause a destabilisation of the lysosomal membrane (Dailianis et al. 2003, Luoma
& Rainbow 2008). To assess genotoxic risk caused by metals, the comet assay
is a common technique used in the field of ecotoxicology (Collins 2004, Davies &
Vethaak 2012, Lewis & Galloway 2008). This method reveals DNA damage by
detecting single and double strand breaks in the DNA (Langston et al. 2007, Jha
2008, Singh et al. 1988) and has been applied successfully to polychaetes N. virens
(Lewis & Galloway 2008).
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1.7 The use of polychaete species in ecotoxico-
logical studies
In ecotoxicology, test species or "bioindicators" are species used to describe be-
havioural, physiological and biochemical changes in respond to the bioaccumu-
lation of a pollutant in the organism and the availability of this pollutant in
the environment (Luoma & Rainbow 2008, Rainbow 1995). A good bioindica-
tor should have the following characteristics: (1) sedentary, (2) easy to identify,
(3) abundant, (4) able to accumulate the metals of interest from the ambient
environment, (5) tolerant to environmental variations such as pH, salinity, (5)
providing sufficient tissue or other samples needed and (6) easy to handle and
process (Rainbow 1995). Polychaetes are dominant benthic invertebrates in the
marine environment and by fulfilling these above criteria are ideal candidates to
biomonitor the health of the environment and study metal bioaccumulation con-
sequences on their biology (Bat 2005, Dean 2008, Goerke 1979, Lewis & Watson
2012, Reish & Gerlinger 1997). The first polychaetes used as test species in toxi-
cological studies was recorded in 1960 by Reish and Barnard (Reish & Gerlinger
1997, Dean 2008). Reish & Gerlinger (1997) reviewed up to 48 polychaete species
used in the evaluation of pollutants and their effects on marine organisms. Poly-
chaetes, by their bioturbation activities, are ensured to be continuously exposed
to pollutants from the sediment and the pore water (Dean 2008). In this study,
Nereis virens also recorded as Alitta virens (M. Sars, 1835) was chosen as test
species. N. virens is one of the least studied species in ecotoxicology in opposition
to the closely related polychaete species N. diversicolor but equally ecologically
important (Lewis & Watson 2012). N. virens inhabits muddy sand of the littoral
and sublittoral zones of marine and estuarine habitats in boreal temperate regions
throughout Europe and the northern hemisphere and is one of the dominant poly-
chaete species by biomass in fully saline areas, replacing N. diversicolor (Bass &
Brafield 1972, Kristensen 1984). N. virens, unlike N. diversicolor, does not swap
between feeding modes; it is omnivorous, so the routes of uptake are more certain
(Nielsen et al. 1995). It also has important irrigation rates which may increase
the role of pollutants within the sediment, the pore water and the overlying wa-
ter (Kristensen & Kostka 2005). Although it can reach up to 900 mm in length
(Wilson et al. 1988), 300 mm is a more usual size which makes it an important
predator and prey item for many species (McIntosh 1908-1910). Based on the
ecology and biology of N. virens it is an ideal candidate to assess the toxicity of
21
1. Introduction
copper and zinc from the environment.
1.8 The CHRONEXPO project
The Chronexpo project is part of the INTERREG IVA European Union pro-
grams. Its specific aim is to evaluate the effects of chronic exposure of different
marine species to human-generated contaminants by bringing together a team
of five institutions from France and the UK. Therefore, The Chronexpo project
combines studies on the toxicity of metals to worms, presented here, to cuttlefish
(Sepia officinalis, Université de Caen Basse Normandie) and to marine mussels
(Mytilus edulis, University of Plymouth) and of pesticides or radionuclides to mol-
lusc species (Université de Caen Basse Normandie and Institut de radioprotection
et de sûreté nucléaire [IRSN]). It is expected that this combined work will bring
additional and valuable data to the limited information available on chronic ex-
posure to these species and pollutants.
1.9 Aims and objectives
The focus of this PhD is to study the chronic effects of two metals, copper and
zinc, on one specific polychaete species, N. virens, using a suite of physiological,
behavioural, cellular and molecular endpoints or biomarkers. Overall, this project
aims to provide a ’diagnosis of metal stress’ of the polychaete N. virens along its
life cycle and reveal the potential adaptation/regulation of this species to metal
pollution by the induction of defence mechanisms.
The objectives are:
Chapter 2. Identify and quantify the bioavailable concentrations of the metals,
copper and zinc in the natural habitat of the polychaete N. virens through (1)
sequential extraction of sediments, sampling of associated worms and pore (inter-
stitial) water from various sites in the UK, (2) the characterization of study sites
(sediment organic content and particle size determination) and (3) the determi-
nation of copper and zinc bioaccumulation in N. virens.
Chapter 3. Reveal (1) the behaviour of copper and zinc in the sediment and in the
pore water over time and (2) the bioaccumulation, interaction and regulation of
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copper and zinc in N. virens over time based on a chronic exposure of nine months
using environmentally relevant metal (copper and zinc) concentrations.
Chapter 4. Identify the changes in the feeding behaviour of N. virens in a copper
- zinc alone, and combined sediment spiked environment for nine months.
Chapter 5. Establish (1) the variation of energy reserves (proteins, lipids and
carbohydrates) and (2) the induction of metal detoxification (MTs) in the worms
N. virens over a long-term metal stress condition using an integrated based multi-
biomarker approach.
Chapter 6. Determine (1) the biochemical, cytological and genotoxic responses,
(2) the resistance capacities and (3) the time needed for the population of N.
virens to recover after an exposure to metal contamination, based on an integrated
multi-biomarker approach.
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Chapter 2
Bioavailability and
bioaccumulation of copper and
zinc in the polychaete N. virens
from various sites in the UK
Data for sediment bioavailable concentrations, organic content and particle size
at the sites: The Conservancy, Dell Quay, Holes Bay, Saltash and Mylor were
published as an additional background information in:
Watson et al. (2013). Long-term incubation of adult Nereis virens (Annelida:
Polychaeta) in copper-spiked sediment: the effects on adult mortality, gametogen-
esis, spawning and embryo development Aquatic Toxicology 128-9: 1-12.
This chapter was recently accepted for publication in Marine Pollution Bulletin
as part of the 3C Special Issue:
Pini et al. (2014). Metal bioavailability and bioaccumulation in the polychaete
Nereis virens (Sars): the effects of site-specific sediment characteristics. Marine
Pollution Bulletin.
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2.1 Introduction
Copper and zinc are naturally present in the marine environment, but are also
legacies of past contamination due to their persistence and lack of biodegradability
(Walker et al. 2006). Although often considered as ‘old pollutants’ their industrial
use is still significant with new applications such as nanotechnology ensuring that
significant amounts will continue to enter in the natural environment (Heggelund
et al. 2014, Luoma & Rainbow 2008, Tourinho et al. 2012). They are, therefore,
still a great concern in terms of water quality, risk management and ecotoxico-
logical risk to marine life (Campbell et al. 2006, Fairbrother et al. 2007, Luoma
& Rainbow 2008, Walker et al. 2006). Copper is known to be one of the most
common metals present in coastal marine sediments (Bryan & Langston 1992). It
is an essential element of various proteins including enzymes with important func-
tions in cellular respiration and energy metabolism (Greim & Snyder 2008), but
is also one of the most toxic metals to benthic organisms including polychaetes,
especially at early life stages (Reish & Gerlinger 1997, Watson et al. 2013b). In
addition to copper, high concentrations of zinc have been recorded in many coastal
sediments (Bryan & Langston 1992). Zinc is an essential metal for aquatic organ-
isms (Walker et al. 2006) and plays an important role in the functions of over 150
enzymes (Walker et al. 2006). But zinc is also toxic at elevated concentrations
to polychaetes (Casado-Martinez et al. 2013, King et al. 2004, Wang & Rainbow
2005), and can consequently be regulated to avoid toxic effects to the organisms
(Rainbow & Smith 2013).
Sediments in coastal areas are commonly considered as sinks for metal pollution
with concentrations exceeding three to five times the concentrations found in the
overlying water (Bryan & Langston 1992, Buﬄap & Allen 1995b, Davidson et al.
1994, Watson et al. 2013b). However, sediments can also be considered as a source
of various contaminants (Chon et al. 2012, Ianni et al. 2010, Watson et al. 2013b).
The resuspension of the sediment by natural or anthropogenic activities can lead
to the release of entrapped soluble metals back into the water column and the
pore water (Chon et al. 2012).
The ecological risk posed by metal-contaminated sediments depends strongly on
the sediment characteristics, specific chemical forms of the metals influencing their
availability to aquatic organisms (bioavailability) and the ability of these organ-
isms to accumulate (bioaccumulation) or remove metals (Amiard et al. 2007,
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Casado-Martinez et al. 2010, Pueyo et al. 2001, Van Gestel 2008). Bryan &
Langston (1992) provided the only comprehensive and available list of metal con-
centrations in sediments, reviewing nineteen estuaries in the UK. Copper concen-
trations reported by these authors ranged from 7 mg kg−1 to 648 mg kg−1 dry
weight of sediment and zinc concentrations from 46 mg kg−1 to 940 mg kg−1 in
industrial areas. Extreme values were obtained in Restronguet Creek (Cornwall)
with 2 398 mg kg−1 for copper and 2 821 mg kg−1 for zinc. These authors also
reported the importance of the interaction and competition for uptake between
metals. For instance, they outlined that low accumulations of silver in the bivalve
Scrobicularia plana were correlated to high concentrations of copper found in the
sediment suggesting the competition between copper and silver for uptake sites.
Zinc and cadmium are also known to share common uptake routes in marine in-
vertebrates where their interaction depends on the species studied and exposure
concentration (Bryan & Langston 1992, Rainbow et al. 2000). Few studies have
investigated the interaction or the effects of copper and zinc mixture. Shuhaimi-
Othman & Pascoe (2007) described that the presence of one metal can influence
the concentration of the other since higher levels of copper were found in the
presence of zinc.
However, concentrations used in many studies such as in Bryan & Langston (1992)
are expressed as total concentrations, obtained by nitric acid digestion or hy-
drochloric acid. Methods for total metal concentrations evaluate the overall degree
of contamination in an environment and differ from sequential extraction meth-
ods where the different fractions of metal partitioning are detailed. Therefore, the
total fraction does not reflect the bioavailable fraction (Hseu et al. 2002, Tessier
et al. 1979). The utility of sequential extraction methods is still the subject of
some debate in the field of geochemistry, but their importance in the fields of
environmental chemistry and pollution is recognised (Fernandes 1997).
Evaluating the bioaccumulation of metals in an ecosystem requires not only the
chemical analysis of the metals in the sediment, but also the sediment characteris-
tics (organic content and particle size distribution) and the pore water concentra-
tions in contact with benthic species (Alvarez et al. 2010, King et al. 2004, Ruus
et al. 2005). Indeed, pore water is a key exposure route for organisms living within
the sediments (Chapman et al. 2002). Studies on pore water concentrations are
needed when evaluating the contribution of pollutants trapped within the sed-
iment to the pollution of the overlying water column, the sediment and metal
availability to infauna (Buﬄap & Allen 1995a,b, Nayar et al. 2006). Pore water
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chemistry has been recently included in the framework for metals risk assessment
and helps to assess sediment quality and aquatic ecosystem health (Fairbrother
et al. 2007).
Polychaetes are the most abundant taxon in benthic communities and, therefore,
have been frequently used as representative groups to analyse the health of the
benthic ecosystem and measure the effects of various pollutants in the water col-
umn and in the sediment. They are especially important as their bioturbation
activity in the sediment ensures that they are persistently exposed to pollutants
(Dean 2008, Durou et al. 2008, Lewis & Watson 2012, Nielsen et al. 1995, Poirier
et al. 2006, Rainbow et al. 2009, Reish & Gerlinger 1997, Watson et al. 2007).
Nereis virens was selected as the test species in this study for its ecological rel-
evance for marine systems in opposition to the common use of N. diversicolor
(Lewis and Watson, 2012).
The ecological risk and the environmental impact of copper and zinc is far from
being fully evaluated, especially in the context of N. virens and sediment quality
guidelines (Crane 2003, Hübner et al. 2009, Luoma & Rainbow 2008). In addition,
the relationship between the ability of N. virens to bioaccumulate these metals and
their sediment/pore water environmental bioavailability is essential to understand
copper and zinc toxicity in the sediment and the greater impact on ecological
function for this species, e.g. trophic transfer (Amiard et al. 2007, King et al. 2004,
Rainbow et al. 2006, Wang & Rainbow 2005). Bryan & Langston (1992) reported
a list of significant relationships between metal concentrations in deposit-feeding
organisms, including polychaetes, and metal concentrations in the sediment.
This study aims to examine for the first time the relationship between metal
concentrations in the sediment, pore water and N. virens and the impact of site-
specific sediment characteristics. Seven sites with different pollution histories have
been selected along the English Channel coast to: (1) fully assess the copper and
zinc bioavailable concentrations in the sediment and the pore water; (2) under-
stand how sediment characteristics (particle size and organic content) play a role
in determining these concentrations; (3) understand the relationship between cop-
per and zinc concentrations in sediments and pore water and tissue concentrations
in N. virens. Finally, (4) the relationships between N. virens size and their tissue
concentrations for both metals have also been examined.
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2.2 Materials and methods
2.2.1 Collection of samples
2.2.1.1 Collection of sediment
Seven sites along the English coast (section 2.2.4) were sampled through summer
2011 to winter 2012 to determine metal concentrations in the sediment. At low
tide three cores (20 cm deep, 10 cm diameter) of sediment, each placed at random
a few meters apart, were collected using polyvinyl chloride (PVC) pipes from
the mid-shore area and were immediately placed in polyethylene Minigrip plastic
re-sealable bags. Sediments were transported from the field to the laboratory in
isothermal containers, within one up to 6 hours, before being refrigerated at 4 ◦C
until further analysis.
2.2.1.2 Collection of pore water
Next to each sediment core, pore water samples from a depth of approximatively
15 cm were collected using a porextractor device developped by Nayar et al. (2006)
(Figure 2.1). The porextractor is the appropriate device for field extraction of pore
water from muddy substrate (Nayar et al. 2006). This device was made of mainly
PVC materials and 60 micron nylon mesh for the filtration. The collection of
pore water was based on a vacuum system where a 60 mL plastic syringe (Fisher
Scientific Inc.) was used to draw the air out from the sampler. The pore water
samples were directly transferred in 15 mL centrifuge tubes avoiding any air trap
and kept frozen at - 20 ◦C until further analysis.
2.2.1.3 Collection of worms
For each site, except Mylor, thirteen to sixteen worms were collected by turning
over the sediment using a fork to a depth of about 20 cm and removed by hand.
Worms for chemical analysis were transported to the laboratory in isothermal
containers and kept in tanks (60 cm long x 60 cm wide x 30 cm deep) with
sediments from the corresponding site and in a flow through system (average flow
rate of 114 L per hour) for 24 hours to allow them to depurate their gut contents.
Worms were frozen at – 20 ◦C until analysis.
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Figure 2.1. A schematic explanation of the different components (a) of the pore water extraction
device and one of the devices constructed with the dimensions (b) (Schematic diagram from
Nayar et al. (2006)).
2.2.2 Sample processing
2.2.2.1 Sediment processing
Samples were analysed using the BCR three-steps sequential extraction proce-
dure developed by Standards, Measurements and Testing Programme (formerly
BCR) of the European Commission (Mäkelä et al. 2011, Pueyo et al. 2001). This
procedure is based on three steps and assesses the distribution of metals in the
following fractions: (a) exchangeable; (b) reducible and (c) oxidizable. The sum
of the three steps is described as the bioavailable concentration (Davidson et al.
1994, Filgueiras et al. 2002, Kwon et al. 2001, Ramos et al. 1999, Zimmerman &
Weindorf 2010). In the laboratory, sediment samples were washed onto a 63 µm
sieve and dried in an oven at 105 ± 2◦C until constant weight. A mass of 0.5 g of
the dried and homogenised sediment was used for the sequential extraction. For
the first step of the procedure 20 mL of solution A (acetic acid, 0.11 mol L−1)
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was added to the dried sediment in a 50 mL centrifuge tube, tightly closed and
extracted by shaking for 16 h at 22 ± 5 ◦C in a test tube rotator. The extract
was separated from the solid residue by centrifugation at 3,000 g for 20 min and
the supernatant liquid was poured into a centrifuge tube and stored at 4 ◦C until
analysis. The residue was then washed by adding 20 mL of distilled water, placed
in the test tube rotator for 15 min on an end-over-end shaker and centrifuged
for 20 min at 3,000 g. In the second step, 20 mL of a freshly prepared solution
B (hydroxylammonium chloride (or hydroxylamine hydrochloride), 0.5 mol L−1)
was added to the residue from step 1 in a 50 mL centrifuge tube, tightly closed
and extracted by shaking for 16 h at 22 ± 5 ◦C in a test tube rotator. The extract
and the residue were processed following the same method as in step one. In step
three, 5 mL of solution C (hydrogen peroxide, 300 mg g−1, i.e., 8.8 mol L−1) was
added in small aliquots to avoid losses due to a possible violent reaction to the
residue from step two in a 50 mL centrifuge tube covered loosely and left to digest
at room temperature for 1 h with occasional manual shaking. The digestion was
continued for 1 h at 85 ± 2 ◦C, with occasional manual shaking for the first half
an hour, in a water bath, and then the volume was reduced to less than 1.5 mL
by further heating of the uncovered tube. Another 5 mL of solution C was added
to the tube covered loosely with the test tube cap and left to digest for 1 h at
85 ± 2 ◦C with occasional manual shaking for the first half an hour. The cover
was then removed and the volume reduced to about 0.5 mL before adding the
solution D (ammonium acetate, 1.0 mol L−1) to a cool moist residue and placed
in a test tube rotator for 16 h at 22 ± 5 ◦C. The final extract and the residue were
processed following the same method as in step one. All sediment concentrations
are expressed in mg of copper or zinc per kg dry weight of sediment. BCR-701
reference sediment was used to monitor recovery and efficiency levels (Pueyo et al.
2001, Sutherland 2010). Percentage recoveries (mean ± SD) for copper for steps
1, 2 and 3 were 110.64 ± 2.14, 97.58 ± 1.66 and 102.20 ± 0.80, respectively. Per-
centage recoveries for zinc for steps 1, 2 and 3 were 99.02 ± 0.86, 92.5 ± 4.51 and
103.10 ± 0.21, respectively.
In addition, sediment samples were dried at 105 ◦C until constant weight, before
being ground using a pestle and mortar and placed in a muﬄe furnace at 475 ◦C
for 4.5 hours and then reweighed to give the mean percentage of organic content
(Greiser & Faubel 1988). For the particle size analysis, a wet sieving method
was performed using a 63 µm mesh and a range of standard mesh sizes. For the
particles less than 63 µm, 20 mL of a solution containing 33 g of sodium hexam-
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etaphosphate with 7 g of sodium carbonate dissolved into a beaker with 1 l (10−3
m3) distilled water was added to each sample and left overnight to settle (British-
Standards-Institution 2009). The samples were then transferred into a sonicator
bath for 2 h before being assessed by laser diffraction (Malvern Mastersizer 2000).
The grain size distribution was described geometrically using the Folk and Ward
(1957) method, giving four descriptors: the average size, the spread of the sizes
around the average (sorting), the symmetry or preferential spread to one side of
the average (skewness), and the degree of concentration of the grains relative to
the average (kurtosis) (Blott & Pye 2001). These parameters were preferred to be
calculated geometrically (in metric units) rather than using logarithmic statistics
(in phi units) since metric units are commonly used in biology and allows a bet-
ter understanding of the results. In addition, according to Blott & Pye (2001),
the Folk and Ward methods was proved to provide the most robust basis when
comparing different composition of sediment.
2.2.2.2 Pore water processing
Ten millilitres of pore water samples (n = 3 per site) were acidified by adding 25
µL of concentrated nitric acid (HNO3 69-71%) to the samples and left to digest
for 30 minutes. To obtain a final digestion solution of 0.14 mmol L−1 HNO3 (pH
< 2), 2.5 mL of distilled water was finally added to the samples (Rausch et al.
2005).
2.2.2.3 Tissue processing
Sampled N. virens (n = 13-16 per site) were defrosted and the heads removed due
to the major role of zinc in hardening of nereid jaws (Broomell et al. 2006, Bryan
& Gibbs 1979). They were then dried individually at 60 ◦C for 24 hours in a
crystallizing dish before digesting according to Berthet et al. (2003) and Rainbow
et al. (2006). Approximately 0.3 g of each dried worm were individually placed
in an eppendorf tubes and positioned in an ultrasonic bath for 1 h before slowly
adding 0.5 mL of nitric acid (HNO3 69-71%). All tubes were then heated in a
water bath at 75 ◦C for 5 to 6 hours, but checked every hour and more acid
was added to prevent them from drying out. Distilled water (20 mL) was added
to each tube and the final volumes were recorded before being refrigerated at
4 ◦C until the samples were analysed. The analysis was verified by the use of
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the reference material TORT-2 from National Research Council Canada giving a
recovery percentage (mean ± SD) of 91.63 ± 1.93 for copper and 99.52 ± 2.84
for zinc. Sediment, pore water and the animal samples were all analysed using
a Varian Spectra AA 220FS Flame Atomic Absorption Spectrophotometer FAAS
(Varian Medical Systems, Inc.) at the University of Portsmouth. For the FAAS,
standard solutions of copper and zinc (5 mg L−1) were used to calibrate the
spectrophotometer.
For each of the assays, all glassware was rinsed in 10 % analytical grade HCL and
then three times in distilled water before left to dry. All chemicals used during the
sampling processing were purchased from Sigma-Aldrich Co. and the materials
such as centrifuge tubes were obtained from Fisher Scientific Inc.
2.2.3 Statistical analysis
All data were analysed using Minitab (version 15) and were tested to meet the
assumptions for parametric tests. When the data did not meet these assumptions
they were transformed using either arcsine transformation, square root transfor-
mation or Johnson transformation. To assess which of the square root or the
Johnson transformation provided the best normality, the Individual Distribution
Identification function from Minitab was used. Differences between mean trans-
formed data for percentage organic content and particle size were analysed using a
one-way ANOVA followed by a Tukey HSD pairwise comparison test of means with
equal number of samples (n’s). Differences between mean transformed metal con-
centrations in sediment, pore water, or N. virens and differences between mean
transformed worm weights were analysed using one-way ANOVAs followed by
Tukey HSD pairwise comparison test of means with equal (sediment and pore wa-
ter metal concentrations) or unequal (N. virens metal concentrations and weights)
n’s. Particle size distribution descriptors were produced using Gradistat (version
8.0) (Blott and Pye, 2001) and then analysed as above. Pearson’s correlation co-
efficient was applied on raw or transformed data to identify correlations between
sediments characteristics (organic content and particle size) and metal concentra-
tions in sediments and pore water. Relationships between individual worm weight
and metal concentrations in N. virens were modelled using power function as was
done in previous studies (Mubiana et al. 2006, Richir & Gobert 2014) where tissue
metal concentration (Y) is a power function of the individual worm weight (W)
32
2. Copper and zinc bioavailability and
bioaccumulation
(Eq. 2.1):
Y = aW b (2.1)
Relationship of Eq. 2.1 was double logarithmically transformed to yield one linear
function (Eq. 2.2):
Log10(Y ) = log10a+ b log10(X) (2.2)
where log10a is the Y-intercept and b is the slope.
2.2.4 Description of the sampling sites
Figure 2.2. Map showing the location of the seven sites located along the English Channel
coast of the UK (Devon, Cornwall, Dorset and Hampshire counties) and sampled for sediments,
pore water and N. virens from summer 2011 to winter 2012. Sampled sites are numbered on
graphs: 1) Mylor, Fal Estuary; 2) Saltash, Tamar Estuary; 3) Holes Bay, Poole Harbour; 4)
Tipner, Portsmouth Harbour; 5) Broadmarsh, Langstone Harbour; 6) The Conservancy and 7)
Dell Quay, Chichester Harbour.
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Seven sites located along the English Channel south coast of the UK (Devon, Corn-
wall, Dorset and Hampshire counties) were sampled for sediments, pore water and
N. virens from summer 2011 to winter 2012: 1) Mylor, Fal Estuary; 2) Saltash,
Tamar Estuary; 3) Holes Bay, Poole Harbour; 4) Tipner, Portsmouth Harbour; 5)
Broadmarsh, Langstone Harbour; 6) The Conservancy and 7) Dell Quay, Chich-
ester Harbour (Figure 2.2). Sites were selected based on their pollution history
(Bryan & Langston 1992, Hubner 2009) and the presumed or confirmed presence
of N. virens (NBNgateway website Accessed: 23-08-2011). Of these seven sites,
Mylor and The Conservancy are not known as a bait collection site (Watson et al.
2007; Watson and bait shops, Pers. Comm.). Site GPS coordinates were recorded
using a Garmin eTrex device (Garmin International, Inc.). In addition, at each
site, sea water physicochemical conditions: temperature, salinity, conductivity
and dissolved oxygen were recorded in triplicates.
2.2.4.1 Mylor
Mylor is situated in the Fal Estuary (Cornwall) on the south west coast of the UK.
On the 23rd of February 2012, sediment and pore water samples were taken from
the location: 50◦10’38.20"N, 5◦2’54.69"W (Figure 2.3). The Fal Estuary, exposed
for centuries by industries, past mining and ore extractions is a site extremely
affected by metal pollution in the UK (Langston et al. 2003). Restronguet Creek
is an area affected by extreme metal pollution with 2398 mg kg−1 (dry weight) for
copper and 2821 mg kg−1 (dry weight) for zinc (based on total concentrations after
nitric acid extraction). This site suffered from several hundred years of mining
activity making it one of the most metal polluted estuaries in the UK (Bryan
& Hummerst 1973, Langston et al. 2003). In addition, in 1992, a devastating
event occurred - the Wheal Jane incident - where 25,000 to 50,000 m3 of metal
contaminated mine water were accidentally released in a 24-h period via Carnon
river into Restronguet Creek affecting the entire Fal Estuary (Younger et al. 2005).
This mine water contained in excess of 3500 mg L−1 of dissolved metals (principally
iron, zinc, cadmium, copper, arsenic, aluminium, plus other traces of toxic metals)
and led to an increase of zinc and copper concentrations respectively 880 and 250
times higher than the quality standards (EQS) for the Carnon River (EQS: 500 µg
L−1 for zinc and 28 µg L−1 for copper) (Younger et al. 2005). Recent data for Mylor
still show high levels of metal pollution in the Fal Estuary with 852 mg kg−1 (dry
weight) for copper and 856 mg kg−1 (dry weight) for zinc (total concentrations)
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a) 
b) 
Figure 2.3. Presentation of the sampling site, Mylor, situated in the Fal Estuary, Cornwall. a)
Google map showing the location of the sampling site where three cores of sediment and three
samples of pore water were collected, and, b) photography of the site presenting the area. No
worms were collected on the day of the sampling for this site only.
(pers. com., 2012, Dr Bill Langston, Marine Biological Association, Plymouth),
reflecting a persistence of metal concentrations. However, public and scientific
concern contributed to the designation of the Fal Estuary as a Special Area of
Conservation (SAC) aiming to protect its biodiversity by, for instance, restricting
the bait digging activity for the king ragworm, N. virens.
2.2.4.2 Saltash
Saltash is located in Devon on the west of the Tamar Estuary and was sampled on
the 24th of February 2012 at this location: 50◦24’52.96"N, 4◦12’40.17"W (Figure
2.4). It was designated as a Site of Special Scientific Interest (SSSI), a Special
Protection Area (SPA) and a SAC and is therefore an important site for conser-
vation. In 1992, Tamar Estuary was listed as the 3rd contaminated sites in the
UK with 330 mg kg−1 (dry weight) for copper and 452 mg kg−1 (dry weight) for
zinc (Bryan & Langston 1992). Saltash is also an area greatly impacted by metal
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a) 
b) 
Figure 2.4. Presentation of the sampling site, Saltash, situated in the Tamar Estuary, Devon.
a) Google map showing the location of the sampling site where three cores of sediment, three
samples of pore water and 16 worms were collected, and, b) photography of the site presenting
the sampling area.
pollution with high levels of copper (756 mg kg−1) and zinc (709 mg kg−1) (pers.
com., 2012, Dr Bill Langston, Marine Biological Association, Plymouth).
2.2.4.3 Holes Bay
Holes Bay is situated in the north of Poole Harbour (Dorset). The samples were
taken from this location: 50◦43’36.91"N, 2◦0’22.03"W on the 27th of October 2011
(Figure 2.5). Poole Harbour is a large natural harbour located in of the South
of the UK with a very narrow entrance. Some areas of Poole Harbour are con-
siderably impacted by industrial activities such as past mining activity, the use
of anti-fouling paints and various waste discharges but also by urban and agricul-
tural activities (Hübner 2009). A sewage treatment works located on the northern
side is thought to continuously discharge using two streams. The railway track
running through Holes Bay is another potential source of metal pollution espe-
cially for copper and iron which are released from overhead wires, wheels, rails
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a) 
b) 
Figure 2.5. Presentation of the sampling site, Holes Bay, situated in Poole Harbour, Dorset.
a) Google map showing the location of the sampling site where three cores of sediment, three
samples of pore water and 16 worms were collected, and, b) photography of the site presenting
the sampling area.
and brakes. In addition, historical maps indicate a changing variety of chemical
industry works, mainly on the eastern shore of Holes Bay (Hübner 2009). In an
enclosed bay like Poole Harbour with its intense ship traffic, its past and present
industrial activities, metal bioaccumulation and toxicity levels are likely to have
a great impact on wildlife (Bryan & Langston 1992). In 1992, relatively high con-
centrations of copper (50 mg kg−1) and zinc (165 mg kg−1) were found in Holes
bay sediments (Bryan & Langston 1992). Seventeen years later, metals concentra-
tions are still high with 52 mg kg−1 for copper and 215 mg kg−1 for zinc showing
metals longevity in sediments (Hübner 2009). As one of the major Harbour in
the region, Poole Harbour is important both as industrial/recreational area but
also as a habitat for wildlife. Indeed, this harbour is a SSSI where bait digging is
regulated to special areas.
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2.2.4.4 Tipner
Tipner is located in Portsmouth Harbour and was sampled on the 26th of October
2011. The GPS coordinates of the sampling area was: 50◦49’23.16"N, 1◦5’42.26"W
(Figure 2.6).
a) 
b) 
Figure 2.6. Presentation of the sampling site, Tipner, situated in Portsmouth Harbour, Hamp-
shire. a) Google map showing the location of the sampling site where three cores of sediment,
three samples of pore water and 15 worms were collected, and, b) photography of the site
presenting the sampling area.
Portsmouth Harbour is a large natural harbour in Hampshire. It is an inter-
national, commercial, military and also recreational ferry port. This continuous
maritime traffic is a potential source of metal and other sources of pollution. Tip-
ner shore is also dug for bait and therefore may be a potential source of metal
re-distribution in the sediment (Watson et al. 2007). In addition of being a SSSI,
SPA and Ramsar site, Portsmouth Harbour is also listed as a European Site Con-
servation and part of the Solent Maritime European Marine Site with conservation
objectives such as avoiding the deterioration of the habitats and ensuring the in-
tegrity of the site is maintained (Natural England). Data from 2011 obtained
from the Environment Agency showed that Tipner was also impacted by metal
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pollution with an average of 62.50 mg kg−1 of copper and 108.32 mg kg−1 of zinc
found in the sediment based on hydrofluoric acid HF digestion (E.A., pers. com.
2012).
2.2.4.5 Broadmarsh
Broadmarsh is situated in Langstone Harbour (Hampshire). At this site, sediment,
pore water and ragworm samples were collected on the 22nd of July 2011 at the
location: 50◦50’36.26"N, 1◦0’31.65W (Figure 2.7).
a) 
b) 
Figure 2.7. Presentation of the sampling site Broadmarsh situated in Langstone Harbour, Hamp-
shire. a) Google map showing the location of the sampling site where three cores of sediment,
three samples of pore water and 13 worms were collected, and, b) photography of the site
presenting the sampling area.
This site is frequently used by bait diggers due to its easy access and high preva-
lence of worms (Watson et al. 2007). An industrial site is situated next to Broad-
marsh with various industries such as a sailboat and powerboat hardware supplier
potentially using anti-fouling paints formulated with toxic copper or other chemi-
cals compounds and a waste water treatment facility called Budds Farm. However,
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Langstone Harbour is a conservation area. Its wildlife and habitats are protected
by national and international agencies as SSSI, SPA, SAC, Ramsar site and part
of the Solent European Marine Site (SEMS). Also used as a boat recreational area,
a number of shipwrecks are present in the harbour and represent a potential con-
stant source of copper, cadmium and lead pollution (Annibaldi et al. 2011). Data
obtained from the Environment Agency revealed low levels of metal pollution in
the sediment with an average of 36.10 mg kg−1 (dry weight) for copper and 46.30
mg kg−1 (dry weight) for zinc in 2008 (E.A., pers. com. 2012).
2.2.4.6 Chichester Harbour
In Chichester Harbour (Hampshire), two sites were sampled, The Conservancy
and Dell Quay, both on the 28th of October 2011 (Figure 2.8).
a) 
b) c) 
Figure 2.8. Presentation of the two sampling sites, the Conservancy and Dell Quay, situated
in Chichester Harbour, Hampshire. a) Google map showing the location of the two sampling
sites, the Conservancy and Dell Quay where sediment, pore water and worms were collected on
the same day, b) photography of the site, the Conservancy and c) photography of the site, Dell
Quay.
This harbour is an undeveloped coastal area in Southern England where conser-
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vation is important. The Harbour has been designated as an Area of Outstanding
Natural Beauty, a SSSI, SPA, SAC and Ramsar site. As in most of harbours, a
wide variety of sailing is found in this harbour. With the large number of inter-
tidal moorings, jetties and pontoons, recreational boats are often found in this
area and can provide a potential source of metal pollution. Data provided by the
Environment Agency showed levels of metal pollution in the sediment of 65.2 mg
kg−1 (dry weight) for copper and 113 mg kg−1 (dry weight) for zinc in 2002 and an
average of 2.67 µg L−1 of copper in the water column of Chichester Channel from
2000 to 2003 (pers. com. 2012). Chichester Harbour Conservancy is an undug
site in opposition to Dell Quay (Watson et al. 2007). From the Conservancy site,
samples were taken at 50◦49’7.06’"N, 0◦48’59.36"W (Figure 2.8). Dell quay, also
sampled in Chichester Harbour, is affected by bait digging with and area of 25
hectares dedicated for bait collectors (Watson et al. 2013a). The GPS sampling
coordinates at this site was: 50◦48’29.00"N, 0◦52’2.81"W (Figure 2.8). Next to
this site is located the Apuldram sewage treatment facility that could release, in
the event of heavy rain, diluted sewage which only received primary treatment
(removal of unsightly solids) into the harbour. In addition, this site is surrounded
by agricultural land presenting a potential source of pollution by oil, pesticides,
fertilisers.
2.3 Results
2.3.1 Site characteristics
All sites were characterised as very poorly sorted, very coarse skewed muddy
sediment composed mainly of fine and very coarse silt (Table 2.1). The majority
of the sediment from Mylor was composed of very coarse and fine silt whereas
all the other site sediment was mainly composed of fine silt. The organic content
of the sediment ranged from 2.32 % (Tipner) to 8.90 % for Mylor (Table 2.1)
with an overall significant difference between sites when compared using a one-
way ANOVA (F 6,14 = 63.82, p = 0.000). Pairwise comparisons confirmed that
all sites were significantly different from each other except Mylor and Holes Bay;
Dell Quay and The Conservancy; and Dell Quay and Tipner.
According to the four descriptors of the silt grain size distribution, statistical
analyses of the mean particle size showed significant differences between all sites
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Table 2.1. Sediment (n =3) characteristics sampled from seven sites located along the English
Channel coast from summer 2011 to winter 2012. All data are given as mean ± SEM. Organic
content and silt particle size distribution are expressed in %. The four particle size descriptors:
average grain size (xaa, in µm), spread of the sizes around the average (sorting, σ a), symmetry
or preferential spread to one side of the average (skewness, Ska), and degree of concentration of
the grains relative to the average (kurtosis, Ka), were calculated according to the geometrically
method of Folk and Ward (1957). Silt particle size distribution and silt particle size descriptors
were determined using the statistical package Gradistat (v.8.0; Blott and Pye, 2001).
Sites 
Organic 
content 
 (%) 
Silt particle size distribution (%) Silt particle size descriptors 
  
Very coarse 
(63-31 µm) 
  
  
Medium 
(31-8 µm) 
  
  
Fine 
(8-4 µm) 
  
  
Very fine 
(4-2 µm) 
  
  
xa (µm) 
  
  
σa 
  
  
Ska 
  
  
Ka 
  
Mylor 8.90 ± 0.35 40.92 ± 0.28 10.81 ± 0.10 37.37 ± 0.47 0.09 ± 0.00 28.17 ± 0.34 5.58 ± 0.01 0.41 ± 0.01 0.71 ± 0.00 
Saltash 6.68 ± 0.48 33.85 ± 0.59 9.55 ± 0.24 46.94 ± 1.01 0.11 ± 0.00 20.42 ± 0.69 5.17 ± 0.04 0.64 ± 0.03 0.82 ± 0.01 
Holes Bay 8.83 ± 0.18 28.75 ± 0.72 8.39 ± 0.38 54.34 ± 1.44 0.13 ± 0.00 16.60 ± 0.37 4.75 ± 0.06 0.75± 0.00 0.96 ± 0.02 
Tipner 2.32 ± 0.19 26.29 ± 0.97 7.62 ± 0.06 58.34 ± 1.08 0.13 ± 0.00 15.27 ± 0.55 4.50 ± 0.12 0.76 ± 0.00 1.04 ± 0.04 
Broadmarsh 5.20 ± 0.31 34.05 ± 1.01 11.00 ± 0.28 43.90 ± 1.54 0.10 ± 0.00 21.43 ± 1.08 5.09 ± 0.07 0.57 ± 0.04 0.84 ± 0.02 
The 
Conservancy 3.96 ± 0.05 24.50 ± 1.35 7.78 ± 0.45 59.80 ± 2.24 0.14 ± 0.01 14.16 ± 0.76 4.24 ± 0.16 0.75 ± 0.00 1.12 ± 0.06 
Dell Quay 3.28 ± 0.42 33.01 ± 0.80 9.28 ± 0.19 48.32 ± 1.16 0.11 ± 0.00 19.45 ± 0.87 5.12 ± 0.06 0.69 ± 0.04 0.83 ± 0.02 
(F 6,14 = 44.24, p = 0.000), with the average grain sizes ranging from 14.16 µm
for The Conservancy to 28.17 µm for Mylor (Table 2.1). Mylor was significantly
different from all the other sites, whilst Saltash was significantly different from
all sites except Broadmarsh and Dell Quay. The Conservancy was not signifi-
cantly different from Holes Bay and Tipner. One-way ANOVAs for sorting (F 6,14
= 27.56, p = 0.000), skewness (F 6,14 = 16.75, p = 0.000) and kurtosis (F 6,14 =
22.06, p = 0.000) of the particle size, all revealed an overall significant difference
between sites. Pairwise comparisons revealed that Mylor and The Conservancy
were significantly different from each other for all three parameters. For sorting,
Mylor was also significantly higher from all sites, whilst Saltash was significantly
different from all sites except Broadmarsh and Dell Quay; and Tipner was sig-
nificantly lower from all sites except Holes Bay and The Conservancy. Pairwise
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comparisons of the skewness revealed that Mylor was significantly lower from all
sites except Broadmarsh. Pairwise comparisons of kurtosis showed that Mylor
was significantly lower from all sites except Saltash and Dell Quay, whilst The
Conservancy was significantly higher from all sites except Tipner.
2.3.2 Metal bioavailability in the sediment
The concentrations of copper and zinc from the BCR three-step sequential ex-
traction procedure are presented in Table 2.2. The bioavailable fraction of metals
in the sediment was obtained by summing the three steps of the BCR procedure
(Davidson et al. 1994, Filgueiras et al. 2002, Kwon et al. 2001, Pueyo et al. 2001,
Zimmerman &Weindorf 2010). Concentrations of bioavailable metals ranged from
10.83 mg kg−1 dry weight (Broadmarsh) to 421.83 mg kg−1 dry weight (Mylor)
for copper and 36.43 mg kg−1 dry weight (Broadmarsh) to 670.99 mg kg−1 dry
weight (Mylor) for zinc. There were significant differences between all sites for
zinc (F 6,14 = 14.66, p = 0.000) and copper (F 6,14 = 105.89, p = 0.000) using
one-way ANOVAs. The pairwise comparisons for copper bioavailable concentra-
tions revealed that Mylor, Tipner and Broadmarsh were significantly different
from all other sites. Saltash and Holes Bay were not significantly different from
each other, but were significantly different from all other sites. Dell Quay and
The Conservancy were not significantly different from each other but were signif-
icantly different from all other sites. Bioavailable concentrations of zinc showed
that the sites separated into two groups. Mylor, Saltash and Holes Bay had high
levels of zinc, ranging from 159.35 mg kg−1 to 670.99 mg kg−1. These were not
significantly different from each other, but were significantly different from the
other group of Tipner, Broadmarsh, Dell Quay and The Conservancy, which had
lower concentrations ranging from 36.43 mg kg−1 to 54.02 mg kg−1.
Copper was mainly present in the oxidizable fraction with an average for all sites
of 49 %, with lower percentages in the reducible (30 %) and exchangeable (21 %)
fractions. For zinc, 63 % of its bioavailability was present in the exchangeable
fraction, 19 % in the reducible and 18 % in the oxidizable fraction. The Conser-
vancy had the highest percentage of copper present in the oxidizable fraction (63
%) and the lowest percentage of zinc present in the exchangeable fraction (44 %).
With 77 % of zinc present in the exchangeable fraction, Saltash had the highest
percentage of zinc present in this extraction step over all the sites.
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Table 2.2. Copper and Zinc bioavailable concentrations (mean ± SEM, in mg kg−1 dry weight
and % of each step) in homogenised 15 cm deep sediment cores (n = 3) sampled from seven sites
located along the English Channel coast from summer 2011 to winter 2012. The BCR three-step
sequential extraction protocol was used to assesses the distribution of metals in the following
fractions: exchangeable (step 1), reducible (step 2) and oxidizable (step 3; Pueyo et al. 2001).
The sum of the three steps is described as the bioavailable concentration of copper and zinc.
Copper 
Sites BCR Step 1 BCR Step 2 BCR Step 3 
Bioavailable 
concentrations 
Mylor 83.08 ± 24.32 (23%) 71.21 ± 27.93 (35%) 267.53 ± 20.88 (41%) 421.83 ± 63.55 
Saltash 17.25 ± 2.66 (24%) 30.80 ± 5.91 (27%) 39.79 ± 0.94 (50%) 87.84 ± 6.55 
Holes Bay 7.33 ± 0.84 (25%) 15.99 ± 4.39 (37%) 24.67 ± 3.82 (39%) 47.99  ± 5.00 
Tipner 5.59 ± 0.77 (24%) 6.20 ± 0.47 (25%) 11.57 ± 1.71 (52%) 23.35 ± 1.90 
Broadmarsh 2.53 ± 0.81 (15%) 3.81 ± 0.53 (33%) 4.48 ± 0.52 (51%) 10.83 ± 0.57 
The Conservancy 7.79 ± 0.56 (20%) 11.67 ± 0.93 (17%) 12.30 ± 1.55 (63%) 31.75 ± 1.41 
Dell Quay 7.79 ± 0.71 (20%) 8.09 ± 1.83 (35%) 16.88 ± 0.98 (45%) 32.76 ± 2.98 
Zinc  
Sites BCR Step 1 BCR Step 2 BCR Step 3 
Bioavailable 
concentrations 
Mylor 298.59 ± 39.35 (58%) 139.97 ± 38.83 (23%) 232.43 ± 68.95 (19%) 670.99 ± 46.00 
Saltash 105.93 ± 14.58 (77%) 35.73 ± 6.50 (15%) 33.43 ± 6.47 (9%) 175.10 ± 23.79 
Holes Bay 113.04 ± 6.08 (59%) 36.71 ± 8.29 (19%) 9.60 ± 1.77 (22%) 159.35 ± 30.97 
Tipner 32.60 ± 4.90 (70%) 6.19 ± 2.54 (13%) 3.67 ± 1.75 (17%) 42.45 ± 9.25 
Broadmarsh 21.23 ± 1.71 (71%) 8.25 ± 0.51 (23%) 6.95 ± 0.40 (6%) 36.43  ± 4.56 
The Conservancy 31.93 ± 2.14 (44%) 10.32 ± 0.72 (21%) 11.77 ± 0.86 (35%) 54.02 ± 6.98 
Dell Quay 29.19 ± 1.63 (60%) 5.40 ± 1.28 (20%) 7.17 ± 1.72 (19%) 41.75 ± 7.65 
2.3.3 Metal concentrations in the pore water
Copper concentrations in the pore water ranged from 0.68 µg L−1 for Broadmarsh
to 1.85 µg L−1 for Mylor (Table 2.3). Mylor had significantly higher copper
concentrations than Broadmarsh or Holes Bay (F 6,14 = 4.94, p = 0.007); all other
sites were not significantly different from each other. Even though pore water
concentrations of zinc ranged from 0.49 µg L−1 for Holes Bay to 3.03 µg L−1
for Broadmarsh (Table 2.3), no significant differences were present between sites
(F 6,14 = 2.19, p = 0.117).
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Table 2.3. Copper and zinc concentrations (mean ± SEM, in µg L−1) in pore water (n = 3)
sampled from seven sites located along the English Channel coast from summer 2011 to winter
2012.
Sites Copper concentrations  (µg L-1 ± SEM) Zinc concentrations (µg L-1 ± SEM) 
Mylor 1.85 ± 0.23 2.14 ± 0.55 
Saltash 1.57 ± 0.30 1.40 ± 0.48 
Holes Bay 0.83 ± 0.02 0.49 ± 0.04 
Tipner 0.84 ± 0.04 0.90 ± 0.25 
Broadmarsh 0.68 ± 0.14 3.03 ± 1.90 
The Conservancy 0.93 ± 0.15 0.65 ± 0.01 
Dell Quay 0.93 ± 0.04 0.53 ± 0.06 
2.3.4 Metal bioaccumulation in N. virens
Mean tissue concentrations of both copper and zinc differed considerably between
sites (Table 2.4). Tissue concentrations of copper varied from 7.36 µg g−1 dry
weight for Broadmarsh to 17.42 µg g−1 dry weight for The Conservancy. Vari-
ability in zinc concentrations was higher than for copper, with a mean of 68.98
µg g−1 dry weight for worms from Saltash to 182.21 µg g−1 dry weight for those
collected from Broadmarsh, even though those from Broadmarsh had the lowest
copper concentrations. One-way ANOVA revealed significant differences between
sites for copper (F 5,80 = 8.18, p = 0.000) only. Worms from Broadmarsh had
significantly lower copper tissue concentrations than worms from all other sites
except Holes Bay and Saltash. Worms from the Conservancy also had significantly
higher copper levels than Saltash.
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Table 2.4. Copper and zinc tissue concentrations (mean ± SEM, in µg g−1 dry weight) and wet
weight (mean ± SEM, in g) of N. virens (n = 13-16) sampled from six sites located along the
English Channel coast from summer 2011 to winter 2012. No worms were sampled at Mylor
(n/a: not available). Worm heads were removed before metal analyses due to the major role of
zinc in hardening of nereid jaws.
Study sites 
Mean copper concentrations 
(μg g -1 dry weight ± SEM) 
Mean zinc concentrations 
(μg g -1 dry weight ± SEM) 
Average worms wet weight  
(g ± SEM) 
Mylor n/a n/a n/a 
Saltash  
(n = 16) 
10.72 ± 0.68 68.98 ± 53.67 11.69 ± 0.79 
Holes Bay  
(n = 16) 
12.41 ± 0.91 95.76 ± 16.66 3.93 ± 0.77 
Tipner 
(n = 15) 
13.46 ± 0.83 99.66 ± 15.56 4.92 ± 0.64 
Broadmarsh 
(n = 13) 
7.36 ± 0.51 182.21 ± 54.78 11.56 ± 2.50 
The Conservancy 
(n = 13) 
17.42 ± 1.47 80.75 ± 18.52 3.26 ± 0.76 
Dell Quay 
(n = 14) 
15.39 ± 1.18 92.14 ± 8.17 3.27 ± 0.53 
2.3.5 Relationships between sediment characteristics and
metal concentrations in the sediment and the pore
water
The organic content for the sediment showed a significant positive correlation
with bioavailable copper (r = 0.596; p = 0.004) and zinc (r = 0.658; p = 0.001)
concentrations in the sediment as well as copper concentrations in the pore water
(r = 0.475; p = 0.030) (Figure 2.9). The correlation between the organic content
and zinc concentrations in the pore water was not significant (r = 0.082; p =
0.722).
Particle size showed a significant correlation with both copper (r = 0.791; p <
0.001) and zinc (r = 0.740; p < 0.001) bioavailable concentrations in the sediment
(Figure 2.10). The correlation between particle size and metal concentrations in
the pore water showed a significant correlation for copper only (r = 0.579; p =
0.006). A non significant positive correlation was found between particle size ans
zinc pore water (r = 0.418; p = 0.059).
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Figure 2.9. Relationships between organic content with a) Cu and b) Zn bioavailable concen-
trations found in the sediment (n = 3), c) Cu and d) Zn concentrations found in the pore water
(n = 3) at Mylor (black); Saltash (green); Holes Bay (purple); Tipner (yellow); Broadmarsh
(orange); The Conservancy (grey) and Dell Quay (blue). (r and p-values are shown).
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Figure 2.10. Relationships between particle size with a) Cu and b) Zn bioavailable concentrations
found in the sediment (n = 3), c) Cu and d) Zn concentrations found in the pore water (n = 3)
at Mylor (black); Saltash (green); Holes Bay (purple); Tipner (yellow); Broadmarsh (orange);
The Conservancy (grey) and Dell Quay (blue). (r and p-values are shown).
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2.3.6 Relationships between tissue metal concentrations
and weight
A one-way ANOVA revealed significant differences between sites in the mean wet
weight of collected worms (F 5,80 = 17.83, p = 0.000). Worms from Saltash and
Broadmarsh were significantly heavier than worms from all other sites, but were
not different from each other. Across all sites, copper concentrations and worm
weight had a significant negative correlation (r2 = 0.204, p < 0.001), suggesting
that heavier worms accumulate less copper in their tissues or that worms worms
that accumulated less copper in their tissues are heavier (Figure 2.11a). For
zinc concentrations and worm weight, the correlation was still negative but not
significant (r2 = 0.004, p > 0.05; Figure 2.11b).
Figure 2.11. Double log transformed power functions modelling relationships between individual
N. virens a) copper or b) zinc concentrations (µg g−1 dry weight) and their respective wet weight
(g). Worms (N = 86) were sampled from six sites located along the English Channel coast
sampled from summer 2011 to winter 2012. Worm heads were removed before metal analyses
due to the major role of zinc in hardening of nereid jaws. Equations and their corresponding
fitting parameters (r2 and p-levels) are reported on the graphs.
As it is possible that these relationships were confounded by site-specific differ-
ences, the relationships between N. virens individual metal concentrations and
weight were also modelled separately for each site using power function (Table
2.5). Sites analysis revealed that the relationships between N. virens individual
copper concentrations and weight were significant for Saltash (r2 = 0.382, p <
0.05), Holes Bay (r2 = 0.299, p < 0.05) and Dell Quay (r2 = 0.365, p < 0.05).
Relationships for zinc revealed significance for Broadmarsh (r2 = 0.671, p < 0.05)
and The Conservancy (r2 = 0.770, p < 0.001). For all the other sites, the rela-
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Table 2.5. Double log transformed power functions modelling relationships between N. virens
individual metal concentrations and their respective weight. Worms (n = 10-15) were sampled
from six sites located along the English Channel coast sampled from summer 2011 to winter 2012.
No worms were sampled at Mylor (n/a: not available). b is the slope of linear functions and r2,
p-levels and deviation (dev.) from the model: s. = significant (in red), n.s. = non-significant
are the fitting parameters.
  N. virens individual concentrations x weight 
Sites Copper Zinc 
b r2 p dev. b r2 p dev. 
Mylor 
n/a n/a 
Saltash 
1.562 0.382 < 0.05 s. 0.135 0.048 > 0.05 n.s. 
Holes Bay 
-0.185 0.299 < 0.05 s. -0.111 0.023 > 0.05 n.s. 
Tipner 
-0.068 0.034 > 0.05 n.s. -0.067 0.006 > 0.05 n.s. 
Broadmarsh 
-0.150 0.146 > 0.05 n.s. -1.728 0.671 < 0.05 s. 
The 
Conservancy 
-0.078 0.078 > 0.05 n.s. -0.368 0.770 < 0.001 s. 
Dell Quay 
-0.377 0.366 < 0.05 s. 0.414 0.105 > 0.05 n.s. 
tionships were not significant (p > 0.05).
2.3.7 Relationships between metal concentrations in tis-
sues, the sediment and the pore water
No significant correlation was obtained between copper concentrations in tissues
and copper bioavailable concentrations in the sediment (r = -0.054, p = 0.919)
or copper concentrations in the pore water (r = -0.054, p = 0.958). However,
copper concentrations in the pore water and copper bioavailable concentrations in
the sediment had a significant positive correlation (r = 0.855, p = 0.014; Figure
2.12).
In opposition to copper, zinc concentrations in tissues and zinc concentrations in
the pore water had a significant positive correlation (r = 0.837, p = 0.038; Figure
2.13). No significant correlation was shown between zinc bioavailable concentra-
tions in the sediment and zinc concentration in the pore water (r = 0.321, p =
0.482) or zinc concentrations in N. virens (r = -0.471, p = 0.346).
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Figure 2.13. Relationships between mean zinc concentrations in the pore water (µg L−1) and in
N. virens (µg g−1 dry weight) sampled from seven sites located along the English Channel coast
sampled from the sites: 2) Saltash, 3) Holes Bay, 4) Tipner, 5) Broadmarsh, 6) The Conservancy
and 7) Dell Quay. Pearson’s correlation coefficients (r) and their p-values are reported on the
graphs. Mylor is not reported as no worms were collected at this site.
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2.4 Discussion
2.4.1 Pollution history and site characteristics
The seven sites were chosen because of their diverse pollution histories in relation
to copper and zinc (Bryan & Langston 1992). Although sediment at all sites was
described as very poorly sorted, very coarse skewed and muddy composed mainly
of fine and very coarse silt, significant site-specific differences in the character-
istics of the sediment were observed. These differences in organic content and
particle size were mainly reflected in the bioavailable concentrations of metals in
the sediment. Indeed, organic content and particle grain size are important factor
in metal binding (Amiard et al. 2007, Richir et al. 2012, Standley 1997, Tsai et al.
2003). Taking into account the site characteristics (mainly organic content) and
metal bioavailable concentrations in the sediment, this study reveals that Mylor,
Saltash and Holes Bay are very different from Tipner, Broadmarsh, Dell Quay
and The Conservancy. Mylor and Saltash also had high copper and zinc con-
centrations in the pore water compared to the other sites. These observations
are in agreement with the metal pollution history of these sites making historic
pollution an important factor in our study as metals are known to be persistent
in the environment (Walker et al. 2006).
The Fal Estuary is known to have been impacted for centuries by mining activities
making it one of the most metal polluted estuaries in the UK reaching extremely
high metal concentrations in the sediment (Bryan & Langston 1992). In addition
to the accidental release of mine water in Restronguet Creek in 1992 (Younger
et al. 2005), data from 2012 still show high levels of metal in the Fal Estuary
with 852 mg kg−1 (dry weight) for copper and 856 mg kg−1 (dry weight) for zinc
(B. Langston, Pers. Comm.). Based on Bryan & Langston (1992) review, the
Tamar Estuary was the 3rd most contaminated site in the UK with 330 mg kg−1
(dry weight) for copper and 452 mg kg−1 (dry weight) for zinc followed by Poole
Harbour with 50 mg kg−1 (dry weight) for copper and 165 mg kg−1 (dry weight)
for zinc. In 2009, similar levels of metal pollution were found in Holes Bay with 52
mg kg−1 (dry weight) for copper and 215 mg kg−1 (dry weight) for zinc (Hübner
2009) which combined with the data of this study confirmed the persistence of
metals in the sediment.
In contrast to the previous sites, Portsmouth, Langstone and Chichester Harbours
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are three adjacent harbours situated in Hampshire less impacted by metal historic
pollution. The sediment from Tipner (Portsmouth Harbour), Dell Quay and The
Conservancy (Chichester Harbour) was mainly characterized by low organic con-
tent and low metal bioavailable concentrations. Even though it is well recognised
that particle size has a key role in metal bioavailability in the sediment and the
metal concentrations in the pore water (Amiard et al. 2007), the low variability in
particle size between all sites precludes further analysis of this relationship.
2.4.2 Metal toxicity guidelines
Environmental quality standards (EQS) are used as guidelines to evaluate the
potential risk of various pollutants to marine biota (Matthiessen et al. 1999). The
revised UK annual average EQSs for dissolved copper and zinc are 5 µg L−1 and 10
µg L−1 in seawater, respectively, whilst the Ecotoxicological Assessment Criterion
(EACs) was proposed by the Oslo and Paris commission (OSPAR) with 0.1 - 1.0
µg L−1 for copper and 0.5 - 5.0 µg L−1 for zinc (Matthiessen et al. 1999). Up
to now, only the levels of some organic contaminants in pore water samples have
been compared to EQS seawater guidelines (Dueri et al. 2008). Teasdale et al.
(1995) argued that the seawater EQSs cannot be quantitatively compared to the
values obtained for the pore water samples, unless the fluxes between pore water
and overlying seawater for a site are known. However, a simple comparison does
reveal that pore water zinc and copper concentrations from the present study
were well within these values for the UK EQS, but close to or exceeding the upper
thresholds for copper EACs for all sites except Broadmarsh. This indicates that
at these sites copper can represent a potential ecotoxicological risk for aquatic
species.
Sediment Quality Guidelines (SQGs) were developed to assess risk for metal con-
centrations in the sediments (Luoma & Rainbow 2008). Even though no uniform
guidelines exist, a number of methods have been developed to estimate the poten-
tial adverse effects of pollutants to aquatic life (Crane 2003, Hübner et al. 2009,
Luoma & Rainbow 2008). Four threshold values were selected to compare with
the data: ERL (Effects Range-Low; 34 for copper and 150 for zinc), ERM (Effects
Range-Medium; 270 for copper and 410 for zinc) TEL (Threshold Effect Levels;
18.7 for copper and 124 for zinc) and PEL (Probable Effect Levels; 108 for copper
and 271 for zinc) (CCME 1998, Long & Morgan 1990). However, it should be
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noted that these values are based on total concentrations of metals in sediments
(e.g. aqua regia, nitric acid, or hydrochloric acid digestion; CCME, 1998). Data in
this study were bioavailable concentrations, representing 84 % of total copper and
70 % of zinc concentrations (Kwon et al. 2001, Watson et al. 2013b). In addition,
the certified concentrations for the BCR-701 showed that bioavailable copper and
zinc concentrations represented between 80-85 % (mean 83 %) and 78-82 % (mean
80 %) of the total copper and zinc concentrations, respectively (Sutherland 2010).
Comparing bioavailable metal concentrations to SQGs is, therefore, possible when
taking into account these fractions. Using these data, only Broadmarsh was below
all four SQGs for both copper and zinc confirming that this site according to the
SQGs was at minimal risk for toxic effects on aquatic organisms. Tipner, Dell
Quay and The Conservancy were also below the standards for zinc making these
sites at low risk for adverse effects. In contrast, Holes Bay, Saltash and Mylor
had bioavailable copper concentrations that exceeded the TEL and ERL values for
copper and zinc and in the case of Saltash and Mylor exceeded the PEL for copper
and the PEL and ERM for zinc. The majority of the sites sampled, therefore,
exhibit bioavailable concentrations of metals that have the potential for adverse
effects on the benthos, requiring further investigation (Miller et al. 2000).
2.4.3 Metal bioavailability
Critical to the interpretation of SQGs is bioavailability. The concentration of
bioavailable metals is not directly proportional to the total concentration in wa-
ter or sediment (Borgmann 2000). Operationally defined sequential extraction is
widely used and provides valuable information on bioavailability (Kersten 2007),
but is not without its limitations (Nirel & Morel 1990). To provide a more com-
plete picture of the link between the sediment and the biota, concentrations in
the pore water were also measured as it is a key exposure route for macrofauna
(Chapman et al. 2002). These concentrations varied significantly between sites
for copper, but were also significantly positively correlated with the bioavailable
fraction in the sediment. This would indicate that the bioavailable fraction in
the sediment directly influences the levels in the pore water and is related to the
pollution specificity of a site (Lee & Lee 2005). However, the concentrations in
the pore water were also significantly correlated with the overlying water concen-
trations (r = 0.868, p = 0.025; additional data – not shown – for the overlying
water were provided by the UK Environmental Agency). A number of authors
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(Chapman 2002, Wang 2001, Warren et al. 1998) have shown that the overlying
water is the main contaminant exposure route for the infauna living within a
burrow, especially for those organisms that irrigate their burrows. N. virens is
capable of significant irrigation rates estimated by Kristensen and Kostka (2005)
to be 100 l m−2 d−1. This level of irrigation could mean that the overlying water
is the dominant source of copper exposure.
The affinity for copper to the oxidizable phase (associated to organic materials
and sulphides) is well known and, in accordance to previous studies (Koretsky
et al. 2006, Kwon et al. 2001, Luoma & Samuel 1986), metals in this fraction
are assumed to remain in the sediment for long periods. Although it did vary
between sites, the majority of the copper was present in the oxidizable phase (49
%) giving weight to the theory that most of the copper present in the pore water
came from the overlying water. A detailed geochemical assessment for each site
would be required to understand the fluxes and influence of bioturbating species
like N. virens to confirm this. It is also concerning that continuous ‘new’ sources
of copper within the water column as well as resuspension of the sediment and
release of copper back into the water column may be driving the pore water
concentrations, although this did not seem to be positively correlated with copper
concentrations in N. virens. Identifying these alternative (new) sources for copper
and zinc would seem to be a priority for regulatory agencies especially as there
has been a tendency to consider the sediment contamination to be historical and,
therefore, outside current control.
In contrast, pore water concentrations of zinc did not vary significantly between
sites and were not significantly positively correlated with the bioavailable fraction
in either the sediment or the overlying water (r = 0.137, p = 0.795). Zinc like
copper is a chalcophile metal and under anoxic conditions has a strong affinity for
sulphide phases and carbonates (Koretsky et al. 2006). However, data from this
study revealed that across all sites only a small amount of zinc was affiliated with
this phase (18 %); instead most was in the exchangeable phase (63 %). Thus, zinc
seemed to be more readily bioavailable than copper.
It is not clear why the site variability was so high regarding copper and zinc
concentrations in the sediment, specifically the high concentrations in one of the
sediment cores at Broadmarsh. Sediment is well known for its spatial heterogene-
ity and this may have been exacerbated by bait collection activities. The majority
of the sites sampled are regularly used for bait collection, specifically for N. virens,
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which involves repeated turning over the sediment to a depth of approximately
30 cm (Watson et al. 2007). Not only does this disturb the sediment resulting in
significant and repeated mixing of the redox layers (Mclusky et al. 1983), but the
bioavailability of metals for sediment-dwelling organism increases (Howell 1985).
It is, therefore, highly likely that in areas where digging is common (Broadmarsh
had substantial levels of recent digging when the site was sampled) the local sed-
iment conditions may result in a much higher level of availability of copper and
zinc (as well as other pollutants) to the benthos. An urgent assessment of the
impacts of this process is, therefore, required.
2.4.4 Metal bioaccumulation in polychaetes
Many studies have investigated the relationships between metal bioavailability
and tissue concentrations for the closely related species N. diversicolor (Amiard
et al. 2007, Berthet et al. 2003, Bird et al. 2011, Bryan & Hummerst 1971, García-
Alonso et al. 2010, Geffard et al. 2005, Mouneyrac et al. 2003, Otero et al. 2000,
Poirier et al. 2006, Rainbow & Smith 2013, Rainbow et al. 2009, Zhou et al. 2003).
However, the present study is, to our knowledge, the first to investigate these re-
lationships for copper and zinc in N. virens. Some of these N. diversicolor studies
have shown a positive relationship between concentrations in worms and levels in
the sediment (e.g. Bryan & Hummerstone 1971, Rainbow et al. 2009, Zhou et
al. 2003) whereas others have shown this relationship to be weaker or absent (e.g.
Amiard et al., 2007, Berthet et al., 2003, Otero et al., 2000). Nevertheless, the
majority of these studies have recorded much higher tissue concentrations in N. di-
versicolor than in N. virens even from sites where sediment copper concentrations
are lower than those reported here (Amiard et al. 2007, Bryan $ Hummerstone
1971, Geffard et al. 2005, Poirier et al. 2006, Rainbow et al. 2009, Zhou et al.
2003). Although total metal concentrations are long recognized as not having a
predictive ecotoxicological value (Allen & Janssen 2006, Meyer et al. 2002, Morel
1983, Pueyo et al. 2001, Tessier & Turner 1995), it is surprising that bioavailable
fractions of copper in the sediment and in the pore water were not reflected in
the tissues of N. virens. It is also interesting that worms from sites with low
concentrations of bioavailable copper in the sediment (e.g. The Conservancy) had
significantly higher tissue concentrations (nearly twice the mean value) than those
of Saltash, even though this site had a much higher bioavailable concentration in
the sediment (Table 2.2).
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There are a number of possible explanations that may shed light on these results.
Firstly, the sediment bioavailable fractions defined by the BCR sequential extrac-
tion procedure may not actually be truly bioavailable to this species, possibly
due to the redistribution of metals among phases during the extraction process
(Howard & Shu 1996, Tessier & Campbell 1987). Secondly, alternative routes
and other possible influences on accumulation rates e.g. bioturbation processes,
feeding methods and size etc., are all known to differ between these species (Kris-
tensen & Kostka 2005, Nielsen et al. 1995, Scaps 2002). Recently the mucus that
lines polychaete burrows has been implicated as a sink for contaminants so this
capacity to accumulate metals may also be different. Thirdly, and most likely,
is that N. virens is able to regulate the concentration of copper much more ef-
fectively than N. diversicolor using enhanced detoxification systems or reduced
uptake rates.
Metal uptake mechanisms have not been investigated in this species, but Ray et al.
(1980) showed N. virens was unable to regulate cadmium uptake under controlled
conditions and, therefore, accumulated it rapidly. N. diversicolor from highly
contaminated sites seems to be able to tolerate the toxic effects of elevated tissue
concentrations by storing it as detoxified subcellular components within the cy-
tosolic fraction using metallothionein-like proteins (Berthet et al. 2003, Mouneyrac
et al. 2003). However, even if this process was to occur in N. virens sampled here,
the metals would still be retained within the organisms and would be released
during the extraction process. N. diversicolor from highly contaminated sites do
appear to excrete accumulated copper, but only insignificant amounts possibly by
shedding their epicuticle which contains copper-rich deposits (Geffard et al. 2005,
Zhou et al. 2003). This process may occur in N. virens, but is unlikely to account
for such low tissue concentrations presented here relative to the bioavailable frac-
tion in the sediment. However, investigating the physiological mechanisms that
may maintain these very low levels is an important next step in understanding
the response to elevated concentrations.
A lack of any significant relationship between the bioavailable concentrations of
zinc in the sediment and concentrations in N. virens is also surprising. However,
the fact that pore water concentrations were positively correlated with tissue
concentrations indicates that this species can accumulate zinc within its tissues.
This was confirmed by the elevated zinc concentrations that were much higher than
copper. This has further been reflected in other studies with nereids. Indeed, zinc
concentrations in N. virens compared to those of N. diversicolor are much more
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comparable (Amiard et al. 2007, Berthet et al. 2003, Bryan & Hummerstone
1971) or lower (Bird et al. 2011, Otero et al. 2000, Poirier et al. 2006, Zhou et
al. 2003). The reasons given above would also explain the lower concentrations of
zinc in N. virens, although nereids (and many other species) are able to regulate
their internal zinc levels (Amiard et al. 1987, Bryan & Hummerst 1973).
It is not surprising that the mean weight of worms differed between sites. Popu-
lation structures are always likely to be inherently different, but are also driven
by bait collection; sites that are heavily dug have smaller worms (Watson et al.
2007). Digging for worms using a fork is also biased for size and misses a significant
proportion of worms (Blake 1979). The worm weight is important in determining
their tissue metal concentrations, with negative relationships for many metals in
N. diversicolor (Poirier et al. 2006) and the eunicid Marphysa sanguinea (Garces
& Costa 2009). The lack of bioaccumulation in N. virens for zinc and copper was
supported by the overall (all sites combined) negative relationships between body
weight and tissue concentrations. The relationship for zinc was not significant and
weaker than copper’s, but it may be that the ability to regulate zinc reduced the
strength of this relationship. Sites relationships between metal concentrations and
weight revealed differences between sites. Significant relationships were reported
for Saltash, Holes Bay and Dell Quay for copper and for Broadmarsh and The
Conservancy for zinc. These differences in relationships clearly indicate the im-
portance of sites and further investigations taking into account a wider selection
of sizes and a greater number of worms should be considered. In addition, all sig-
nificant relationships were negative with the exception of Saltash for copper. It is
not clear why this site had a significant positive correlation for copper, but clearly
requires further investigation. Negative relationships between worm weight and
metal concentrations have been suggested to be due to growth dilution combined
with the sequestration of metals into the hard structures and epithelial surfaces
(Garces and Costa, 2009). Bryan and Gibbs (1979) showed that hard structures
such as jaws have very high levels of zinc (up to 40 % of the total zinc tissue con-
centration). However, they also demonstrated that zinc levels in nereid jaws are
high regardless of the environment and copper is also a minor component of jaws.
Differential uptake routes as the worms get larger (e.g. a change of feeding guild),
improved regulation capacity, or underlying physiological/metabolic changes may
play a role in reducing tissue concentrations as worms get larger.
The data presented here have provided the first evidence that N. virens may
respond in a different way to N. diversicolor when exposed to sediments con-
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taminated with copper and zinc. Both these species are classed by Lewis and
Watson (2012) as ‘model’ species of polychaetes for ecotoxicology, but these dif-
ferences highlight that a suite of species is required to investigate the full diver-
sity of responses to pollution. The present data have also highlighted the need
to investigate the mechanistic diversity of responses (and, therefore, tolerance) in
closely related species. Metal concentrations in organisms always show individual
variability (Poirier et al. 2006) and it is clear from Figure 2.11 that this was con-
siderable for N. virens. Some of this may be due to the collection site and worm
weight, but some worms of similar weight and from the same site had nearly a
10-fold difference in zinc tissue concentrations and nearly a 3-fold difference for
copper. As suggested by Berthet et al. (2003), this variability could result from
the different strategies for accumulation and excretion in sensitive and tolerant
individuals. Tolerant (adapted) populations of N. diversicolor to zinc and copper
can be found at highly contaminated sites (Bryan & Langston 1992). The inter-
individual differences in copper and zinc bioaccumulation in N. virens indicated
that some individuals (but not populations) may also be more tolerant to copper
and zinc. Identifying the underlying drivers for this inter-individual variability
(tolerance) is an important area for ecotoxicology as developing metal resistance
capacities leads to an energy cost or a cost of tolerance that may have significant
implications at the population level (Durou et al. 2005, Pook et al. 2009). Teasing
apart the drivers of this response-variability using just field-collected populations
is difficult considering the inherent inter-site variability in the populations and
environmental conditions. To fully understand the effects of long-term exposure,
the processes of tolerance and inter-individual response, experimental studies are
required to control these confounding factors.
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3.1 Introduction
As metals are persistent in the environment (Luoma & Rainbow 2008, Walker
et al. 2006), metal pollution is a chronic pollution. A chronic exposure or long-
term exposure is the most adequate way to study the effect of metals in the
environment. In opposition to an acute exposure involving a short time exposure
(commonly 96 hours), a chronic exposure aims to study the effect of a long-term
exposure using low chemical concentrations or environmentally relevant concen-
trations (Rand 1995, Reish & Gerlinger 1997). A chronic exposure may reveal the
effect of a chemical to an entire generation time. Metal chronic exposure studies
on polychaetes involving water or sediment exposures in laboratory or field assays
usually last from 10 to 28 days (Reish & Gerlinger 1997) and have been found
lower than 6 days (Bat 2005) up to a maximum of 2.5 months (Watson et al.
2013b). No studies involving polychaetes or other marine invertebrates have been
based on more than a few months. Therefore, a long-term experiment, in opposi-
tion to a short-term experiment, has the potential to reveal valuable informations
on metal uptake and on how the individuals are able to cope with metal pollution
over time.
As previously introduced, metals are essential for aquatic organisms but they re-
quire to be regulated (Walker et al. 2006). Various accumulation patterns have
been described (See Chapter 1, section 1.5.3) regulating the uptake of metals de-
fined by the balance between uptake and excretion rates (Luoma and Rainbow
2008, Rainbow 2002). Metals can also be regulated at a cellular level by detox-
ification processes usually involving proteins such as metallothioneins (Casado-
Martinez et al. 2010, Greim & Snyder, 2008, Walker et al. 2006). To understand
metal regulation processes in any animal, the biology of the organism has to be
considered. Any aquatic invertebrate will take up metals from two sources - from
the diet and from a solution (see Chapter 1). As N. virens as well as N. diversi-
color are known to be omnivorous and feed on the surface sediment (Kristensen,
2001), the routes of uptake from ingestion (food or sediment) are more than cer-
tain (Nielsen et al. 1995). Rainbow et al. (2004) have shown the possible route
for metal uptake from food ingestion in the predator N. virens when fed on con-
taminated N. diversicolor. However, regarding sediment ingestion, contradictory
information can be found in the literature. While Olivier et al. (1993) recorded
75 to 98 % of sediment in N. virens gut content, a more recent study from Costa
et al. (2006) reported that only 17.6 % of digestive contents was sediment in the
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polychaete N. diversicolor and the majority (56.3 %) was mucus. In addition,
the results of the previous chapter seemed to correlate that N. virens may be
more likely to be affected by metal concentrations via solution (from pore water
or the overlying water) than via the sediment based on its feeding method but
also its burrowing activity (Chapman, 2002, Kristensen & Kostka, 2005, Wang,
2001, Warren et al. 1998).
In an environment where organisms are continuously exposed to pollution such
as metals, changes at an individual and a population level are expected (Walker
et al. 2006). Therefore, a long-term pollution experiment based on a mesocosm
approach ensures that the organisms are exposed to realistic conditions in a con-
trolled environment. Aquatic organisms are commonly exposed to chemicals in
the water, the pore water, the sediment and through food. In order to mimic the
conditions under which benthic organisms are exposed to metals in the sediment
and to assess the toxicity of metals, the sediment spiking approach is the method
commonly used in toxicity tests (Borgmann 2000, Burton et al. 2006, Casas &
Crecelius 1994, Hutchins et al. 2007, 2008a,b, 2009, Lu et al. 2008, Simpson et al.
2004).
Spiking refers to the addition of a known amount of a chemical to a substrate
(U.S.EPA. 2005). When spiking sediment it is important to take into account
the chemical and biological processes involved in the sediment. Spiking is a chal-
lenging procedure as the addition of metals can cause a drop of pH and a rise in
redox potential due to the hydrolysis of added metals, a displacement of protons
from particulate organic matter and mineral metal-binding sites, and the oxida-
tive hydrolysis of displaced iron(II) (Hutchins et al. 2007, Simpson et al. 2004).
Reference toxicants are generally chosen for their ease to manipulate and mix with
sediment, their rapid equilibrium time, their good response-curve for a selective
endpoint, their ease to measure and their non toxicity to workers or ease to pro-
tect (Environment-Canada 1995). Copper sulphate (CuSO4) or copper chloride
(CuCl2) are both chemical compounds or reference toxicants used to spike sedi-
ment. However, copper chloride is more suitable for marine environment as Cl− is
much less reactive to metals in sediment than SO4 2− (Environment-Canada 1995).
In addition, the use of sulphate could lead to the formation of AVS (acid volatile
sulfide) complexes and greatly decrease bioavailability (Ogendi et al. 2007).
There are three main criteria to respect in the spiking process. The first crite-
ria is the homogeneity of the sediment (U.S.EPA. 2005). The chemical should be
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uniformly distributed throughout the sediment to allow the metal to be evenly dis-
tributed in the sediment. Secondly, the spiked material needs to be at equilibrium
between the sediment and the pore water before starting an experiment (U.S.EPA.
2005). The term "settlement" or "equilibration" refers in our study to equilibrium
partitioning where it is assumed that the equilibrium is reached when the metal
concentrations within the overlying water is close to zero (Environment-Canada
1995). The equilibrium partitioning (EqP) approach takes into account the bio-
logical availability of chemicals in different types of sediments and the appropriate
biological effects concentration (U.S.EPA. 2005). Thirdly, poor sediment handling
could lead to changes in contaminant speciations (Burton et al. 2006, Simpson &
Batley 2003). Exposure to air, sediment storage and manipulations could affect
bacterial activity and cause losses of metals in the pore water (Simpson et al.
2004).
When assessing the link between bioavailability (availability of pollutants to incor-
porate in an organism) and bioaccumulation (ability an organism to accumulate
pollutants) of toxic compounds, it is recommended to perform direct measure-
ments on exposed organisms (Borgmann 2000, Ruus et al. 2005). In aquatic
organisms, bioaccumulation can also be defined as "the process that causes an
increased chemical concentration in the organism compared to that in its ambient
environment, water and/or sediment" (Ruus et al. 2005). Evaluating bioaccumu-
lation requires to determine the bioavailability of contaminants in the environ-
ment (sediment, pore water and animals). Tools such as BioAccumulation Ratios
(BARs) are nowadays also used to estimate species bioaccumulation that takes
into account the metal concentrations in the biota and in the individual (Durou
et al. 2007, Ruus et al. 2005). Sediment dwelling organisms, such as N. virens
are good candidates for this study as they inhabit muddy sediment making them
continuously exposed to metal pollution and where metal levels can be evalu-
ated (Dean 2008, Durou et al. 2008, Lewis & Watson 2012, Nielsen et al. 1995,
Poirier et al. 2006, Rainbow et al. 2009, Reish & Gerlinger 1997, Watson et al.
2007).
The experiment described in this chapter was based on environmentally relevant
concentrations previously obtained from a range of sites along the English coast
(See Chapter 2). Therefore, it is thought that this chapter will bring additional
information on the bioaccumulation-toxicity relationships, pore water concentra-
tions and sediment spiking approach under natural levels of copper and zinc to N.
virens. For the first time, a chronic exposure of nine months using environmen-
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tally relevant metal concentrations was performed using N. virens as test species
and copper and zinc as contaminants (alone and in combination). The goal of
this long-term experiment is to reveal (1) the behaviour of copper and zinc in the
sediment and in the pore water over time, (2) the bioaccumulation, interaction
and regulation of copper and zinc in N. virens over time.
3.2 Materials and methods
3.2.1 Sample acquisition
3.2.1.1 Sediment collection
Figure 3.1. Sediment collection site: Cobnor Point, Chichester Harbour, UK. The sediment
was collected between the seaweed bed and the water level (shown in red) from an area of
approximatively 50 m2.
The sediment used in this study was collected at low tide on the 1st of October
2012 from Cobnor Point in Chichester Harbour (50◦48’43.23"N, 0◦52’30.78"W).
Data provided by the UK Environment Agency and by previous sampling (see
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Chapter 2) showed that Chichester Harbour is one of the least metal polluted
sites in the south of the UK (Figure 3.1). This site was also selected for its ease
of collection, being a natural habitat of the king ragworms and relatively clean
location. A full analysis of a marine sediment core sample from this site by the
National Laboratory service confirmed low levels of pollution (See Appendix A).
The National Laboratory service found a dry weight total concentration of copper
of 17 mg kg−1 and 56 mg kg−1 for zinc based on UKAS (Methodology accredited
to ISO/IEC 17025:2005 based on aqua regia digestion). From this site, 5 kgs of
the upper 10 cm sediment were collected using shovels and directly placed in each
box, ensuring to exclude any seaweed or stones. Back in the laboratory, all the
boxes were stored at 4 ◦C in the dark until the spiking process.
3.2.1.2 Test organisms acquisition
Nereis virens were purchased from Dragon Baits Ltd in Pendine, South Wales.
Dragon Baits Ltd is one of the largest bait supplier in the UK with more than a
4046 square meter site where worms are being farmed under natural conditions.
At the farm, the worms are placed in outdoor facilities with substrate (mud) col-
lected from the shore nearby and seawater continuously aerated and pumped from
the sea. The worms are fed daily with approximatively 2 % of their biomass with
food pellets produced by Dragon Baits Ltd containing a mixture of salmon oil,
hydrolysed fish, maize gluten, wheat and soya extract. A nitric acid digestion
of the food pellet indicated a total concentration of 7.67 µg g−1 (dry weight) for
copper and 65.40 µg g−1 for zinc (dry weight). The BCR three-step sequential
extraction procedure (see Chapter 2 for detail of the procedure) of the site sedi-
ment revealed low levels of copper (1.52 mg kg−1 dry weight) and zinc (14.12 mg
kg−1 dry weight) bioavailable concentrations. All the worms for the experiment
weighed between 1 to 2 g so that they could grow and survive for nine months
and were placed in a polystyrene cool box for transportation. Upon arrival at the
laboratory, the worms were placed in holding tanks, for 48 hours, with a thin layer
of sediment from the farm and under a continuous seawater flow system before
being placed in boxes filled with spiked or non-spiked sediment.
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3.2.2 Experimental set up
3.2.2.1 Preparation of the exposure boxes
High-density polyethylene (HDPE) boxes were purchased from the company "Go-
plasticboxes" and used as experimental boxes. Each experimental box measured
300 mm (long) x 200 mm (wide) x 120 mm (deep) (external dimensions) and 270
mm (long) x 170 mm (wide) x 110 mm (deep) (internal dimensions).
a) b) 
C d) c) 
Figure 3.2. Pictures a) to d) show the different steps to prepare the boxes for the experiment.
Each experimental box measured 300 mm (long) x 200 mm (wide) x 120 mm (deep) (external
dimensions) and 270 mm (long) x 170 mm (wide) x 110 mm (deep) (internal dimensions). a)
Individual exposure box before any modifications. b) Holes drilled on one side of the box. c)
Addition of the mesh on top of the holes. d) A completed exposure box containing 8 worms and
5 kg of sediment (approximatively 9 cm deep). Each box was also tagged and colour coded with
a waterproof plastic tag according to the corresponding treatments.
Based on the Figure 1.2 (Chapter 1), it can be hypothesised that both oxic and
anoxic layers would be present in the experimental boxes. Four holes (1 cm
diameter) were drilled at both ends of the box allowing the drainage of seawater
and therefore avoiding cross contamination from one box to another one. Plastic
mesh (mesh size 2 mm) was placed over the holes using sealant and araldite
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adhesive to avoid any worms from escaping (Figure 3.2).
All the boxes were then left to dry for a minimum of two days before being
conditioned in seawater for a week.
3.2.2.2 Sediment spiking
A preliminary spiking process was used to determine the settlement or equilibra-
tion time of copper and zinc from the overlying seawater to the sediment. Based
on the same ration sediment to seawater (5:1) as used for the long-term experi-
ment, 250 g of sediment was spiked with 50 mL of pre-made solution of copper
chloride, zinc chloride or copper and zinc chloride combined based on the target
concentrations (low, medium and high) of the nine months experiment. This ex-
periment was also repeated for a target concentrations (low, medium and high) x
1.5. Samples of seawater were obtained at 2, 4, 8, 12 and 24 hours of exposure
and analysed using the same protocol as pore water processing (See Chapter 2).
This experiment showed that a minimum of 24 hours for copper and at least 48
hours for zinc and copper & zinc combined was needed.
The metal concentrations used for the spiking process were based on environmen-
tally relevant concentrations previously obtained from the collection of sediment
sampled at Holes Bay (Poole Harbour), Saltash (Tamar Estuary), Mylor (Fal
Estuary) for respectively, low, medium and high concentrations. A total of ten
treatments: control, copper, zinc, copper & zinc combined (low, medium, high
concentrations) were used with nine exposure boxes per treatment. The treat-
ments were labelled C for control, LC for low copper, MC for medium copper,
HC for high copper, LZ for low zinc, MZ for medium zinc, HZ for high zinc, LCZ
for low copper & zinc combined, MCZ for medium copper & zinc combined and
finally HCZ for high copper & zinc combined. Each exposure box containing 5
kg of sediment was spiked and mixed individually at 4 ◦C. Sediments were spiked
with copper chloride dihydrate (CuCl2.2H2O, Fisher Scientific Inc.) or zinc chlo-
ride (ZnCl2, Fisher Scientific Inc.) or copper and zinc chloride combined solutions
to give nominal concentrations as shown in Table 3.1. Non-spiked sediment was
used as a control. A 5:1 ratio (sediment to seawater) was taken into account per
box, by spiking 5 kg of sediment with 1 L of pre-made solution of copper chloride,
zinc chloride or copper and zinc chloride combined. The sediment of each box
was then mixed for one minute using a clean mechanical paint mixer and left for
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a week at 4 ◦C in the dark to allow the metals to evenly distribute and settle in
the sediment.
Sediment used for the toxicity test was required to be stored at or under 4 ◦C to
minimise bacterial activity and oxidation processes (ASTM 1994). In addition, all
the exposure boxes were individually numbered 1 to 90 with a waterproof plastic
tag and color coded depending on the treatments.
Table 3.1. Table showing the nominal concentrations of copper and zinc based on the values
obtained at Holes Bay for low, Saltash for medium and Mylor for high.
Low 
mg kg-1  
(dry weight) 
Medium 
mg kg-1  
(dry weight) 
High 
mg kg-1  
(dry weight) 
Cu 70 120 575 
Zn 200 270 1160 
Cu and Zn 70 + 200 120 + 270 575 + 1160 
3.2.2.3 Experimental design
After the settlement period for the spiking process, the boxes were placed in three
holding tanks (3 m long x 2 m wide x 0.77 m deep) labelled 1 to 3 (Figure 3.3). In
order to have three exposure boxes of the same treatment in each tank, exposure
boxes were randomly distributed within each tank. Each box was then connected
to the Institute of Marine Sciences (IMS) flow through system with an average
flow rate of 20 L per hour. The flow through seawater system pumps seawater
from Langstone Harbour before being filtered on site using a glass media filtra-
tion system. An additional seawater distribution system was built and attached
to this flow through. This individual distribution system was realised in three
white holding tanks using hose pipes, connectors and black tubes allowing the
water to flow into each box (Figure 3.3). The following day, eight worms were
weighed as a group and added by hand to each experimental box. The number of
worms added per box was determined to reduce natural mortality and competition
between individuals, to guarantee their growth for nine months and to give stat-
ically relevant data based on previous work of Murray (2010). Any dead worms
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were replaced during the first 48 hours of the experiment. The temperature, pH,
salinity and dissolved oxygen of each tank were monitored weekly using HI-9146N
and HI-98130 probes (Hanna Instruments Ltd). The worms were fed 1-2 % of
their biomass, twice a week recommended by Dragon Baits Ltd and using food
pellets provided by the same company (See Chapter 4 for detail on the feeding
behaviour).
SW pumped from LH   
a) 
b) 
Tank 1 
Tank 2 
Tank 3 
c) 
Filter unit 
Tank  
SW evacuated in LH through the 
drain present in each tank 
SW 
SW 
SW 
Figure 3.3. Nine months experimental set up. a) Distribution of the 90 exposure boxes in
the 3 holding tanks each measuring 3 m long x 2 m wide x 0.77 m deep and labelled 1-3 (30
boxes were places in each holding tank), b) Individual seawater continuous distribution system
in each of the boxes representing here in one of the tanks and c) Schematic explanation of the
seawater (SW) pumped from Langstone Harbour, filtered and distributed to each of the boxes
here presented in one of the tanks. A drain present in each tank allowed the seawater to be
evacuated in the Harbour.
This chronic experiment was set for nine months starting on the 22nd of October
2012 and ended on the 22nd of July 2013. Sediment and pore water samples were
collected from the 90 exposure boxes at the start of the experiment to give an
initial metal concentrations called month 0 or start month. Thirty boxes were
then sacrificially sampled every three months. The first sampling point, month
3, took place on the 22nd of January 2013, the following sampling, month 6, took
place on the 22nd of April and finally the last sampling, month 9, was undertaken
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on the 22nd of July 2013.
In addition to the nine months experiment, ten worms were collected from four
sites used as reference for the spiking process: Broadmarsh (Portsmouth Harbour),
Holes Bay (Poole Harbour), Saltash (Tamar Estuary), Mylor (Fal Estuary), from
July to September 2013, in order to compare field data to lab experiment. The
worms were collected, transported and stored using the same protocols as de-
scribed in the previous chapter.
3.2.3 Sample processing
3.2.3.1 Sediment and pore water processing
At each sampling point, sediment and pore water were sampled from each box
for metal analysis. At month 3, then 6 and 9, a total of 30 boxes were removed,
three per treatment, ten boxes from each tank. A subsample of 63 micron sieved
sediment and pore water was taken from each box and placed in an 50 mL cen-
trifuge tube and stored at - 20 ◦C until further analysis. Sediment and pore water
samples were processed for metal analysis according to the methods explained in
Chapter 2 section 2.2.2.
3.2.3.2 Tissue processing
The surviving worms per box were counted and then weighed as a group box to
determine the weight of worms per box. Two worms per box were placed in 50
mL centrifuge tubes and frozen at - 20 ◦C for further metal analysis according to
Chapter 2 section 2.2.2. The remaining worms were placed back in their boxes in
seawater and left over night at 4 ◦C to allow the worms to depurate their gut.
On the day following the removal, each worm was weighed individually before
collecting coelomic fluid, tissue and gut samples for metal concentrations and
biological analysis (Figure 3.4). Five hundred microliters of coelomic fluid was
collected in a sterile microcentrifuge tube using disposable 1 mL syringes and
21 gauge, 38 mm needles and placed on ice. Between 50 µL and 100 µL of
this coelomic fluid was then directly transferred in another sterile microcentrifuge
tube. Gut tissue was collected after cutting the head of the animal using a scalpel
and placed in a sterile microcentrifuge tube. Finally, a 2-3 cm section of the
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Sampling removal protocol 
Worms 
Metal extraction 
Sediment Pore water 
Flame Atomic Absorption 
Spectrophotometer (FAAS) 
Metallothioneins 
Acetylcholin-
esterase assay   
Neutral red 
assay 
Comet assay 
Coelomic fluid 
Tissue 
samples 
Gut 
samples 
Protein assay 
Lipid assay 
Carbohydrate 
assay 
Transcriptomics 
(future work) 
Figure 3.4. Detail of the different samples with the corresponding chemical and biological
analysis.
animal (anterior) was chopped using a scalpel and transferred in a 2 mL sterile
microcentrifuge tube. All samples were directly snap frozen in liquid nitrogen
and placed on ice before being stored at - 80 ◦C. This process was repeated for
each individual at each sampling time (month 3 - 6 - 9). The tissue samples were
processed according to materials and methods in Chapter 5 and 6. Equipment for
sample collecting and processing were obtained from Fisher Scientific Inc.
These assays and metal analysis were also conducted on the worms collected from
the sites: Broadmarsh (Portsmouth Harbour), Holes Bay (Poole Harbour), Saltash
(Tamar Estuary), Mylor (Fal Estuary) for comparison.
3.2.4 Statistical analysis
All data were analysed using Statistica 10 and were tested to meet the assump-
tions for parametric tests, normality and equal variances. When the data did
not meet these assumptions they were transformed using either a log or Box-
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Cox transformation. Sediment and pore water metal concentrations for the start
month (month 0) were analysed using a General Linear Model (GLM) with tanks
and treatments as fixed factors followed by a Tukey HSD pairwise comparison test
of means with equal n’s. Differences between metal bioavailable concentrations
in the sediment and differences between metal concentrations in the pore water
for the nine months were analysed per box using GLMs with months, tanks and
treatments as factors followed by a Tukey HSD pairwise comparison test of means
with equal n’s. Differences between metal concentrations in the worms per treat-
ment over the nine months were analysed based on a GLM using months, tanks
and treatments as factors followed by a Tukey HSD pairwise comparison test of
means with unequal n’s. Sediment, pore water and tissue metal concentrations
were also analysed per sampling month using GLMs with tanks and treatments
as factors followed by Tukey HSD pairwise comparison test of means with equal
or unequal n’s. For all the GLMs, no statistical differences were obtained between
the data and tanks. Any interactions between months and treatments over the
nine months were also analysed with the exception of high copper & zinc combined
treatments for tissue samples due to only one data for month 3 and one for month
6. Metal concentrations in the worms sampled from the sites used as reference
concentrations for the spiking process were analysed using a Kruskal-Wallis non
parametric test as the data did not meet the assumptions for parametric tests.
Finally, to evaluate the magnitude of bioaccumulation of copper and zinc, BioAc-
cumulation Ratios (BARs) were calculated as recommended by Ruus et al. (2005),
as followed: BARc =[COrg,Poll.]/[COrg,Contr.], where where [COrg, Poll.] is the
mean concentration of the contaminant (C) in the organism (Org) exposed to
the contaminated sediment (Poll.) and [COrg, Contr.] the corresponding mean
concentration of the contaminant (C) in the organism (Org) exposed to control-
sediment (Contr.).
3.3 Results
3.3.1 Settlement time
Data obtained from the preliminary spiking process to determine the settlement
or equilibration period are described in Figures 3.5 and 3.6. Copper at low and
medium concentrations showed that copper dissolved in the seawater was incor-
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porated in the sediment before the first sampling at 2 hours (Figure 3.5a&b). For
the high copper concentration, a rapid decrease was observed from 2 hours. After
8 hours, the percentage of copper dissolved in the seawater was close to 0 % for
all treatments, even for the target concentrations of x 1.5, and, therefore, was
supposed to be fully incorporated in the sediment.
Data obtained for zinc showed a rapid decrease of the percentage of zinc dissolved
in the seawater from 2 to 4 hours and further decreasing over time (Figure 3.5c&d).
After 24 hours of exposure, the percentages of zinc dissolved in the seawater
decreased for low, medium and high concentrations and were respectively 3.49 %,
11.32 % and 39.51 %. Even at target concentrations x1.5, the percentages of zinc
dissolved in the seawater were continuously decreasing over time. This decrease
in the percentage of zinc dissolved was thought to continue over time.
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Figure 3.5. Percentages of copper and zinc dissolved in the seawater over time for the target con-
centrations (respectively, a, c) and the target concentrations x 1.5 (respectively, b, d). Samples
were collected at 2, 4, 8, 12 and 24 hours of exposure.
Data obtained for copper & zinc combined showed a slower decrease in the copper
and zinc settlement process in the sediment (Figure 3.6a&b). However, after 24
hours of exposure, the percentages of copper & zinc combined dissolved in the
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Figure 3.6. Percentages of copper & zinc combined dissolved in the seawater over time for the
target concentrations (a) and the target concentrations x 1.5 (b). Samples were collected at 2,
4, 8, 12 and 24 hours of exposure.
seawater for low, medium and high concentrations represented respectively 4.01
%, 4.13 % and 30.33 %. For the target concentrations x1.5 a decrease over time
was also observed. By extrapolation of the data, it was assumed that the decrease
observed would be continuous over time.
3.3.2 Metal bioavailable concentrations in the sediment
3.3.2.1 Copper
Sediment bioavailable concentrations found in the sediment are shown in Figure
3.7. Data revealed a general decrease of copper contamination over time and low
levels in the control group with an overall average of 6.75 mg kg−1 (dry weight)
(Figure 3.7).
GLM for copper months 3-6-9 showed no significant differences with tanks but
an overall significant difference with treatments and months (Table 3.2a). No
73
3. Long-term exposure to copper and
zinc contaminants
0
100
200
300
400
500
600
700
800
900
1000
Control Low Medium High
Month 0
Month 3
Month 6
Month 9
C
o
p
p
er
 b
io
av
ai
la
b
le
 c
o
n
ce
n
tr
at
io
n
s 
 (
m
g
 k
g
-1
 d
ry
 w
ei
g
h
t 
) 
 
Treatments  
Figure 3.7. Sediment copper bioavailable concentrations expressed in mg kg−1 (dry weight) for
month 0 (n = 36), 3, 6 and 9 (n = 3 per treatment and per sampling points). The BCR three-step
sequential extraction procedure was used to determine the copper bioavailable concentrations
in the sediment.
Table 3.2. GLM and post-hoc tests for copper bioavailable concentrations for months 3-6-9
(M 3-6-9): a) Detail of the GLM results, b) Post-hoc data for treatments (T) showing the p-
values between the treatments (control (C) and copper (LC, MC and HC)) and c) Post-hoc
data for months (M) showing the p-values between the months 3-6-9. Significant differences are
represented in red (p < 0.05).
 
 
GLM 
Factors 
Degree of  
freedom 
F p 
M 3-6-9  
T 3 158.85 0.000000 
Tanks 2 0.50 0.614815 
Months 2 3.74 0.039889 
T*Months 6 0.86 0.541328 
Error 22 
 
Post-hoc for 
treatments (T) 
T C LC MC HC 
M 3-6-9  
C 0.000167 0.000167 0.000167 
LC 0.000167 0.001757 0.000167 
MC 0.000167 0.001757 0.000169 
HC 0.000167 0.000167 0.000169 
 
 
Post-hoc for  
Months (M) 
 
M M 3 M 6 M 9 
M 3-6-9  
M 3 0.105457 0.046476 
M 6 0.105457 0.911334 
M 9  0.046476 0.911334 
a) 
c) 
b) 
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Table 3.3. GLMs and post-hoc tests for copper bioavailable concentrations at month 0 (M 0),
month 3 (M 3), month 6 (M 6) and month 9 (M 9): a) GLMs results with the factors treatments
(T) and tanks and b) Post-hoc tests for treatments showing the p-values between the treatments
(control (C) and copper (LC, MC and HC)). Significant differences are represented in red (p <
0.05).
GLMs Factors 
Degree  
of  
freedom 
F p 
 
Post-hoc 
tests  
T C LC MC HC 
M 0 
T 3 39.96 0.000000 
M 0 
C 0.000168 0.000160 0.000160 
LC 0.000168 0.624249 0.000287 
Tanks 2 0.69 0.510159 
MC 0.000160 0.624249 0.004118 
Error 30 HC 0.000160 0.000287 0.004118 
M 3 
T 3 340.48 0.000000 
M 3 
C 0.000246 0.000245 0.000245 
LC 0.000246 0.012417 0.000259 
Tanks 2 1.37 0.324282 
MC 0.000245 0.012417 0.000645 
Error 6 HC 0.000245 0.000259 0.000645 
M 6 
T 3 227.28 0.000001 
M 6 
C 0.000295 0.000246 0.000245 
LC 0.000295 0.010964 0.000257 
Tanks 2 0.93 0.444272 
MC 0.000246 0.010964 0.000637 
Error 6 HC 0.000245 0.000257 0.000637 
M 9 
T 3 20.09 0.001568 
M 9 
C 0.085747 0.009785 0.001386 
LC 0.085747 0.283716 0.016395 
Tanks 2 1.31 0.336264 
MC 0.009785 0.283716 0.160493 
Error 6 HC 0.001386 0.016395 0.160493 
a) b) 
interaction was found between months and treatments (Table 3.2a). Post-hoc tests
after the GLM for copper months 3-6-9 are shown in Table 3.2b&c and revealed
significant differences between all treatments (p-value < 0.05) and between month
3 and month 9 (p = 0.046).
GLMs for start month data (month 0), month 3, month 6 and month 9 showed
no significant differences between copper concentrations and tanks but an overall
significant difference for the copper treatments (Table 3.3a). Pairwise comparisons
between treatments at month 0, month 3, month 6 and month 9 are shown in Table
3.3b where at month 3 and 6 all treatments were significantly different from each
other (p < 0.05). At month 0, all treatments were significantly different from
each other at the exception of LC and MC (p = 0.624). Tukey’s test for month 9
copper data uncovered that C was significantly lower from MC (p = 0.010) and
HC (p = 0.001) and HC was significantly higher than LC (p = 0.016).
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3.3.2.2 Zinc
Zinc bioavailable concentrations obtained in the sediment over the nine months
experiment are presented in Figure 3.8. Data revealed a decrease of zinc contam-
ination over time and low levels in the control group with an overall average of
24.25 mg kg−1 (dry weight) (Figure 3.8).
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Figure 3.8. Sediment zinc bioavailable concentrations expressed in mg kg−1 (dry weight) for
month 0 (n = 36), 3, 6 and 9 (n = 3 per treatment and per sampling points). The BCR three-
step sequential extraction procedure was used to determine the zinc bioavailable concentrations
in the sediment.
Months 3-6-9 zinc data showed no tank effect and no interaction between months
and treatments but significant differences for treatments and months (Table 3.4a).
The GLM months 3-6-9 post-hoc results are shown in Table 3.4b&c. All treat-
ments were significantly different from each other at the exception of LZ and
MZ (p = 0.205). Even though zinc data showed an overall significant difference
for months, the pairwise comparison revealed that only month 3 was close to be
statistically different from month 9 with p = 0.051 (Table 3.4c).
GLMs for zinc month 0, month 3, month 6 and month 9 showed no tank effect but
a treatment effect (Table 3.5a). Post-hoc tests between the treatments at month
0, month 3, month 6 and month 9 are shown in Table 3.5b. At month 0, month
3 and month 9 all treatments were significantly different from each other at the
exception of LZ and MZ (respectively, p = 0.626; p = 0.142; p = 0.870). Pairwise
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Table 3.4. GLM and post-hoc tests for zinc bioavailable concentrations for months 3-6-9 (M
3-6-9): a) Detail of the GLM results, b) Post-hoc data for treatments (T) showing the p-values
between the treatments (control (C) and zinc (LZ, MZ and HZ)) and c) Post-hoc data for months
(M) showing the p-values between the months 3-6-9. Significant differences are represented in
red (p < 0.05).
 
Post-hoc for 
treatments (T) 
Treatments C LZ MZ HZ 
M 3-6-9  
C 0.000325 0.000167 0.000167 
LZ 0.000325 0.205344 0.000167 
MZ 0.000167 0.205344 0.000167 
HZ 0.000167 0.000167 0.000167 
 
 
GLM 
Factors 
Degree of  
freedom 
F p 
M 3-6-9  
T 3 154.59 0.000000 
Tanks 2 0.09 0.913201 
Months 2 3.65 0.042853 
T*Months 6 1.13 0.377544 
Error 22 
b) 
a) 
 
 
Post-hoc for  
Months (M) 
 
M M 3 M 6 M 9 
M 3-6-9  
M 3 0.107160 0.050932 
M 6 0.107160 
M 9  0.050932 0.925437 
c) 
Table 3.5. GLMs and post-hoc tests for zinc bioavailable concentrations at month 0 (M 0),
month 3 (M 3), month 6 (M 6) and month 9 (M 9): a) GLMs results with the factors treatments
(T) and tanks and b) Post-hoc tests for treatments showing the p-values between the treatments
(control (C) and zinc (LZ, MZ and HZ)). Significant differences are represented in red (p < 0.05).
GLMs Factors 
Degree  
of  
freedom 
F p 
M 0 
T 3 69.01 0.000000 
Tanks 2 1.84 0.175994 
Error 30 
M 3 
T 3 52.46 0.000107 
Tanks 2 0.12 0.889247 
Error 6 
M 6 
T 3 30.87 0.000481 
Tanks 2 0.17 0.845663 
Error 6 
M 9 
T 3 99.89 0.000016 
Tanks 2 1.99 0.216291 
Error 6 
 
Post-hoc 
tests 
T C LZ MZ HZ 
M 0 
C 0.000899 0.000179 0.000160 
LZ 0.000899 0.625080 0.000160 
MZ 0.000179 0.625080 0.000160 
HZ 0.000160 0.000160 0.000160 
M 3 
C 0.047593 0.003768 0.000284 
LZ 0.047593 0.142282 0.000724 
MZ 0.003768 0.142282 0.003876 
HZ 0.000284 0.000724 0.003876 
M 6 
C 0.211522 0.148985 0.000581 
LZ 0.211522 0.990578 0.002090 
MZ 0.148985 0.990578 0.002583 
HZ 0.000581 0.002090 0.002583 
M 9 
C 0.044325 0.019333 0.000247 
LZ 0.044325 0.870144 0.000272 
MZ 0.019333 0.870144 0.000291 
HZ 0.000247 0.000272 0.000291 
a) b) 
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comparisons for month 6 data showed that HZ was significantly higher than C,
LZ and MZ (respectively, p = 0.001; p = 0.002; p = 0.003).
3.3.2.3 Copper & zinc
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Figure 3.9. Sediment copper (Cu) and zinc (Zn) bioavailable concentrations for copper & zinc
combined treatments expressed in mg kg−1 (dry weight) for month 0 (M0) (n = 36), 3 (M3), 6
(M6) and 9 (M9) (n = 3 per treatment and per sampling points). The BCR three-step sequential
extraction procedure was used to determine the copper and zinc bioavailable concentrations in
the sediment.
Copper and zinc concentrations for the copper & zinc combined treatments are
presented in Figure 3.9. Data revealed a decrease of copper and zinc contamination
over time in all the treatments and low levels in the control group with an overall
average of 6.46 mg kg−1 (dry weight) for copper and 24.38 mg kg−1 (dry weight)
for zinc (Figure 3.9).
Months 3-6-9 data for copper from the copper & zinc combined treatments re-
vealed no tank effect, no interaction between months and treatments and no
significant difference between months but an overall significant difference with
treatments (Table 3.6a). Pairwise comparisons showed that all treatments were
significantly different from each other (Table 3.6b).
Months 3-6-9 data for zinc from the copper & zinc combined treatments revealed
no tank effect, no interaction between months and treatments but a significant
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difference with months and treatments (Table 3.6c). Pairwise comparisons for zinc
copper & zinc combined treatments from months 3-6-9, shown in Table 3.6d&e,
confirmed that all treatments were significantly different (p < 0.05) at the excep-
tion of LZ and MZ (p = 0.920) and that month 3 was significantly different from
month 9 (p = 0.006).
Table 3.6. GLM and post-hoc tests for copper & zinc bioavailable concentrations for months
3-6-9 (M 3-6-9). a)-b) refers to copper from Cu & Zn combined treatments: a) Detail of the
GLM results, b) Post-hoc data showing the p-values between the treatments (control (C) and
copper (LC, MC and HC)). c)-e) refers to zinc from Cu & Zn combined treatments: c) Detail
of the GLM results, d) Post-hoc data showing the p-values between the treatments (control (C)
and zinc (LZ, MZ and HZ)) and e) Post-hoc data showing the p-values between the months
3-6-9. Significant differences are represented in red (p < 0.05).
Copper from Cu & Zn 
      Post-hoc for          
      treatments (T) 
T C LC MC HC 
M 3-6-9  
C 0.000167 0.000167 0.000167 
LC 0.000167 0.016058 0.000167 
MC 0.000167 0.016058 0.000167 
HC 0.000167 0.000167 0.000167 
       GLM Factors Degree of freedom F p 
M 3-6-9  
T 3 578.93 0.000000 
Tanks 2 1.92 0.169808 
Months 2 2.75 0.085697 
T*Months 6 1.50 0.223487 
Error 22 
b) 
a)
      GLM Factors Degree of freedom F p 
M 3-6-9  
T 3 230.77 0.000000 
Tanks 2 1.85 0.180200 
Months 2 6.21 0.007276 
T*Months 6 0.66 0.682675 
Error 22 
c) 
Post-hoc    
for T 
T C LZ MZ HZ 
M 3-6-9  
C 0.000167 0.000167 0.000167 
LZ 0.000167 0.919743 0.000167 
MZ 0.000167 0.919743 0.000167 
HZ 0.000167 0.000167 0.000167 
d) 
Post-hoc for  
Months (M) 
M M 3 M 6 M 9 
M 3-6-9  
M 3 0.085836 0.005946 
M 6 0.085836 0.448119 
M 9  0.005946 0.448119 
e) 
Zinc from Cu & Zn 
GLMs analysis for copper data from the copper & zinc combined treatments at
month 0, month 3, month 6 and month 9 revealed no tank effect but a treatment
effect (Table 3.7a). Post-hoc tests after GLMs for copper data at month 0, month
3, month 6 and month 9 are shown in Table 3.7b where all treatments were
significantly different at the exception of LC and MC (respectively, p = 0.225; p
= 0.221; p = 0.351; p = 0.050).
GLMs analysis for zinc data from the copper & zinc combined treatments at month
0, month 3, month 6 and month 9 presented no tank effect but a treatment effect
(Table 3.8a). Post-hoc tests after GLMs for zinc data at month 0, month 3, month
6 and month 9 are shown in Table 3.8b. At month 0, 3 and 9, all treatments were
significantly different at the exception of LZ and MZ (respectively, p = 0.983; p
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Table 3.7. GLMs and post-hoc tests for copper from copper & zinc bioavailable concentrations
at month 0 (M 0), month 3 (M 3), month 6 (M 6) and month 9 (M 9): a) Detail of the GLMs
and b) Post-hoc tests showing the p-values between the treatments (control (C) and copper (LC,
MC and HC). Significant differences are represented in red (p < 0.05).
      GLMs, 
Copper                           
from Cu & 
Zn 
Factors 
Degree  
of  
freedom 
F p 
M 0 
T 3 440.37 0.000000 
Tanks 2 0.44 0.646450 
Error 30 
M 3 
T 3 400.49 0.000000 
Tanks 2 2.62 0.151935 
Error 6 
M 6 
T 3 338.59 0.000000 
Tanks 2 0.18 0.838010 
Error 6 
M 9 
T 3 115.86 0.000011 
Tanks 2 1.78 0.246522 
Error 6 
 
Post-hocs, 
Copper                           
from Cu & Zn 
T C LC MC HC 
M 0 
C 0.000160 0.000160 0.000160 
LC 0.000160 0.225018 0.000160 
MC 0.000160 0.225018 0.000160 
HC 0.000160 0.000160 0.000160 
M 3 
C 0.000246 0.000245 0.000245 
LC 0.000246 0.221391 0.000246 
MC 0.000245 0.221391 0.000252 
HC 0.000245 0.000246 0.000252 
M 6 
C 0.000246 0.000245 0.000245 
LC 0.000246 0.350733 0.000253 
MC 0.000245 0.350733 0.000275 
HC 0.000245 0.000253 0.000275 
M 9 
C 0.000996 0.000307 0.000245 
LC 0.000996 0.050165 0.000401 
MC 0.000307 0.050165 0.002159 
HC 0.000245 0.000401 0.002159 
b) a)
Table 3.8. GLMs and post-hoc tests for zinc from copper & zinc bioavailable concentrations at
month 0 (M 0), month 3 (M 3), month 6 (M 6) and month 9 (M 9): a) Detail of the GLMs and
b) Post-hoc tests showing the p-values between the treatments (control (C) and zinc (LZ, MZ
and HZ). Significant differences are represented in red (p < 0.05).
      GLMs, 
Zinc                          
from Cu & 
Zn 
Factors 
Degree  
of  
freedom 
F p 
M 0 
T 3 588.24 0.000000 
Tanks 2 0.59 0.558263 
Error 30 
M 3 
T 3 75.20 0.000038 
Tanks 2 0.13 0.881180 
Error 6 
M 6 
T 3 36.62 0.000298 
Tanks 2 1.41 0.314798 
Error 6 
M 9 
T 3 103.53 0.000015 
Tanks 2 0.63 0.565048 
Error 6 
a)  
Post-hocs,  
Zinc                          
from Cu & Zn 
T C LZ MZ HZ 
M 0 
C 0.000160 0.000160 0.000160 
LZ 0.000160 0.983235 0.000160 
MZ 0.000160 0.983235 0.000160 
HZ 0.000160 0.000160 0.000160 
M 3 
C 0.043757 0.029489 0.000254 
LZ 0.043757 0.983570 0.000362 
MZ 0.029489 0.983570 0.000398 
HZ 0.000254 0.000362 0.000398 
M 6 
C 0.106621 0.135576 0.000434 
LZ 0.106621 0.996954 0.001714 
MZ 0.135576 0.996954 0.001508 
HZ 0.000434 0.001714 0.001508 
M 9 
C 0.001325 0.000384 0.000246 
LZ 0.001325 0.093838 0.000454 
MZ 0.000384 0.093838 0.002045 
HZ 0.000246 0.000454 0.002045 
b) 
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= 0.984; p = 0.094). For month 6, HZ was significantly higher than C, LZ and
MZ (respectively, p = 0.000; p = 0.002; p = 0.002; Table 3.7).
3.3.3 Metal concentrations in the pore water
3.3.3.1 Copper
Copper concentrations in the pore water showed a decrease in all treatments from
month 3 to month 9 (Figure 3.10). Copper control concentrations ranged from
0.16 µg L−1 (month 9) to 0.79 µg L−1 (month 3) with an overall average for the
nine months experiment of 0.43 µg L−1 (including month 0 data).
0
1
2
3
4
5
6
7
8
9
10
Control Low Medium High
Month 0
Month 3
Month 6
Month 9
Treatments  
C
o
p
p
er
 c
o
n
ce
n
tr
at
io
n
s 
 i
n
 t
h
e 
p
o
re
 w
at
er
  
(µ
g
 L
-1
) 
 
Figure 3.10. Pore water copper concentrations expressed in µg L−1 for month 0 (n = 36), 3, 6
and 9 (n = 3 per treatment and per sampling points). Pore water copper concentrations was
determined by nitric acid digestion.
Months 3-6-9 copper data obtained from the pore water samples revealed no
tank effect but an overall significant difference with treatments, months and an
interaction between months and treatments (Table 3.9a). Pairwise comparisons
detailed in Table 3.9b&c showed that all treatments were significantly different
from each other (p < 0.05) at the exception of LC and MC (p = 0.493) and that
all months were significantly different from each other (p < 0.05).
The interaction between months and treatments for copper data at month 3,
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Table 3.9. GLM and post-hoc tests for copper concentrations in the pore water for months
3-6-9 (M 3-6-9): a) Detail of the GLM results, b) Post-hoc data for treatments (T) showing the
p-values between the treatments (control (C) and copper (LC, MC and HC)) and c) Post-hoc
data for months (M) showing the p-values between the months 3-6-9. Significant differences are
represented in red (p < 0.05).
 
 
GLM 
Factors 
Degree of  
freedom 
F p 
M 3-6-9  
T 3 34.07 0.000000 
Tanks 2 2.67 0.091471 
Months 2 135.48 0.000000 
T*Months 6 3.99 0.007466 
Error 22 
 
Post-hoc for 
treatments (T) 
T C LC MC HC 
M 3-6-9  
C 0.000850 0.000184 0.000167 
LC 0.000850 0.493234 0.000271 
MC 0.000184 0.493234 0.003652 
HC 0.000167 0.000271 0.003652 
 
 
Post-hoc for  
Months (M) 
 
M M 3 M 6 M 9 
M 3-6-9  
M 3 0.001351 0.000136 
M 6 0.001351 0.000136 
M 9  0.000136 0.000136 
a) 
c) 
b) 
6 and 9 is presented in Table 3.10. This matrix showed the effect of months
on the treatments. This Table revealed that in some cases the different copper
concentrations (low, medium and high) from the pore water was dependant on
the months. For instance, this Table revealed the influence of months on HC with
significant differences between m9 HC - m3 HC and m9 HC - m6 HC (both, p =
0.000).
GLMs for month 0, month 3, month 6 and month 9 revealed no tank effect but an
overall significant difference for the treatments (Table 3.11a). Post-hoc tests for
month 0 and month 3 showed that HC was significantly different than C, LC and
MC (Table 3.11b, p < 0.05). Table 3.11b for month 6 data revealed that HC was
significantly different than C (p = 0.001), LC (p = 0.004) and MC (p = 0.023)
and that MC was was significantly different than C (p = 0.035). At month 9, the
control group was significantly different from LC, MC and HC (respectively, p =
0.007; p = 0.036; p = 0.041; Table3.11b).
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Table 3.10. Interaction matrix revealed by the GLM months 3-6-9 (F6,22 = 3.99, p = 0.007; see
Table 3.9), between month 3 (m3), month 6 (m6), month (m9) and treatments for copper pore
water concentrations. Significant differences are represented in red (p < 0.05).
m3 m3 m3 m3 m6 m6 m6 m6 m9 m9 m9 m9 
C  L C M C H C C  L C M C H C C  L C M C H C 
m3 C 0.721571 0.048985 0.000159 0.628312 1.000000 0.873619 0.002895 0.000157 0.089606 0.015188 0.016492 
m3 L C 0.721571 0.849020 0.001542 0.020936 0.737593 1.000000 0.178388 0.000150 0.001299 0.000294 0.000308 
m3 M C 0.048985 0.849020 0.064156 0.000531 0.051891 0.687705 0.973057 0.000150 0.000165 0.000151 0.000151 
m3 H C 0.000159 0.001542 0.064156 0.000150 0.000160 0.000817 0.544380 0.000150 0.000150 0.000150 0.000150 
m6 C 0.628312 0.020936 0.000531 0.000150 0.611149 0.039944 0.000164 0.001705 0.977320 0.633360 0.656366 
m6 L C 1.000000 0.737593 0.051891 0.000160 0.611149 0.884699 0.003077 0.000156 0.084790 0.014284 0.015517 
m6 M C 0.873619 1.000000 0.687705 0.000817 0.039944 0.884699 0.102015 0.000150 0.002502 0.000456 0.000486 
m6 H C 0.002895 0.178388 0.973057 0.544380 0.000164 0.003077 0.102015 0.000150 0.000150 0.000150 0.000150 
m9 C 0.000157 0.000150 0.000150 0.000150 0.001705 0.000156 0.000150 0.000150 0.027359 0.149668 0.139701 
m9 L C 0.089606 0.001299 0.000165 0.000150 0.977320 0.084790 0.002502 0.000150 0.027359 0.999156 0.999442 
m9 M C 0.015188 0.000294 0.000151 0.000150 0.633360 0.014284 0.000456 0.000150 0.149668 0.999156 1.000000 
m9 H C 0.016492 0.000308 0.000151 0.000150 0.656366 0.015517 0.000486 0.000150 0.139701 0.999442 1.000000 
Table 3.11. GLMs and post-hoc tests for copper concentrations in the pore water at month 0
(M 0), month 3 (M 3), month 6 (M 6) and month 9 (M 9): a) GLMs results with the factors
treatments (T) and tanks and b) Post-hoc tests for treatments showing the p-values between the
treatments (control (C) and copper (LC, MC and HC)). Significant differences are represented
in red (p < 0.05).
GLMs Factors 
Degree  
of  
freedom 
F p 
 
Post-hoc 
tests  
T C LC MC HC 
M 0 
T 3 8.70 0.000264 
M 0 
C 0.618744 0.171470 0.000308 
LC 0.618744 0.807888 0.004822 
Tanks 2 0.37 0.695732 
MC 0.171470 0.807888 0.042582 
Error 30 HC 0.000308 0.004822 0.042582 
M 3 
T 3 14.82 0.003510 
M 3 
C 0.582250 0.118551 0.003140 
LC 0.582250 0.537539 0.009915 
Tanks 2 0.88 0.459033 
MC 0.118551 0.537539 0.043559 
Error 6 HC 0.003140 0.009915 0.043559 
M 6 
T 3 22.73 0.001121 
M 6 
C 0.277311 0.035396 0.001054 
LC 0.277311 0.380544 0.004380 
Tanks 2 3.23 0.111430 
MC 0.035396 0.380544 0.023040 
Error 6 HC 0.001054 0.004380 0.023040 
M 9 
T 3 10.17 0.009093 
M 9 
C 0.007293 0.035525 0.041114 
LC 0.007293 0.463963 0.404696 
Tanks 2 4.28 0.69953 
MC 0.035525 0.463963 0.999176 
Error 6 HC 0.041114 0.404696 0.999176 
a) b) 
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3.3.3.2 Zinc
Zinc pore water data, presented in Figure 3.11, showed a decrease from month 3
to month 9 with the highest value (66.94 µg L−1) obtained at month 0 in the high
treatment.
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Figure 3.11. Pore water zinc concentrations expressed in µg L−1 for month 0 (n = 36), 3, 6 and 9
(n = 3 per treatment and per sampling points). Pore water zinc concentrations was determined
by nitric acid digestion.
GLM analysis for months 3-6-9 zinc pore water concentrations showed no tank
effect but a treatment and a month effect and an interaction effect between months
and treatments (Table 3.12a). Regarding the treatments, only HZ was significantly
different from control (p = 0.033; Table 3.12b). Pairwise comparisons revealed
that all months were significantly different (all, p <0.05; Table 3.12c).
Detail of the p-values for the interaction between months and treatments are
shown in Table 3.13. Same as for copper, this Table revealed that in some cases the
different pore water zinc concentrations obtained were dependant on the months.
From this Table, month 3 treatments were significantly different from month 6 and
9 treatments revealing the importance of months on all the zinc treatments.
No significant differences were recorded for month 3 and month 6 zinc pore water
data neither for treatments or tanks (Table 3.14a). Month 0 and month 9 zinc
pore water data showed no tank effect but a significant difference was observed for
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Table 3.12. GLM and post-hoc tests for zinc concentrations in the pore water for months 3-
6-9 (M 3-6-9): a) Detail of the GLM results, b) Post-hoc data for treatments (T) showing
the p-values between the treatments (control (C) and zinc (LZ, MZ and HZ)) and c) Post-hoc
data for months (M) showing the p-values between the months 3-6-9. Significant differences are
represented in red (p < 0.05).
 
Post-hoc for 
treatments (T) 
Treatments C LZ MZ HZ 
M 3-6-9  
C 0.996059 0.213208 0.032676 
LZ 0.996059 0.303776 0.052421 
MZ 0.213208 0.303776 0.771373 
HZ 0.032676 0.052421 0.771373 
 
 
GLM 
Factors 
Degree of  
freedom 
F p 
M 3-6-9  
T 3 4.12 0.018449 
Tanks 2 0.92 0.411979 
Months 2 176.63 0.000000 
T*Months 6 9.26 0.000041 
Error 22 
b) 
a) 
 
 
Post-hoc for  
Months (M) 
 
M M 3 M 6 M 9 
M 3-6-9  
M 3 0.000136 0.000136 
M 6 0.000136 0.000162 
M 9  0.000136 0.000162 
c) 
Table 3.13. Interaction matrix revealed by the GLM months 3-6-9 (F6,22 = 9.26, p = 0.000; see
Table 3.12) between month 3 (m3), month 6 (m6), month (m9) and treatments for zinc pore
water concentrations. Significant differences are represented in red (p < 0.05).
m3 m3 m3 m3 m6 m6 m6 m6 m9 m9 m9 m9 
C  L Z M Z H Z C  L Z M Z H Z C  L Z M Z H Z 
m3 C 0.992312 0.996778 0.999999 0.000742 0.000151 0.000153 0.000176 0.000150 0.000150 0.000153 0.000157 
m3 L Z 0.992312 1.000000 0.999915 0.007912 0.000171 0.000203 0.000581 0.000150 0.000150 0.000207 0.000272 
m3 M Z 0.996778 1.000000 0.999986 0.006210 0.000165 0.000189 0.000479 0.000150 0.000150 0.000193 0.000242 
m3 H Z 0.999999 0.999915 0.999986 0.001834 0.000153 0.000159 0.000232 0.000150 0.000150 0.000160 0.000172 
m6 C 0.000742 0.007912 0.006210 0.001834 0.449806 0.663716 0.981789 0.000150 0.005345 0.682215 0.841866 
m6 L Z 0.000151 0.000171 0.000165 0.000153 0.449806 1.000000 0.985701 0.000297 0.525088 1.000000 0.999893 
m6 M Z 0.000153 0.000203 0.000189 0.000159 0.663716 1.000000 0.999259 0.000210 0.328654 1.000000 1.000000 
m6 H Z 0.000176 0.000581 0.000479 0.000232 0.981789 0.985701 0.999259 0.000156 0.074802 0.999473 0.999994 
m9 C 0.000150 0.000150 0.000150 0.000150 0.000150 0.000297 0.000210 0.000156 0.031092 0.000205 0.000175 
m9 L Z 0.000150 0.000150 0.000150 0.000150 0.005345 0.525088 0.328654 0.074802 0.031092 0.313737 0.193904 
m9 M Z 0.000153 0.000207 0.000193 0.000160 0.682215 1.000000 1.000000 0.999473 0.000205 0.313737 1.000000 
m9 H Z 0.000157 0.000272 0.000242 0.000172 0.841866 0.999893 1.000000 0.999994 0.000175 0.193904 1.000000 
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the treatments (Table 3.14a). Post-hoc tests for month 0 and month 9 are shown
in Table 3.14b. For month 0, the control group was significantly lower than LZ,
MZ and HZ (respectively, p = 0.007; p = 0.009; p = 0.000) and where HZ was
significantly higher than LZ and MZ (both, p < 0.05). For month 9, the control
group was significantly lower than LZ, MZ and HZ (respectively, p = 0.011; p
= 0.000; p = 0.000) and LZ significantly different from MZ and HZ (both, p <
0.05).
Table 3.14. GLMs and post-hoc tests for zinc concentrations in the pore water at month 0
(M 0), month 3 (M 3), month 6 (M 6) and month 9 (M 9): a) GLMs results with the factors
treatments (T) and tanks and b) Post-hoc tests for treatments showing the p-values between
the treatments (control (C) and zinc (LZ, MZ and HZ)). Significant differences are represented
in red (p < 0.05).
 
Post-hoc 
tests 
T C LZ MZ HZ 
M 0 
C 0.006843 0.008518 0.00160 
LZ 0.999783 0.00160 
MZ 0.00160 
HZ 0.000160 
M 9 
C 0.010863 0.000251 0.000247 
LZ 
MZ 
HZ 
GLMs Factors 
Degree  
of  
freedom 
F p 
M 0 
T 3 51.73 0.000000 
0.006843 
Tanks 2 0.071 0.931799 
0.008518 0.999783 
Error 30 0.000160 0.000160 
M 3 
T 3 0.29 0.833952 
Tanks 2 1.06 0.402343 
Error 6 
M 6 
T 3 3.73 0.080011 
Tanks 2 2.15 0.197604 
Error 6 
M 9 
T 3 122.66 0.000009 
0.010863 0.000458 0.000309 
Tanks 2 3.23 0.111591 
0.000251 0.000458 0.429009 
Error 6 0.000247 0.000309 0.429009 
a) b) 
3.3.3.3 Copper & zinc
Copper & zinc combined treatments showed a decrease over the nine months
experiment with the most important decrease in the high copper & zinc treatments
especially noticeable for zinc (Figure 3.12).
The GLM analysis of copper data for months 3-6-9 showed no tank effect, no
interaction between months and treatments but significant differences for treat-
ments and months (Table 3.15a). Pairwise comparisons shown in Table 3.15b&c
reported that HC was significantly different from C, LC and MC (all, p < 0.05)
86
3. Long-term exposure to copper and
zinc contaminants
200
400
600
0
10
20
30
40
50
60
70
80
M0 M3 M6 M9 M0 M3 M6 M9 M0 M3 M6 M9 M0 M3 M6 M9
Control Low Medium High
Cu
Zn
Treatments  
M
et
al
 c
o
n
ce
n
tr
at
io
n
s 
 i
n
 t
h
e 
p
o
re
 w
at
er
 (
µ
g
 L
-1
) 
 
Figure 3.12. Pore water copper and zinc concentrations expressed in µg L−1 for the copper &
zinc combined treatments for month 0 (M0) (n = 36), 3 (M3), 6 (M6) and 9 (M9) (n = 3 per
treatment and per sampling points). Pore water metal concentrations was determined by nitric
acid digestion.
and that month 9 was significantly different from month 3 and month 6 (both, p
< 0.05).
Zinc months 3-6-9 revealed no tank effect but significant differences for treatments,
months and for the interaction between months and treatments (Table 3.15d).
Post-hoc tests (Table 3.15e&f) revealed that all zinc treatments were significantly
different from each other (all, p < 0.05) at the exception of low and medium
treatments (p = 0.999) and that all months were significantly different (all, p <
0.05).
The p-values detailing the interaction between months and treatments for zinc
data from copper & zinc combined treatments are shown in Table 3.16. This Table
showed where the effect of treatments was different depending on the months. For
example, m3 HCZ was significantly different from all the other treatments with
the exception of m6 HCZ (p = 0.882). In addition, m9 control was significantly
different from all the treatments (p < 0.05).
Month 0, month 3, month 6 and month 9 for copper from the copper & zinc
combined treatments revealed no tank but a treatment effect (Table 3.17a). Post-
hoc tests for copper data month 0, month 3, month 6 and month 9 are presented in
87
3. Long-term exposure to copper and
zinc contaminants
Table 3.15. GLM and post-hoc tests for copper & zinc concentrations in the pore water for
months 3-6-9 (M 3-6-9). a)-c) refers to copper from Cu & Zn combined treatments: a) Detail
of the GLM results, b) Post-hoc data showing the p-values between the treatments (control (C)
and copper (LC, MC and HC)) and c) Post-hoc data showing the p-values between the months
3-6-9. d)-f) refers to zinc from Cu & Zn combined treatments: d) Detail of the GLM results,
e) Post-hoc data showing the p-values between the treatments (control (C) and zinc (LZ, MZ
and HZ)) and f) Post-hoc data showing the p-values between the months 3-6-9. Significant
differences are represented in red (p < 0.05).
 
Post-hoc  
for treatments 
T C LC MC HC 
M 3-6-9  
C 0.282793 0.093521 0.000168 
LC 0.282793 0.921634 0.000329 
MC 0.093521 0.921634 0.000940 
HC 0.000168 0.000329 0.000940 
      GLM Factors Degree of freedom F P 
M 3-6-9  
T 3 17.87 0.000004 
Tanks 2 1.08 0.356414 
Months 2 39.51 0.000000 
T*Months 6 0.50 0.798080 
Error 22 
b) 
a) 
      GLM Factors Degree of freedom F p 
M 3-6-9  
T 3 86.95 0.000000 
Tanks 2 0.13 0.879592 
Months 2 56.05 0.000000 
T*Months 6 16.11 0.000000 
Error 22 
d)
 
Post-hoc    
for treatments 
T C LZ MZ HZ 
M 3-6-9  
C 0.000167 0.000167 0.000167 
LZ 0.000167 0.999951 0.000167 
MZ 0.000167 0.999951 0.000167 
HZ 0.000167 0.000167 0.000167 
e)  
Post-hoc for  
Months  
M M 3 M 6 M 9 
M 3-6-9  
M 3 0.000166 0.000136 
M 6 0.000166 0.000266 
M 9  0.000136 0.000266 
f) 
 
Post-hoc for  
Months  
M M 3 M 6 M 9 
M 3-6-9  
M 3 0.941828 0.000136 
M 6 0.941828 0.000136 
M 9  0.000136 0.000136 
c) 
Zinc from Cu & Zn 
Copper from Cu & Zn 
Table 3.17b. All treatments were significantly different at the exception of LC and
MC (p = 0.437) for month 0. No significant differences were obtained between the
treatments at month 3. At month 6, the control group was significantly lower than
LC, MC and HC (all, p < 0.05). Finally, at month 9, only HC was significantly
different from C (p = 0.0273).
Month 0, month 3, month 6 and month 9 for copper from the copper & zinc
combined treatments revealed no tank but a treatment effect (Table 3.18a). Post-
hoc tests for copper data month 0, month 3, month 6 and month 9 are presented
in Table 3.18b. Post-hoc test for month 0 zinc data showed that all treatments
were significantly different from each other (all, p < 0.05) at the exception of LZ
and MZ (p = 0.469). For month 3 and 6, HZ were significantly higher than C, LZ
and MZ (all, p < 0.05). Finally, post-hoc test for month 9 data showed that the
control group was significantly lower than LZ, MZ and HZ (all, p < 0.05).
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Table 3.16. Interaction matrix revealed by the GLM months 3-6-9 (F6,22 = 16.11, p = 0.000;
see Table 3.15) between month 3 (m3), month 6 (m6), month (m9) and zinc pore water concen-
trations from copper & zinc combined treatments. Significant differences are represented in red
(p < 0.05).
m3 m3 m3 m3 m6 m6 m6 m6 m9 m9 m9 m9 
C  L C Z M C Z H C Z C  L C Z M C Z H C Z C  L C Z M C Z H C Z 
m3 C 0.983518 0.971844 0.000188 0.138413 0.924882 0.440214 0.002345 0.000150 0.993895 1.000000 0.985822 
m3 L C Z 0.983518 1.000000 0.000941 0.011301 0.288179 0.053425 0.033442 0.000150 0.532577 0.962076 1.000000 
m3 M C Z 0.971844 1.000000 0.001137 0.009195 0.248347 0.044034 0.040714 0.000150 0.476556 0.941658 1.000000 
m3 H C Z 0.000188 0.000941 0.001137 0.000150 0.000150 0.000150 0.882096 0.000150 0.000152 0.000175 0.000897 
m6 C 0.138413 0.011301 0.009195 0.000150 0.882536 0.999802 0.000150 0.000150 0.646312 0.181738 0.011918 
m6 L C Z 0.924882 0.288179 0.248347 0.000150 0.882536 0.998326 0.000202 0.000150 0.999998 0.961481 0.299172 
m6 M C Z 0.440214 0.053425 0.044034 0.000150 0.999802 0.998326 0.000154 0.000150 0.961285 0.530019 0.056144 
m6 H C Z 0.002345 0.033442 0.040714 0.882096 0.000150 0.000202 0.000154 0.000150 0.000315 0.001694 0.031767 
m9 C 0.000150 0.000150 0.000150 0.000150 0.000150 0.000150 0.000150 0.000150 0.000150 0.000150 0.000150 
m9 L C Z 0.993895 0.532577 0.476556 0.000152 0.646312 0.999998 0.961285 0.000315 0.000150 0.998342 0.547339 
m9 M C Z 1.000000 0.962076 0.941658 0.000175 0.181738 0.961481 0.530019 0.001694 0.000150 0.998342 0.966404 
m9 H C Z 0.985822 1.000000 1.000000 0.000897 0.011918 0.299172 0.056144 0.031767 0.000150 0.547339 0.966404 
Table 3.17. GLMs and post-hoc tests for copper from copper & zinc concentrations in the pore
water at month 0 (M 0), month 3 (M 3), month 6 (M 6) and month 9 (M 9): a) Detail of
the GLMs and b) Post-hoc tests showing the p-values between the treatments (control (C) and
copper (LC, MC and HC). Significant differences are represented in red (p < 0.05).
      GLMs, 
Copper                           
from Cu & 
Zn 
Factors 
Degree  
of  
freedom 
F p 
M 0 
T 3 55.82 0.000000 
Tanks 2 0.38 0.686963 
Error 30 
M 3 
T 3 4.76 0.049877 0.987078 0.815922 0.053736 
0.987078 0.942061 0.078654 
Tanks 2 0.89 0.456985 
0.815922 0.942061 0.153098 
Error 6 0.053736 0.078654 0.153098 
M 6 
T 3 66.41 0.000054 0.000343 0.000301 0.000291 
0.000343 0.899265 0.768950 
Tanks 2 0.35 0.719513 
0.000301 0.899265 0.990831 
Error 6 0.000291 0.768950 0.990831 
M 9 
T 3 5.53 0.036588 0.485213 0.209946 0.027318 
0.485213 0.875586 0.159376 
Tanks 2 0.59 0.582208 
0.209946 0.875586 0.380941 
Error 6 0.027318 0.159376 0.380941 
 
Post-hocs, 
Copper                           
from Cu & Zn 
T C LC MC HC 
M 0 
C 0.006260 0.000241 0.000160 
LC 0.006260 0.436896 0.000160 
MC 0.000241 0.436896 0.000160 
HC 0.000160 0.000160 0.000160 
M 3 
C 
LC 
MC 
HC 
M 6 
C 
LC 
MC 
HC 
M 9 
C 
LC 
MC 
HC 
b) a)
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Table 3.18. GLMs and post-hoc tests for zinc from copper & zinc concentrations in the pore
water at month 0 (M 0), month 3 (M 3), month 6 (M 6) and month 9 (M 9): a) Detail of the
GLMs and b) Post-hoc tests showing the p-values between the treatments (control (C) and zinc
(LZ, MZ and HZ). Significant differences are represented in red (p < 0.05).
 
Post-hocs,  
Zinc                          
from Cu & Zn 
T C LZ MZ HZ 
M 0 
C 
LZ 
MZ 
HZ 
M 3 
C 
LZ 
MZ 
HZ 
M 6 
C 
LZ 
MZ 
HZ 
M 9 
C 
LZ 
MZ 
HZ 
      GLMs, 
Zinc                          
from Cu & 
Zn 
Factors 
Degree  
of  
freedom 
F p 
M 0 
T 3 135.10 0.000000 0.000160 0.000160 0.000160 
0.000160 0.469142 0.000160 
Tanks 2 0.14 0.866305 
0.000160 0.469142 0.000160 
Error 30 0.000160 0.000160 0.000160 
M 3 
T 3 20.80 0.001426 0.541387 0.594065 0.001639 
0.541387 0.99618 0.004699 
Tanks 2 0.73 0.518115 
0.594065 0.99618 0.004320 
Error 6 0.001639 0.004699 0.004320 
M 6 
T 3 85.28 0.000026 0.423481 0.206409 0.000254 
0.423481 0.919245 0.000274 
Tanks 2 2.81 0.137568 
0.206409 0.919245 0.000290 
Error 6 0.000254 0.000274 0.000290 
M 9 
T 3 34.64 0.000348 0.001370 0.000936 0.000599 
0.001370 0.921599 0.477033 
Tanks 2 0.10 0.908285 
0.000936 0.921599 0.801207 
Error 6 0.000599 0.477033 0.801207 
a) b) 
3.3.4 Metal accumulations in the worms from the nine
months experiment
3.3.4.1 Copper
Copper accumulation in the worms over the nine months experiment showed an
increase from month 3 to month 6 followed by a decrease in all treatments except
for the control (Figure 3.13). The worms in the control group had in their tissues
an average of 8.32 µg g−1 (dry weight) of copper over time.
Statistical analysis of copper months 3-6-9 data revealed no tank effect and no
interaction between months and treatments, however, an overall significant differ-
ence was observed for months and treatments (Table 3.19a). Pairwise comparisons
shown in Table 3.19b&c revealed that all treatments and all months were signif-
icantly different from one and another and that all treatments were significantly
different from one and another (p < 0.05).
Month 3, 6 and 9 copper data had no tank but a treatment effect (Table 3.20a).
Post-hoc tests for month 3, 6 and 9 copper data are shown in Table 3.20b. At
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Figure 3.13. Copper accumulations in the worm tissues expressed in µg g−1 (dry weight) for the
sampling points month 3, 6 and 9 (n = 17 for control, low and medium treatments; n = 9 for
high treatment). Nitric acid digestion was used to determine the tissue metal concentrations.
Table 3.19. GLM and post-hoc tests for copper accumulations for months 3-6-9 (M 3-6-9): a)
Detail of the GLM results, b) Post-hoc data for treatments (T) showing the p-values between
the treatments (control (C) and copper (LC, MC and HC)) and c) Post-hoc data for months
(M) showing the p-values between the months 3-6-9. Significant differences are represented in
red (p < 0.05).
 
 
GLM 
Factors 
Degree of  
freedom 
F p 
M 3-6-9  
T 3 110.57 0.000000 
Tanks 2 3.07 0.069853 
Months 2 28.22 0.000002 
T*Months 6 1.65 0.187382 
Error 19 
 
Post-hoc for 
treatments (T) 
T C LC MC HC 
M 3-6-9  
C 0.000225 0.000181 0.000181 
LC 0.000225 0.000189 0.000181 
MC 0.000181 0.000189 0.000197 
HC 0.000181 0.000181 0.000197 
 
 
Post-hoc for  
Months (M) 
 
M M 3 M 6 M 9 
M 3-6-9  
M 3 0.000952 0.016078 
M 6 0.000952 0.000144 
M 9  0.016078 0.000144 
a) 
c) 
b) 
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Table 3.20. GLMs and post-hoc tests for copper accumulations at month 3 (M 3), month 6
(M 6) and month 9 (M 9): a) GLMs results with the factors treatments (T) and tanks and
b) Post-hoc tests for treatments showing the p-values between the treatments (control (C) and
copper (LC, MC and HC)). Significant differences are represented in red (p < 0.05).
GLMs Factors 
Degree  
of  
freedom 
F p 
 
Post-hoc 
tests  
T C LC MC HC 
M 3 
T 3 85.36 0.000103 
M 3 
C 0.894673 0.098936 0.000370 
LC 0.894673 0.210118 0.000393 
Tanks 2 2.588 0.170190 
MC 0.098936 0.210118 0.000553 
Error 5 HC 0.000370 0.000393 0.000553 
M 6 
T 3 13.36 0.008002 
M 6 
C 0.898369 0.072388 0.008790 
LC 0.898369 0.149978 0.013578 
Tanks 2 0.88 0.468035 
MC 0.072388 0.149978 0.102631 
Error 5 HC 0.008790 0.013578 0.102631 
M 9 
T 3 20.58 0.003042 
M 9 
C 0.168968 0.012517 0.003400 
LC 0.168968 0.137667 0.014628 
Tanks 2 0.65 0.559608 
MC 0.012517 0.137667 0.121217 
Error 5 HC 0.003400 0.014628 0.121217 
a) b) 
month 3, HC was significantly higher than C, LC and MC (all, p < 0.05). Month
6 copper data revealed that HC was significantly higher than C (p = 0.009) and
LC (p = 0.014). Finally, month 9 copper data showed that the control group was
significantly lower than MC (p = 0.013) and HC (p = 0.003) and where HC was
also significantly higher than LC (p = 0.015).
3.3.4.2 Zinc
Zinc accumulations in the worms over time for all treatments are shown in Figure
3.14. The average zinc accumulation in the control group was 63.02 µg g−1 (dry
weight).
Statistical analysis of zinc months 3-6-9 data revealed no tank effect or interaction
between months and treatments but an overall significant difference for treatments
and months (Table 3.21a). Pairwise comparisons in Table 3.21b&c showed that
MZ and HZ were significantly different from C and LC (p < 0.05) and that month
9 was significantly different from month 6 (p = 0.012) and from month 3 (p =
0.010).
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Figure 3.14. Zinc accumulations in the worm tissues expressed in µg g−1 (dry weight) for the
sampling points month 3, 6 and 9 (n = 17 for control; n = 16 for low and medium treatments,
n = 15 for high treatment). Nitric acid digestion was used to determine the tissue metal
concentrations
Table 3.21. GLM and post-hoc tests for zinc accumulations for months 3-6-9 (M 3-6-9): a)
Detail of the GLM results, b) Post-hoc data for treatments (T) showing the p-values between
the treatments (control (C) and zinc (LZ, MZ and HZ)) and c) Post-hoc data for months (M)
showing the p-values between the months 3-6-9. Significant differences are represented in red (p
< 0.05).
 
Post-hoc for 
treatments (T) 
Treatments C LZ MZ HZ 
M 3-6-9  
C 0.292206 0.000632 0.000346 
LZ 0.292206 0.023687 0.009457 
MZ 0.000632 0.023687 0.974179 
HZ 0.000346 0.009457 0.974179 
 
 
GLM 
Factors 
Degree of  
freedom 
F p 
M 3-6-9  
T 3 11.32 0.000147 
Tanks 2 1.61 0.224301 
Months 2 6.46 0.006830 
T*Months 6 2.48 0.058524 
Error 20 
b) 
a) 
 
 
Post-hoc for  
Months (M) 
 
M M 3 M 6 M 9 
M 3-6-9  
M 3 0.996170 0.010290 
M 6 0.996170 0.012188 
M 9  0.010290 0.012188 
c) 
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Table 3.22. GLMs and post-hoc tests for zinc accumulations at month 3 (M 3), month 6 (M 6)
and month 9 (M 9): a) GLMs results with the factors treatments (T) and tanks and b) Post-hoc
tests for treatments showing the p-values between the treatments (control (C) and zinc (LZ, MZ
and HZ)). Significant differences are represented in red (p < 0.05).
GLMs Factors 
Degree  
of  
freedom 
F p 
M 3 
T 3 21.05 0.00138 
Tanks 2 0.11 0.901672 
Error 6 
M 6 
T 3 13.19 0.00473 
Tanks 2 2.81 0.107823 
Error 6 
M 9 
T 3 7.74 0.038414 
Tanks 2 4.12 0.066114 
Error 4 
 
Post-hoc 
tests 
T C LZ MZ HZ 
M 3 
C 0.009664 0.002254 0.001946 
LZ 0.009664 0.382631 0.303266 
MZ 0.002254 0.382631 0.996569 
HZ 0.001946 0.303266 0.996569 
M 6 
C 0.999748 0.175896 0.006451 
LZ 0.999748 0.195347 0.006977 
MZ 0.175896 0.195347 0.080982 
HZ 0.006451 0.006977 0.080982 
M 9 
C 1.000000 0.030179 0.909042 
LZ 1.000000 0.030155 0.908647 
MZ 0.030179 0.030155 0.049194 
HZ 0.909042 0.908647 0.049194 
a) b) 
GLMs for zinc pore water at month 3, 6 and 9 reported no tank effect but an
overall significant difference for treatments (Table 3.22a). Post-hocs for month 3,
6 and 9 are shown in Table 3.22b. For month 3, the control group was significantly
lower than LZ, MZ and HZ (respectively, p = 0.010; p = 0.002; p = 0.002). At
month 6, HZ was significantly higher than C (p = 0.006) and LZ (p = 0.007).
Finally, at month 9 zinc MZ was significantly higher than C (p = 0.030), LZ (p
= 0.030) and lower than HZ (p = 0.049).
3.3.4.3 Copper & zinc
The copper & zinc combined treatment are presented in Figure 3.15. Data showed
variability for copper over time whereas zinc concentrations was very similar over
the nine months in all treatments except in high copper & zinc combined treat-
ments.
Copper data for months 3-6-9 showed no tank effect but a significant difference
for treatments and months (Table 3.23a). Tukey’s test, detailed in Table 3.23b&c,
showed that all treatments were significantly different (p < 0.05) except LC - MC
and that month 9 was significantly different from month 3 (p = 0.021) and 6 (p
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Figure 3.15. Metal accumulations in the worm tissues expressed in µg g−1 (dry weight) for
the sampling points month 3, 6 and 9 (n = 17 for control; n = 16 for low treatment; n = 14
for medium treatment). No data were reported for month 9 at high treatment as no worms
survived. No errors bars are displayed for month 3 and month 6 at high treatment as only one
worm survived at these sampling time. Nitric acid digestion was used to determine the tissue
metal concentrations.
= 0.000). No tank or month effect but a significant difference for treatments was
obtained from zinc data for months 3-6-9 (Table 3.23d) where the control group
was lower than LZ, MZ and HZ (respectively, p = 0.002; p = 0.006; p = 0.005;
Table 3.23e).
Month 3 copper data showed no significant differences for tanks or treatments
(Table 3.24a). Both month 6 and month 9 copper data showed no tank effect but
a significant difference for treatments (Table 3.24a). Post-hoc tests for month 6
and month 9 copper are shown in Table 3.24b. For month 6, the control group
was significantly lower than LC, MC and HC (respectively, p = 0.043; p = 0.007;
p = 0.008) and LC was significantly lower than HC (p = 0.034). At month 9 only
MC was significantly higher than the control group (p = 0.023). Month 3 zinc
data (Table 3.24c&d) revealed a significant difference for treatments not tanks
where only control was significantly different from MZ (p = 0.025). No significant
differences were reported for tanks or treatments at month 6 and 9 for zinc data
(Table 3.24c).
95
3. Long-term exposure to copper and
zinc contaminants
Table 3.23. GLM and post-hoc tests for copper & zinc accumulations for months 3-6-9 (M 3-6-9).
a)-c) refers to copper from Cu & Zn combined treatments: a) Detail of the GLM, b) Post-hoc
data showing the p-values between the treatments and c) Post-hoc data showing the p-values
between the months 3-6-9. d)-e) refers to zinc from Cu & Zn combined treatments: d) Detail
of the GLM and e) Post-hoc data showing the p-values between the treatments. Significant
differences are represented in red (p < 0.05).
 
Post-hoc  
for treatments 
T C LC MC HC 
M 3-6-9  
C 0.000682 0.000209 0.000231 
LC 0.000682 0.523649 0.010722 
MC 0.000209 0.523649 0.047063 
HC 0.000231 0.010722 0.047063 
      GLM Factors Degree of freedom F P 
M 3-6-9  
T 3 20.95 0.000002 
Tanks 2 0.12 0.888288 
Months 2 0.17 0.008155 
Error 20 
b) 
a) 
      GLM Factors Degree of freedom F p 
M 3-6-9  
T 3 10.66 0.000212 
Tanks 2 0.49 0.614115 
Months 2 1.12 0.343641 
Error 20 
d)
 
Post-hoc    
for treatments 
T C LZ MZ HZ 
M 3-6-9  
C 0.001849 0.006280 0.005340 
LZ 0.001849 0.989020 0.303318 
MZ 0.006280 0.989020 0.237920 
HZ 0.005340 0.303318 0.237920 
e) 
 
Post-hoc for  
Months  
M M 3 M 6 M 9 
M 3-6-9  
M 3 0.266465 0.021306 
M 6 0.266465 0.000927 
M 9  0.021306 0.000927 
c) 
Zinc from Cu & Zn 
Copper from Cu & Zn 
Table 3.24. GLMs and post-hoc tests for copper & zinc accumulations at month 3 (M 3), month
6 (M 6) and month 9 (M 9). a)-b) refers to copper from copper & zinc accumulations: a) Detail
of the GLMs and b) Post-hoc tests showing the p-values between the treatments. c)-d) refers to
zinc from copper & zinc accumulations: c) Detail of the GLMs and d) Post-hoc tests showing
the p-values between the treatments. No data were reported for month 9 at high copper & zinc
as no worms survived. Significant differences are represented in red (p < 0.05).
 
Post-hocs 
T C LC MC HC 
M 3 
C 
LC 
MC 
HC 
M 6 
C 
LC 
MC 
HC 
M 9 
C 
LC 
MC 
      
GLMs 
Factors 
Degree  
of freedom 
F p 
M 3 
T 3 2.62 0.186891 
Tanks 2 0.21 0.818681 
Error 4 
M 6 
T 3 31.97 0.002965 0.042862 0.007321 0.007597 
0.042862 0.145437 0.034456 
Tanks 2 1.98 0.252399 
0.007321 0.145437 0.132827 
Error 4 0.007597 0.034456 0.132827 
M 9 
T 2 15.53 0.026128 0.074650 0.023399 
0.074650 0.149387 
Tanks 2 2.95 0.195127 
0.023399 0.149387 
Error 3 
b) a)
 
GLMs 
Factors 
Degree  
of freedom 
F p 
M 3 
T 3 10.32 0.023587 
Tanks 2 2.36 0.210193 
Error 4 
M 6 
T 3 5.32 0.070156 
Tanks 2 0.01 0.998502 
Error 4 
M 9 
T 2 7.28 0.070528 
Tanks 2 0.63 0.591619 
Error 3 
c)  
Post-hocs 
T C LZ MZ HZ 
M 3 
C 0.056548 0.025094 0.094333 
LZ 0.056548 0.711363 0.734994 
MZ 0.025094 0.711363 0.972904 
HZ 0.094333 0.734994 0.972904 
M 6 
C 
LZ 
MZ 
HZ 
M 9 
C 
LZ 
MZ 
d) 
Zinc from Cu & Zn 
Copper from Cu & Zn 
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3.3.5 BioAccumulation Ratios (BARs)
The BioAccumulation Ratios (BARs) calculated showed the highest accumulation
ratio for copper alone (BAR = 9.86) or combined (BAR = 7.83) in comparison
to zinc alone (BAR = 1.78) or combined (BAR = 1.74) over the nine months
experiment (Table 3.25). BARs levels varied over time and depending on the
concentrations. At low concentrations, BARs levels were higher in the combined
copper & zinc treatments (except low Zn m3) whereas at medium concentrations,
BARs levels were lower over the nine months experiment. The highest BAR was
recorded at month 6 for copper in the HCZ treatment. Moreover, the data revealed
higher BARs for copper and zinc in the HCZ treatment than in copper or zinc
alone for month 6 only. Finally, the BARs results showed, at the exception of low
zinc month 3, that an increase of BAR from copper alone to copper combined
was also supported by an increase of BAR from zinc alone to zinc combined.
The decrease of BAR from copper alone to copper combined was also linked to a
decrease of BAR from zinc alone to zinc combined.
Table 3.25. BioAccumulation Ratios (BARs) for copper and zinc alone and combined treatments
(L, low; M, medium; H, high) for month 3, month 6 and month 9 calculated as followed: BARc
=[COrg,Poll.]/[COrg,Contr.] (Ruus et al. 2005). No ratio was obtained for month 9 in the
combined treatments as no worms survived.
BioAccumulation Ratios (BARs) 
Month 3 Month 6 Month 9 
Average 
9 months 
Average 
treatments 
Cu alone 
L 1.80 3.18 2.00 2.32 
9.86 M  4.46 11.60 4.67 6.91 
H 21.39 23.82 15.84 20.35 
Zn alone 
L 1.88 0.96 1.09 1.31 
 1.78 M  2.35 1.56 1.57 1.83 
H 2.44 2.35 1.80 2.20 
Cu from  
Cu & Zn 
L 6.04 3.70 2.51 4.08 
 7.83 M  4.18 7.67 3.89 5.25 
H 11.77 30.69 14.15 
Zn from  
Cu & Zn 
L 1.57 1.33 1.55 1.48 
 1.74 M  1.73 1.38 1.15 1.42 
H 1.83 5.07 2.30 
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3.3.6 Mortality over the nine months experiment
Mortality ranged from 0 % (month 6) to 38 % (month 9) for the control group
with the lowest overall average of 17 % compared to the other treatments (Figure
3.26). In opposition, treatments HC and HCZ had the highest mortality rate with
an overall average from month 3 to month 9 of 63 % for HC and 88 % for HCZ.
The statistical analysis of the mortality data is detailed in Chapter 4, section
4.3.1.
Table 3.26. Mean mortality per treatment, expressed in percentage, for all the treatments
sampled at month 3 (n = 164), 6 (n = 184) and 9 (n = 92) and averaged for nine months.
Treatments 
Mortality rate (%) 
Month 3 Month 6 Month 9 
Average 
9 months 
Control 13 0 38 17 
LC 29 8 46 28 
MC 13 13 54 26 
HC 71 50 67 63 
LZ 17 4 58 26 
MZ 25 13 58 32 
HZ 29 21 75 42 
LCZ 29 29 54 38 
MCZ 17 29 75 40 
HCZ 79 88 96 88 
3.3.7 Metal accumulations in the worms from field data
Data obtained from the sampling sites, Broadmarsh (Portsmouth Harbour), Holes
Bay (Poole Harbour), Saltash (Tamar Estuary) and Mylor (Fal Estuary) are pre-
sented in Figure 3.16. Data obtained for copper were relatively low ranging from
7.08 µg g−1 (dry weight) for Saltash to 9.95 µg g−1 (dry weight) for Holes Bay. No
significant differences were shown for copper based on a Kruskal-Wallis non para-
metric test (H (3, N = 12) = 2.45, p = 0.484). Zinc concentrations obtained from
the worms sampled at Broadmarsh, Holes Bay and Saltash were respectively 62.25
µg g−1 (dry weight), 73.25 µg g−1 (dry weight) and 68.70 µg g−1 (dry weight).
The highest zinc concentration was obtained from Mylor with 140.95 µg g−1 (dry
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weight). However, the non parametric Kruskal-Wallis test did not revealed any
significant differences between sites (H (3, N = 12) = 3.23, p = 0.357).
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Figure 3.16. Metal accumulations in the worm tissues expressed in µg g−1 (dry weight) obtained
from four sites Broadmarsh (Portsmouth Harbour), Holes Bay (Poole Harbour), Saltash (Tamar
Estuary), Mylor (Fal Estuary) used to as reference for the spiking concentrations
3.4 Discussion
3.4.1 The challenges of the sediment spiking
The addition of metals to the sediment or spiking is a disrupting biochemical pro-
cess and a few rules had to be followed in order to assure the success of the spiking
procedure: insuring the homogeneity of the metals in the sediment, respecting an
equilibration time and taking care in the storage of the sediment (Burton et al.
2006, Environment-Canada 1995, U.S.EPA. 2005, Simpson & Batley 2003, Simp-
son et al. 2004). In addition, copper and zinc chloride were used as chemicals
as chloride is less reactive to other metals in the sediment than the sulphate ion
(Environment-Canada 1995). Even though care was taken to follow the rules and
a metal settlement time was conducted, month 0 data showed higher metal con-
centrations than expected and metal variability between boxes within the same
treatment was observed. Data from the start of the experiment (month 0) were
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included but with caution. When calculating the settlement or equilibration time
for the future spiking process, 24 hours was the minimum time needed for copper
and expected to be 48 hours for zinc and copper & zinc combined to settle from
the overlying water to the sediment and to reach equilibrium. Therefore, it was
decided to leave the sediment to settle for one week in the dark at 4 ◦C. However,
data obtained for month 0 were inconsistent with the treatment concentrations
expected whereas month 3 data were consistent with the target concentrations.
Further investigations revealed that copper and zinc might have needed more time
to reach equilibrium. Indeed, previous work showed that copper appeared near
equilibrium after 10 to 15 days and zinc after 20 to 40 days based on a ratio 4:1
(weight:weight) sediment to seawater (Simpson et al. 2004). However, equilibra-
tion times from many studies were found to vary considerably. Depending on
the physicochemical properties of the sediment, equilibration time can be reached
from 7 up to 42 days for copper (Cairns et al. 1984). A 24 hours equilibration
time in the sediment was even recorded in the toxicity test of copper, cadmium
and tributyltin to the marine tropical polychaete worm Scoloplos sp. (Adams &
Stauber 2008). King et al. (2004) followed a 14 day equilibration time for both
copper and zinc where the sediment was mixed every 1 to 2 days for a minimum of
2 hours. These authors aimed to study metal toxicity and accumulation rates in
five Australian polychaetes and bivalves. This difference at month 0 could also be
explained by the mixing time during the spiking process which, with one minute,
might have been insufficient to provide homogeneity in the sample. Therefore,
the sample core could have been taken in an area of the box less homogenised at
month 0. Despite month 0 data to be surprising, month 3 data were consistent
with the target concentrations and month 6 and 9 showed the decrease expected
over time. Therefore, sediment metal concentrations obtained over the long-term
experiment were thought to be valid. In addition, given the long-term exposure
of nine months, this experiment has the potential to reveal contaminant bioavail-
ability over time, exposure pathways and organism sensitivity of copper and zinc
in N. virens. Furthermore, metals will equilibrate faster in sediments with high
concentrations of metal-bindings sites (e.g. organic matter) and large surface
areas (silt sediments) compared to sandy sediments with low binding capacities
(Simpson et al. 2004, Simpson 2005). Indeed, sediment used in this experiment
was composed mainly of silt with high organic matter.
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3.4.2 Metal contamination over time
The metal bioavailable concentrations in the sediment decreased over time which
was expected as the sediment was only spiked once at the beginning of the ex-
periment. The same observation was made for copper concentration in the pore
water. Regarding the metal concentrations within the worms, different accumula-
tion pattern was observed. We observed an accumulation of copper in the worm
tissues from month 3 to month 6 followed by a decrease of concentrations for
all the treatments. For zinc, the same pattern was observed but only for the
control and at high doses. The combination of both metals revealed a different
story where they seemed to regulate zinc independently of the treatment except
for month 6 for the high treatment. In contrast, in the low copper treatment,
the concentrations decreased in their tissues from month 3 to month 9 and in the
medium treatment the worms accumulated copper until month 6. This reveals
for the first time that N. virens regulates differently copper and zinc alone and
combined. This increase of accumulation of metal could also be linked to the in-
crease of bioturbation activity of the worms with the increase of temperature and
photoperiod at month 6. This capacity of regulation is important as polychaetes
are not exposed to a single pollutant but to a mixture of legacy contaminants
and emerging chemicals in marine ecosystems representing important scientific,
economic and health challenges (Badot et al. 2011, Hutchinson et al. 2013, Spehar
& Fiandt 1986, Walker et al. 2006).
3.4.3 A long-term experiment close to natural conditions
When comparing this lab experiment to field data (previous chapter and data
obtained presented here), interesting observations can be made. All our controls
and low treatments for metal bioavailable concentrations in the sediment, metal
concentrations in the pore water and metal accumulations in the worms are below
or within range of the concentrations observed in the field. Interestingly, copper
accumulations in the worm tissues obtained in the lab experiment were generally
higher especially at medium and high treatments compared to the field observa-
tion. In contrast, zinc accumulations from the lab experiment were very similar to
the concentrations observed from the field data from low to highly polluted sites.
These comparisons allowed us to confirm that our long-term study mimicked the
levels of metals found in the environment and in aquatic animals. These obser-
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vations also helped to reaffirm that copper and zinc are regulated differently in
aquatic invertebrates (Luoma & Rainbow 2008). N. virens could be more suscep-
tible to easily regulate zinc than copper by balancing the uptake and excretion
of zinc which would explain why copper is commonly known as one of the most
toxic metals to polychaetes (Reish & Gerlinger 1997, Watson et al. 2013b).
3.4.4 Accumulation and regulation of copper and zinc
Copper and zinc are both essential metals for the functioning of many enzymes
to aquatic organisms (Amiard et al. 2006, Luoma & Rainbow 2008, Walker et al.
2006). Therefore, it was not surprising that the worms were capable of accumu-
lating copper and zinc in their tissues and moreover of regulating the uptake of
metals. By investigating the bioAccumulation Ratios (BARs) of copper and zinc
in N. virens, this study revealed that the worms accumulated more copper than
zinc in their tissues. This suggests that N. virens were able to readily regulate
the uptake of zinc in their bodies even at high concentrations and even when
copper was added to the mixture by supposedly balancing the uptake and ex-
cretion ratios. In addition, the BARs results showed that the competition for
the uptake between copper and zinc varied over time and was dependent of the
concentrations. For instance, at month 6, copper and zinc combined influenced
the uptake of copper and zinc at high concentrations. This synergistic metal
effect (more-than-additive) was also shown at low copper concentrations for all
months and at low zinc concentrations for month 6 and 9. Interestingly, this
effect differed at medium concentrations for both copper and zinc at all months
and was also antagonistic at high concentrations for copper and zinc at month
3. The results obtained here also suggested that copper had the potential to be
more toxic than zinc. Ruus et al. (2005), found higher accumulation ratios of
copper and zinc in gastropods in comparison to polychaete species supporting the
hypothesis that polychaetes are more capable of regulating metals compared to
other invertebrates. Several studies have shown evidence that zinc is regulated
by N. diversicolor, whereas cadmium is not (Amiard et al. 1987, Bryan & Hum-
merst 1973). Bryan & Hummerst (1971) also reported evidence of the regulation
of copper in N. diversicolor.
The metabolism of aquatic organisms only requires small quantities of metals (Lu-
oma & Rainbow 2008). When metals become toxic for an organism, detoxification
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process can occur where metals can be bound in high quantities to proteins such as
metallothioneins (Amiard et al. 2006, Marcano et al. 1996, Mouneyrac et al. 2003,
Phillips & Rainbow 1994, Poirier et al. 2006, Wang & Rainbow 2005). Berthet
et al. (2003) found that between 3 to 29 % of the total accumulated copper in
N. diversicolor was bound to metallothionein-like proteins (MTLPs) based on the
contamination levels of the site. In addition, copper found in the insoluble form
in the worms was primarily bound to MTLPs with up to 91 % insoluble copper
from a highly metal contaminated site in the UK, Restronguet Creek (Cornwall)
and up to 30 % insoluble copper from a clean site, Blackwater estuary, Essex
(Berthet et al. 2003). The investigation of the subcellular compartment of the
digestive gland, kidney and gill of the bivalve Laternula elliptica revealed that
low-molecular weight (10-13 kDa) MTLPs were the major copper binding ligands
in the cytosol of these three organs (Choi et al. 2003). Copper was also found
to be bound to metal rich granules (MRG) in the renal epitheliuam cells of the
bivalve L. elliptica suggesting that granules play an important role in copper
sequestration (Choi et al. 2003). These granules can be released and play an im-
portant part in the excretion process of metals (Phillips & Rainbow 1994). For
example, the mussel M. edulis can excrete zinc-rich granules through the urine
(Phillips & Rainbow 1994). An interesting research showed that clams collected
from and industrial site and exposed to 30-40 ng mL−1 for 13 days accumulated
less copper than clams collected from a clean site suggesting that the animals liv-
ing in metal contaminated sites have the potential to regulate their accumulation
(Ballan-Dufrançais et al. 2001). Worms obtained in this study were collected from
Dragon Baits Ltd where the worms are continuously farmed and breed. Sediment
collected from the Dragon Baits tanks revealed low levels of metal concentrations
(1.52 mg kg−1 dry weight for copper and 14.12 mg kg−1 dry weight for zinc). It
is therefore highly possible that the worms used in this study have never been
exposed to high metal concentrations and have the potential to accumulate high
metal concentrations.
Many invertebrates are able to regulate the concentrations of zinc in their tissues
(Phillips & Rainbow 1994) and the results obtained from this study seemed to
confirm this observation as BAR zinc was lower than BAR copper from the single
and combined treatments. Shi & Wang (2004) showed that the mussel Perna
viridis accumulated zinc during the first three weeks of an exposure at 110 to 125
µg g−1 but after five weeks no increase of zinc was found suggesting the regulation
of zinc in this species. The regulation of zinc in P. viridis was explained by
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the distribution of zinc in cellular debris and the sequestration of zinc in MRG
representing respectively over 40 % and 20 % (Blackmore & Wang 2002). In
comparison, 20 % of zinc was found in heat shock proteins (HSP), 10 % in MTLP
fractions and less than 10 % in the intracellular compartments (Blackmore &
Wang 2002). Heat shock proteins also called stress proteins have been found
in the polychaete N. diversicolor after an exposure to cadmium (Ruffin et al.
1994).
Despite many studies on the accumulation and uptake of metals in marine in-
vertebrates, little is known regarding the exact mechanism of metal regulation
(Wang & Rainbow 2005). The development of commercial radiotracers has been
suggested as a solution to trace the uptake and excretion of copper as an accurate
and rapid method (Wang & Rainbow 2005). Based on the current knowledge
and on the different known accumulation scenarios (Chapter 1, Figure 1.5), it
can be hypothesised that N. virens actively regulates zinc body concentration by
balancing the excretion and the uptake rate and that copper body concentration
could be detoxified, stored and excreted in MRG or bind to MTLPs. To answer
these questions, the use of a multi-biomarker approach combined with a long-term
exposure is the next step of this study.
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Chapter 4
Chronic exposure to sediment
metal contamination: behavioural
responses
Video recording data were obtained thanks to the contribution of the students
Chris Marot, Filipos Sidiropoulos and Barney Bourton.
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4.1 Introduction
The general behaviour of polychaetes has been widely studied in the past, from
their feeding habits (Olivier et al. 1993) to their activity cycle (Last 1999b,a), and
spawning behaviour (Beckmann et al. 1995, Watson et al. 2008). The spawning
behaviour (Bass & Brafield 1972, Desrosiers et al. 1994, Kristensen 1984), tidal,
daily and lunar activity cycles (Last 2003), territorial and dispersion patterns
(Miron et al. 1991), fighting behaviour for the protection of the burrows (Miron
et al. 1992b), burrowing activity (Tita et al. 2000) are all different studied be-
haviours encountered in the polychaete N. virens. N. virens is omnivorous and
also opportunistic (Goerke 1979, Nielsen et al. 1995) described using mainly two
foraging strategies (Goerke 1979, Miron et al. 1992a, Tita et al. 2000). The first
strategy is called surface searching where the worm extent a third to half of its
body length from its burrow to the surface of the sediment in the search for any
food consisting in detritus or small macrofaunal prey (Miron et al. 1991). The
worm searches the surface all around its burrow. Once the food is detected, the
worm binds and seizes it rapidly by using its eversible pharynx where the pharynx
is rapidly everted and opened to enable the jaws to seize the prey before imme-
diately retracting in its safe burrow. During this technique, N. virens is capable
of ingesting unselectively organic and inorganic particles by "sweeping" the upper
layer of the sediment. Olivier et al. (1993) found that N. virens gut content was
composed of 75 to 98 % of sediment inorganic matter. In the second strategy,
N. virens uses a mucus at the surface of the sediment and all around its burrow
to capture any food source (Tita et al. 2000). Therefore, the feeding area of N.
virens can be defined as the area where the worm is prospecting and collecting
food within the range of its burrow (Miron et al. 1991). The feeding activity of
polychaetes is known to cause changes to environmental conditions and commu-
nity structures (Caron et al. 2004). For instance, at high densities detritivorous
polychaetes can alter the grain size, the organic content and the redox potential
in the upper sediment layer but also lower microalgae concentration and density
(Chareonpanich, Tsutsumi & Montani 1994, Chareonpanich, Montani, Tsutsumi
& Nakamura 1994, Tsuchiya & Kurihara 1980). Nereis spp. foraging strategies
as well as their well known bioturbation activities have been shown to disturb the
ecology and chemistry of the sediment (Banta & Andersen 2003, François et al.
2002, Kristensen 2001).
While polychaetes are usually known to be territorial and have an aggressive be-
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haviour (Cheung et al. 2013, Fauchald & Jumars 1979, Miron et al. 1991), Miron
et al. (1991) revealed some interesting differences linked to the prospecting be-
haviour of the polychaete N. virens. Their study revealed that N. virens do not
defend their feeding area while prospecting for food and therefore do not exert a
territorial behaviour outside the burrow. The aggressive territorial behaviour of
N. virens is not due to maintain the territory but is related to the defence of their
burrow where the expulsion of intruders has been observed (Miron et al. 1991,
1992b). In that respect, the feeding areas of the worms can overlap without caus-
ing a fighting behaviour. In addition, this antipredator strategy or cohabitation
ensures a higher reproductive success (Miron et al. 1991, 1992a). Furthermore, N.
virens has a nocturnal prospecting behaviour (Last 2003, Miron et al. 1991) and its
activity levels are greatly linked to temperature and food abundance (Deschenes
et al. 2005).
Metal exposure can cause changes in the behaviour of many marine species such as
reducing feeding rate, avoidance mechanisms and reducing food capture efficiency
(Luoma & Rainbow 2008). Behavioural changes are clearly an individual response
closely linked to biochemical changes such as neurotoxic effects with consequences
on the population and community level (Luoma & Rainbow 2008). For instance,
the bivalve Macomona liliana respond to high doses of copper and zinc by slow-
ing down its burrowing activities (Roper et al. 1995). The study of Bonnard
et al. (2009) revealed an hypoactivity of the polychaete N. diversicolor exposed
to copper even at low doses. The ingestion of contaminated food or sediment is
thought to affect the behaviour, decrease the feeding rate and the reproduction
of many marine species with consequences on key physiological functions (Luoma
& Rainbow 2008, Moreira et al. 2006). Abnormal crawling, eversion of the pro-
boscis and a constant effort of burrowing have been recorded in N. diversicolor
exposed to a metal contamination (Burlinson & Lawrence 2007). Rossi & An-
derson. (1976, 1978) showed that oil affected the feeding rate of juvenile worms
Neanthes arenaceodentata affecting their growth rate, hatching success and ulti-
mately reproduction.
The behaviour of polychaetes is a well known topic, however few studies exist
on the effect of metals on their behaviour. In that respect, this chapter aims to
describe the changes in the feeding behaviour of N. virens based on a nine months
experiment using environmentally relevant concentrations of copper and zinc as
detailed in the previous chapter.
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4.2 Materials and methods
4.2.1 Mortality rate
Although mortality rate was not one of the aimed endpoints at the start of this
long-term experimental study, high mortality percentage was observed at the end
of the experiment. Therefore, mortality rate was considered as an additional
endpoint in our study to assess the biological effects of metals on aquatic inverte-
brates. Mortality rate was defined as the number of worms that did not survive
in each box for each sampling point and is presented here in percentage.
4.2.2 Growth
To record the growth of the worms, the weight of each survivors per box was
recorded at the start of the experiment and after each sampling time. From this
data the biomass of each box was recorded based on the weight of the survivals
divided by the number of survivals. Finally the percentage of weight gained
was also calculated for each treatment at month 3, 6 and 9 based on month 0
data.
4.2.3 Feeding behaviour assay
Behavioural changes were investigated within the nine months experiment based
on the feeding behaviour of the worms. The feeding behaviour of the worms was
recorded using disk camcorders (JVC Everio GZ-MG630 HDD or JVC Everio
GZ-HD500SEK HDD) mounted on a tripod. The recording conditions were (1)
normal video quality (420p) determined by the life battery of the video camera,
(2) a distance of 1 to 1.5 metres away from the boxes and (3) an optical angle
of 60-70 ◦ for optimum clarity. The worms were fed twice a week (1-2 % of
their biomass) using food pellets, provided by Dragon Baits Ltd, and containing
a mixture of salmon oil, hydrolysed fish, maize gluten, wheat and soya extract.
Previous analysis revealed that the food pellets contained an average of 7.66 µg
g−1 of copper and 65.4 µg g−1 of zinc. The activity within thirty selected boxes
were recorded on the same day for twenty minutes following feeding. The recorded
boxes were the one lasting until the nine months sampling time allowing a record
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Figure 4.1. Camera mounted on a tripod in one of the holding tanks recording a set of four
boxes.
of the behaviour for the whole duration of the experiment. Recordings consisted
of a set of either two, four or a maximum of six boxes at a time (Figure 4.1).
A plastic bag filled with stones and gravels was used as weight to prevent any
movement of the camcorder during the recordings. A plastic cover was also added
in case of slight rain. All the recordings took place at daylight between 10.00
am and 5.00 pm. Weather conditions (wind, rain, brightness from the sun) and
technical difficulties (damage to two video cameras) led to the discard or the lost
of recording data. A total of 33 days of recording were made from the 4th of
December 2012 to the 18th of July 2013 (see Appendix B).
Before each recording, the number of leftover food pellets was recorded and gently
removed by hand. In addition, on each recording day, environmental conditions
were recorded such as temperature, salinity, pH and dissolved oxygen using HI-
9146N and HI-98130 probes (Hanna Instruments Ltd) in each tank along with
any disturbances such as noise made by a construction site. The hours of daylight
per recording day was also recorded.
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Description of the five behaviours encountered during the long-term experiment 
Behaviour 1  
Anterior part of the worm visible out of  
the burrow. 
Behaviour 2  
Food searching out of burrow. 
(Foraging activity) 
Behaviour 3  
Food pellets land on burrow  
and is grabbed by a worm. 
(Opportunistic behaviour) 
Behaviour 4  
Fighting or contact leading to a possible  
retreat into the burrows of the worms. 
Behaviour 5   
Worm burrowing into the sediment.  
Not considered as a retreat into the 
sediment.  
The food pellets are small, round and                                                                                                                        
light brown whereas the worms are  
darker. The anterior part of the worm is 
circled in red. 
Two worms foraging for food out of  
their burrow. 
Contact between two worms circled in 
red. 
Worm burrowing into a new burrow  
in the sediment in the direction 
represented by the red arrow. 
Worm grabbing the pellet landed on the 
burrow, circled in red. 
Figure 4.2. Description of the different behaviours observed and noted modified from Deschenes
et al. (2005). Each behaviour is explained by a photograph of one or two worms observed
performing the behaviour during the long-term experiment. Some pictures have been modified
to be able to distinguish the worms. Each worm is circled in red.
During the analysis of the videos a selection of different behaviours were noted
as explained in Figure 4.2 (Deschenes et al. 2005). In addition to behaviours 1 to
5, activity levels were also noted. The first activity recorded was noted as total
time out (TTO) calculated from the total time each worm was visible protruding
out of the burrow divided by the time of the recordings and taking into account
the number of survivors in each box. The feeding success showing by the time
taken for each visible worm to successfully grab a pellet from initially emerging
from the burrow was also recorded and noted as time taken to grab pellet (TGP).
The time taken from successfully grabbing a pellet to returning into the burrow
from each visible worm was also recorded and noted as time to retreat with pellet
(TRP). The total number of pellets grabbed was also noted.
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4.2.4 Statistical analysis
All analysis were carried out using the statistical software Statistica 10. All data
were average per box. Mortality data expressed in percentage were arcsine trans-
formed in order to proceed with statistical analysis. Differences between mortality
and treatments over the 3, 6 and 9 months were analysed using GLMs where tank,
month and treatment were used as factors and followed by a Tukey HSD pair-
wise comparison test of means with equal n’s. The possible interaction between
month and treatment over the nine months was also analysed. Monthly data were
also analysed using a GLM where tank and treatment were used as factors be-
fore proceeding with a Tukey HSD pairwise comparison test of means with equal
n’s. Pearson’s correlation coefficient was used to identify correlations between
mortality data, the weight and biomass of the worms surviving after three, six
and nine months of exposure. Pearson’s correlations were also used to reveal the
relationships between mortality and weight with metal concentrations.
Growth was expressed as the average of weight gained (%) per treatments for
month 3, 6 and 9 and was calculated as followed: Percentage Weight Gain = (Final
average weight - initial average weight / initial average weight) X 100, taking into
account the weight of the worms divided by the number of the survivors per box
and averaged per treatment. The final weight represented respectively month 3,
6 and 9 and initial weight designated month 0.
Behaviours 1 to 5 expressed in activity events per minute per worm were square
root transformed before being analysed monthly using GLMs with tank and treat-
ment as factors. Total activity for the total time out (TTO) data were square root
transformed to meet the parametric assumptions (normality and equal variances)
and analysed over the nine months experiment by GLMs using tank, treatment
and month as factors and monthly using tank and treatment as factors. When
no transformations were possible a non-parametric Kruskal-Wallis test was used
taking into account treatment as a single factor. Data relating to the time taken
to grab a pellet (TGP) and time to retreat with pellet (TRP) have been analysed
over the long-term experiment as these behaviours refer specifically to the activity
of the boxes where worms were observed. TGP data were normally distributed
and analysed using a GLM taking into account treatment, tank and month as
factors. TRP data were log transformed to meet the parametric assumptions and
also analysed using a GLM with treatment, tank and month as factors. When
necessary all GLMs were followed by Tukey HSD pairwise comparison tests of
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means with unequal n’s.
In addition, Pearson’s correlation coefficient was used to identify correlations be-
tween all the different behaviours recorded with temperature and with photoperiod
data noted during each recording day.
4.3 Results
4.3.1 Mortality rate
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Figure 4.3. Mean mortality rate expressed in percentage in all the treatments sampled at month
3 (n = 164), 6 (n = 184) and 9 (n = 92).
Mortality data are presented in Figure 4.3 revealing high variability between all
treatments. A general decrease was observed between month 3 to month 6 followed
by an increase at month 9 with the exception of MCZ and HCZ treatments where
an increase in mortality was observed from month 3 to month 9.
Months 3-6-9 mortality data revealed no tank effect or interaction effects between
month and treatment but an overall significant difference for month and for treat-
ment (Table 4.1a). Post-hoc tests after the months 3-6-9 GLM revealed that
month 9 was significantly different from month 3 (p = 0.000) and month 6 (p =
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Table 4.1. GLMs for mortality data: a) Detail of the GLM for the overall data, months 3-6-9 (M
3-6-9) and b) Detail of the GLMs for month 3, 6 and 9. Significant differences are represented
in red (p < 0.05).
 
 
GLM 
Factors 
Degree of  
freedom 
F p 
M 3-6-9  
T 9 10.90 0.000000 
Tanks 2 0.38 0.685467 
Months 2 32.15 0.000000 
T*Months 18 0.99 0.475142 
Error 58 
a) 
GLMs Factors 
Degree  
of  
freedom 
F p 
M 3 
T 9 3.44 0.012322 
Tanks 2 0.42 0.659806 
Error 18 
M 6 
T 9 6.83 0.000288 
Tanks 2 0.05 0.952093 
Error 18 
M 9 
T 9 2.33 0.060724 
Tanks 2 0.56 0.579536 
Error 18 
b) 
0.000). Pairwise comparisons for treatment data showed that HCZ was signifi-
cantly higher than all treatments (p-value < 0.05) except HC and that HC was
significantly higher than control (p = 0.000), LC (p = 0.012), MC (p = 0.013),
LZ (p = 0.008) and MZ (p = 0.017).
Detail of the GLMs for month 3, 6 and 9 are shown in Table 4.1b. Statistical
analysis for month 3 data reported no tank effect but a significant difference for
treatment (Table 4.1b) where HCZ was significantly higher than control (p =
0.031). Month 6 data showed no tank but treatment effect (Table 4.1b) where
HCZ was significantly higher than control (p = 0.000), LC (p = 0.001), MC (p =
0.004), LZ (p = 0.000), MZ (p = 0.004) and HZ (p = 0.009) and where HC was also
significantly higher than the control group (p = 0.028) . Mortality data for month
9 showed no significant differences for tank or treatment (Table 4.1b), however,
pairwise comparison revealed a significant difference between HCZ treatment and
control group (p = 0.032).
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4.3.2 Growth
Data presented in Table 4.2 showed the average of weight gained expressed in
percentage per treatments for month 3, 6 and 9. Data showed that over the nine
months experiment and in all treatments the worms gained in weight. However, in
the HC and HCZ treatments worms gained less weight compared to the controls
at month 3, 6 and 9. In addition, worms sampled in the zinc treatments gained
more weight compared to the controls at month 3, 6 and 9.
Table 4.2. Weight gained expressed in percentage per box sampled over month 3, 6 and 9. The
average of the weight gained over the nine months experiment and per treatments is shown in
the last column of the table. Percentage Weight Gain = (Final average weight - initial average
weight / initial average weight) X 100.
Average of weight gained (%)  per treatments 
Treatments Month 3 Month 6 Month 9 Average  
Control 141 137 477 252 
LC 143 184 338 222 
MC 126 150 589 288 
HC 126 71 163 120 
LZ 166 219 442 275 
MZ 181 221 465 289 
HZ 243 216 628 362 
LCZ 171 222 520 304 
MCZ 173 236 607 339 
HCZ 122 103 173 133 
Negative and significant correlations were obtained between weight from month
3, 6 and 9 with mortality data (respectively,r = -0.785, p = 0.000; r = -0.791, p
= 0.000; r = -652, p = 0.001) (Table 4.3). In addition, no significant correlations
were obtained between mortality and biomass data.
4.3.3 Correlations between mortality and weight with metal
concentrations
The correlation tables between the various endpoints and metal concentrations
used in this study are presented in Appendix C and the relevant correlations for
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Table 4.3. Pearson’s correlation coefficients ( r) and associated p-values between mortality data
and weight or biomass recorded per box after month 3, 6 and 9. Month 3 (n = 30), month 6
(n = 29), month 9 (n = 27). At month 6, no individuals were recorded in one HCZ treatment.
At month 9, no individuals were reported in one HC and two HCZ treatments. Significant
differences are represented in red (p < 0.05).
Mortality 
r p 
   Month 3 
 
 
Weight  -0.785 0.000 
Biomass  0.574 0.237 
   Month 6 
 
 
Weight  -0.791 0.000 
Biomass  -0.287 0.131 
   Month 9 
 
 
Weight  -0.652 0.001 
Biomass  0.189 0.345 
this chapter are described below. At month 3, positive and significant correlations
were obtained between mortality and copper concentrations in the sediment (r =
0.517; p = 0.006), the pore water (r = 0.423; p = 0.018) and the tissues (r = 0.490;
p = 0.010). Negative and significant correlations were shown between weight and
copper concentrations in the sediment (r = -0.562; p = 0.002), the pore water (r
= -0.517; p = 0.006) and the tissues (r = -0.434; p = 0.024) at month 3.
At month 6, mortality was positively and significantly correlated to copper con-
centrations in the sediment (r = 0.685; p = 0.000), the pore water (r = 0.719;
p = 0.000) and the tissues (r = 0.650; p = 0.000), and to zinc concentrations in
the pore water (r = 0.588; p = 0.001) and in the tissues (r = 0.465; p = 0.015).
Weight was also negatively and significantly correlated to copper concentrations
in the sediment (r = -0.824; p = 0.000), the pore water (r = -0.892; p = 0.000)
and the tissues (r = -0.726; p = 0.000), and to zinc concentrations in the pore
water (r = -0.553; p = 0.000) and in the tissues (r = -0.652; p = 0.000).
No significant correlations were obtained at month 9 between mortality or weight
with metal concentrations.
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4.3.4 Behaviour data
4.3.4.1 Behaviours, B1-B5
The most recorded behaviour was behaviour 2, foraging activity where most of
the body of the worm was out of the burrow and behaviour 1 where just the
anterior part of the worm was visible out of the burrow with 1500 observations
noted for behaviour 2 and 537 for behaviour 1. The least behaviour encountered
was behaviour 5 where the worm was burrowing into a new burrow with only 18
behaviours recorded over the long-term experiment.
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Figure 4.4. Behavioural activity expressed as events per minute per worm from December to
March in all treatments. The five recorded behaviours are listed as B1 for behaviour 1, B2 for
behaviour 2, B3 for behaviour 3, B4 for behaviour 4 and B5 for behaviour 5. For clarity on the
graphs, only the plus part of the error bars are shown.
Monthly data revealed a behavioural pattern for behaviours 1 to 5 (B1-B5) (Fig-
ures 4.4,4.5). In December, behaviours 1, 2 and 3 were observed whereas in
January and February only behaviours 2 and 3 were recorded. In March only
behaviours 1 and 2 were observed. Observations were made of behaviours 4 and
5 from April until July.
Monthly statistical analysis revealed differences over time where only B1 and B2
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Figure 4.5. Behavioural activity expressed as events per minute per worm from April to July in
all treatments. The five recorded behaviours are listed as B1 for behaviour 1, B2 for behaviour
2, B3 for behaviour 3, B4 for behaviour 4 and B5 for behaviour 5. For clarity on the graphs,
only the plus part of the error bars are shown.
showed some significant differences in April, May and June for treatments (Table
4.4 and 4.5).
Statistical analysis for the behaviours 1-5 for the months December - March are
summarised in Table 4.4. Overall no statistical differences for treatments or tanks
were recorded in December, January, February or March for the behaviours en-
countered.
Statistical analysis for the behaviours 1-5 for the months April - July are sum-
marised in Table 4.5. GLM analysis of B1 data from April revealed an overall
significant difference for treatment but not for tank (Table 4.5). A post-hoc test
showed that LZ was significantly higher than HC (p = 0.037) and HCZ (p =
0.015). Also in April, for B2 data, an overall significant difference was shown for
treatment but not for tank (Table 4.5) where HCZ was significantly lower than
LZ (p = 0.024). B3, B4 and B5 data recorded for April showed no statistical
differences for treatment or tank (Table 4.5).
Regarding May data, no recordings were made in tank 3 and no behaviours were
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Table 4.4. Detail of the GLM results for behaviours 1-5 (B1-B5) from December to March taking
into account treatments and tanks as factors.
GLMs Behaviours Treatments Tanks 
December 
B1 F9,18 = 0.86, p = 0.577 F2,18 = 0.05, p = 0.955 
B2 F9,18 = 2.01, p = 0.098  F2,18 = 0.79, p = 0.469 
B3 F9,18 = 1.40, p = 0.258 
F2,18 = 3.34, p = 0.060 
 
January 
B2 F9,18 = 0.67, p = 0.727 F2,18 = 0.15, p = 0.251 
B3 
F9,18 = 1.09, p = 0.412 
 
F2,18 = 1.05, p = 0.370 
 
February 
B2 F9,18 = 2.06, p = 0.090 F2,18 = 1.39, p = 0.274 
B3 F9,18 = 1.21, p = 0.342 
F2,18 = 0.65, p = 0.533 
 
March 
B2 F9,18 = 0.85, p = 0.582 F2,18 = 0.54, p = 0.592 
B3 F9,18 = 1.53, p = 0.210 
F2,18 = 1.42, p = 0.266 
 
Table 4.5. Detail of the GLM results for behaviours 1-5 (B1-B5) from April to July taking into
account treatments and tanks as factors. Significant differences are represented in red (p <
0.05).
GLMs Behaviours Treatments Tanks 
April 
B1 F9,18 = 3.12, p = 0.020 F2,18 = 0.49, p = 0.621 
B2 F9,18  = 3.97, p = 0.006 F2,18  = 3.43, p = 0.055 
B3 F9,18  = 1.02, p = 0.459 F2,18  = 0.97, p = 0.397  
B4 F9,18  = 1.36, p = 0.275 F2,18  = 0.94, p = 0.407 
B5 F9,18  = 1.02, p = 0.460 F2,18  = 0.97, p = 0.398 
May 
B1 F9,9 = 5.97, p = 0.007 F1,9 = 0.01, p = 0.940 
B2 F9,9  = 8.27, p = 0.002 F1,9  = 0.27, p = 0.616 
B4 F9,9  = 0.79, p = 0.633 F1,9  = 0.42, p = 0.531 
B5 F9,9  = 1.83, p = 0.191 F1,9  = 1.55, p = 0.244 
June 
B1 F9,18  = 5.87, p = 0.000 F2,18  = 1.03, p = 0.379 
B2 F9,18  = 2.53, p = 0.044 F2,18  = 0.30, p = 0.743 
B4 F9,18  = 1.02, p = 0.459 F2,18  = 0.50, p = 0.614 
B5 F9,18  = 0.70, p = 0.697 F2,18  = 0.02, p = 0.984 
July 
B1 F9,18  = 2.14, p = 0.081 F2,18 = 0.12, p = 0.893 
B2 F9,18  = 2.01, p = 0.098 F2,18 = 0.36, p = 0.702 
B3 F9,18  = 0.72, p = 0.684 F2,18 = 1.04, p = 0.372  
B4 F9,18  = 1.07, p = 0.426 F2,18 = 0.35, p = 0.703  
B5 F9,18  = 0.56, p = 0.811 F2,18 = 0.006, p = 0.993 
observed in HC and HCZ treatments. In May, for B1 data, significant differences
were obtained for treatment but not for tank (Table 4.5) where HC was signif-
icantly lower than MC (p = 0.034) and MCZ (p = 0.028) and where HCZ was
118
4. Behavioural responses
significantly lower than MC (p = 0.034) and MCZ (p = 0.028). May B2 data
revealed an overall significant difference for for treatment but not for tank (Table
4.5). Pairwise comparisons detailed that HC and HCZ were significantly lower
than C (both, p = 0.032), MC (both, p = 0.016), LZ (both, p = 0.007), MZ
(both, p = 0.026), HZ (both, p = 0.021), LCZ (both, p = 0.012) and MCZ (both,
p = 0.031). No statistical analysis were possible for B3 as only 1 recording was
noted. B4 and B5 data for May presented no significant differences for treatment
or tank (Table 4.5).
June B1 data showed an overall significant difference for treatment but not for
tank (Table 4.5) where HCZ was significantly lower than C (p = 0.044), LC (p =
0.022), MC (p = 0.012), LZ (p = 0.017), MZ (p = 0.003) and LCZ (p = 0.008).
MCZ was also significantly lower than MZ (p = 0.028). June B2 data presented
an overall significant difference for treatment but not for tank (Table 4.5) where
HCZ was significantly lower than LZ (p = 0.034). B4 and B5 for June sowed no
significant differences for treatment or tank (Table 4.5).
Statistical analysis for July data reported no significant differences for any be-
haviours for treatment of tank (Table 4.5).
4.3.4.2 Total time out, TTO
Monthly data for TTO revealed differences in the activity levels of the worm
depending on month and treatment (Figures 4.6, 4.7). HC and HCZ treatments
both presented a low activity level in opposition to the other treatments.
Overall statistical analysis for TTO (Table 4.6a) revealed significant differences for
treatment and month but not for tank. Pairwise comparisons showed that HCZ
and HC were significantly different from the other treatments (p < 0.05) but not
from each other and that December, January, February, March were significantly
different from April, May, June and July (p < 0.05).
Monthly statistical analysis are reported in Table 4.6b. December revealed no
significant differences for treatment or tank. A Kruskal-Wallis analysis of TTO
for January showed no significant differences for treatment. Even though a sig-
nificant difference was obtained for February data, pairwise comparisons did not
reveal any significant differences between treatments. Statistical analysis of March
activity level did not show an overall significant difference between treatment. No
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Figure 4.6. Behavioural activity expressed as events per minute per worm from December to
March, based on the total time each individual worms spent out of the burrow (TTO) in all
treatments. For clarity on the graphs, only the plus part of the error bars are shown.
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Figure 4.7. Behavioural activity expressed as events per minute per worm from April to July,
based on the total time each individual worms spent out of the burrow (TTO) in all treatments.
For clarity on the graphs, only the plus part of the error bars are shown.
significant differences were reported for April or May data looking at treatment or
tank. In June, an overall significant difference was revealed for treatment but not
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for tank where HCZ was significantly lower than LZ (p = 0.040). Worm’s activity
level in July were significantly different between treatment but not between tank
where HCZ was significantly lower than LZ (p = 0.036).
Table 4.6. Statistical results for TTO: a) Detail of the GLM for TTO for December to July
data taking into account treatments (T) and tanks as factors and b) Monthly statistical tests
for TTO data. Significant differences are represented in red (p < 0.05).
Statistical  
tests 
Treatments Tanks 
December GLM F9,18 = 2.21, p = 0.072 F2,18 = 0.38, p = 0.686 
January Kruskal-Wallis H(9, N = 30) = 11.25, p  = 0.259 
February Kruskal-Wallis H(9, N = 30) = 18.98, p = 0.025 
March Kruskal-Wallis H(9, N = 30) = 10.75, p = 0.293 
April GLM F9,18  = 1.89, p  = 0.144 F2,18 = 2.37, p  = 0.132  
May GLM F9,9 =1.12, p  = 0.432 F1,9 = 0.04, p  = 0.854 
June  GLM F9,18  = 2.68, p  = 0.036 F2,18 = 0.44, p = 0.648 
July GLM F9,18  = 2.69, p = 0.035 F2,18 = 0.12, p  = 0.886 
 
 
GLM 
Factors 
Degree of  
freedom 
F p 
December –  
July 
T 9 8.95 0.000000 
Tanks 2 1.98 0.140853 
Months 7 22.26 0.000000 
Error 206 
a) 
b) 
4.3.4.3 Feeding success
The feeding success was based on the average time per worm to successfully grab
a pellet (TGP) after emerging from a burrow. On average, over this long-term
experiment, a worm grabbed fewer pellets in the HCZ (0 pellets grabbed) and HC
(0.029 pellets grabbed) treatments than in the other treatments. The maximum
grabbed pellets was recorded for the LZ treatment with 0.534 pellets grabbed per
individual. The average time per worm to grab a pellet after emerging from the
burrow is shown in Figure 4.8. Time taken for worms exposed to HC treatment
to grab food was less with an average of 14.54 seconds per worm over the whole
experiment in comparison to all other treatments at the exception of HCZ treat-
ment where no feeding success was observed. Time to grab a pellet after emerging
from the burrow was higher in the HZ treatment with an average of 39.08 seconds.
Statistical analysis revealed no significant differences between treatment (F 8,92 =
0.97, p = 0.460) or tank (F 2,92 = 0.55, p = 0.576) but an overall significant dif-
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Figure 4.8. Feeding success over the nine months experiment defined by the average time per
worm to successfully grab a pellet (TGP) after emerging from a burrow in a) control, low,
medium and high copper treatments, b) control, low, medium and high zinc copper treatments
and c) control, low, medium and high copper & zinc combined treatments.
ference was shown for month (F 7,92 = 10.32, p = 0.000). Pairwise comparisons
reported that December was significantly different from April (p = 0.000), May
(p = 0.004) and July (p = 0.027), January was significantly different from March
(p = 0.008), April (p = 0.000), May (p = 0.000), June (p = 0.003) and July (p =
0.000) and that February was significantly different from April (p = 0.000), May
(p = 0.003) and July (p = 0.020).
4.3.4.4 Retreat time
The retreat time or time taken to retreat (TRP) after successfully grabbing a food
pellet was less in the HC with an average over the whole experiment of 2.12 seconds
per worm. No observations were made for the HCZ treatment. The retreat time
in the MC treatment was the highest with 22.01 seconds per worm (Figure 4.9).
No significant differences were obtained between treatment (F 8,92 = 1.19, p =
0.314) or tank (F 2,92 = 1.13, p = 0.325) but an overall significant difference was
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Figure 4.9. Retreat time over the nine months experiment defined by the time taken by an
individual worm to retreat after successfully grabbing a pellet (TRP) in in a) control, low,
medium and high copper treatments, b) control, low, medium and high zinc copper treatments
and c) control, low, medium and high copper & zinc combined treatments.
shown for month (F 7,92 = 5.86, p = 0.000). Pairwise comparisons reported that
December was significantly different from January (p = 0.035) and February (p
= 0.000), January was significantly different from April (p = 0.027) and February
was significantly different from March (p = 0.045), April (p = 0.000), May (p =
0.004) and July (p = 0.002).
4.3.4.5 Correlations between feeding behaviour endpoints with tem-
perature and photoperiod
The temperature data showed a continuous increase from February until July. The
minimum temperature recorded was for February with 6.32 oC whereas the max-
imum was reached in July with 20.00 oC. Low temperatures were also recorded in
December and January with an average of respectively 8.05 oC and 9.11 oC.
Relationships between behaviours 1-5 and temperature are shown in Figure 4.10.
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Figure 4.10. Correlations between behaviours B1, B2, B3, B4 and B5 expressed in events min−1
per worm with temperature data (oC) recorded per tank for each month. Pearson’s correlation
coefficients (r) and the corresponding p-values are reported on the graphs.
Behaviours B1, B2, B4 and B5 were all positively and significantly correlated to
temperature (respectively, r = 0.858, p = 0.000; r = 0.556, p = 0.006; r = 0.504,
p = 0.014; r = 0.495, p = 0.016). B3 was negatively and significantly correlated
with temperature data recorded from each tank over the long-term experiment (r
= -0.435, p = 0.038).
Daylight hours continuously increased from December (7.97 hours) to June (16.5
hours). In July the average photoperiod of the recording days was 16.3 hours.
Relationship between behaviours 1-5 and photoperiod are shown in Figure 4.11.
Significant positive correlations were obtained between behaviours B1, B2, B4 and
B5 and photoperiod (respectively, r = 0.915, p = 0.001; r = 0.795, p = 0.018; r
= 0.749, p = 0.032; r = 0.766, p = 0.026). A Significant negative correlation was
recorded between B3 and photoperiod (r = -0.861, p = 0.006).
TTO showed no significant correlations with temperature (r = 0.510; p = 0.196)
or photoperiod data (r = 0.665, p = 0.072). No significant correlations were
obtained between TGP or TRP with temperature (respectively, r = 0.413, p =
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Figure 4.11. Correlations between behaviours B1, B2, B3, B4 and B5 expressed in events min−1
per worm with the average photoperiod (hours) per month. Pearson’s correlation coefficients
(r) and the corresponding p-values are reported on the graphs.
0.309; r = -0.241, p = 0.564) or photoperiod (respectively, r = 0.706, p = 0.050;
r = -0.268, p = 0.521).
4.4 Discussion
4.4.1 Metals and mortality
This long-term experimental study was based on environmentally relevant con-
centrations and therefore mortality was not one of the endpoints selected at the
start of this study. However, it became clear that worms were affected by copper
and zinc due to the high percentage of mortality obtained in the high treatments
and especially in the high combined copper & zinc treatment. In addition, sig-
nificant correlations were obtained between mortality and metal concentrations
at month 3 and month 6. High mortality obtained in the zinc treatments sup-
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ported the findings of King et al. (2004) showing that polychaetes were sensitive
to high zinc doses. Copper alone is known to be one of the most toxic metals
to polychaetes (Reish & Gerlinger 1997) and the combination of copper and zinc
is thought to have increased their single effects. This observation underlines the
known characteristic of copper and zinc interaction to be additive or synergistic
(Bryan & Langston 1992, Reish & Gerlinger 1997, Fukunaga et al. 2011, NIWQP-
USA 1998).
The potential of additive toxicity of a mixture of components can be defined
by the summation of the toxicity values for each individual component (Walker
et al. 2006). In this study, copper & zinc combined treatment were obtained by
adding the concentrations of copper and the concentration of zinc set for the single
treatments. As previously shown in Chapter 3, copper and zinc concentrations
obtained in the sediment for the combined treatments were equivalent to the
addition of copper and zinc single treatments. However, these levels were different
when taking into account the accumulation of copper and zinc in the worms. The
accumulation levels of copper and zinc were found higher in the worms exposed to
single treatments than in those exposed to combined treatments at the exception
of month 6 for the HCZ (Chapter 3, 3.25). This could also be explained by the
competition between the compounds to bind with their site of actions or receptors
if sharing a common mechanism of action (Walker et al. 2006).
Eisler (1993) listed several studies where the mixture of copper and zinc was
generally found to be “more-than-additive” (synergistic) in toxicity to a large
variety of freshwater and marine organisms (mainly larvae, plankton and fish),
but “less-than-additive” (antagosist) in toxicity to some marine amphipods. This
study also revealed that when one metal was present in higher concentrations
than another one, the uptake of the metal present in lower concentrations would
be reduced and therefore the physiological role of this metal could be altered.
However, this study also underlined that, in the case of copper and zinc, the
combination of these metals resulted in the increase of the uptake of both metals
by marine organisms. An observation that was made in this study only for the
high copper & zinc combined treatments at month 6.
Based on a laboratory experiment, Fukunaga et al. (2011) showed that copper and
zinc reduced the survival rate of the deposit feeding bivalve Macomona liliana and
that these metals combined presented a cumulative effect. Analysing the mixture
of copper and zinc in laboratory experiment is relating to the actual fate or metal
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pollution in the field as a mixture of different metals and other pollutants occur
in the environment. Polychaete species are impacted not by one single pollutant
but by a mixture of chemicals. Field experiment showed the negative and additive
effect of copper and zinc on the abundance and species richness of the polychaetes
Prionospio sp. and Scoloplos cylindifer (Fukunaga et al. 2011). Therefore it is
more likely that the addition of copper & zinc combined is in general more lethal
to N. virens than a single metal. It should be noted that mortality rate was not
influenced by the composition of the food as it contained low levels of copper and
zinc.
4.4.2 Influence on weight
HC and HCZ treatments also presented the lowest weight gained over the nine
months experiment. In addition, significant correlations were obtained between
weight and metal concentrations at month 3 and month 6. Month 3 data (De-
cember) showed high mortality that could be explained by the size of the worms.
Indeed, significant correlations were obtained between weight and mortality (r =
-0.785, p = 0.000). In addition, previous studies have shown that larvae and early
life stages are more sensitive to metal pollution than adults or heavier worms
(Caldwell et al. 2011, Durou et al. 2005, Fichet et al. 1998, Hagger et al. 2002,
Watson et al. 2008). Watson et al. (2008) showed that mortality was correlated to
metal concentrations and that copper reduced the embryo developmental success
and the larval settlement of the polychaetes N. virens nectochaete larvae. Rossi
& Anderson. (1976, 1978) showed that different crude oil affected the feeding
pattern of juvenile worms Neanthes arenaceodentata until they reached 21 setiger-
ous segments which affected their growth rate, hatching success and reproduction
depending on the concentration of oil.
The lowest mortality recorded occurred at month 6 (April) where a negative and
significant correlation was found with weight (r = -0.791, p = 0.000) suggesting a
possible adaptation or selection for the strongest animals. It can be hypothesised
that the worms exposed after a period of six months developed a tolerance to met-
als. It has been shown that population of N. diversicolor inhabiting a highly metal
polluted site in the UK had genetically adapted to become tolerant to copper and
zinc (Grant et al. 1989) and are still nowadays tolerant to these metals (Mouneyrac
et al. 2003). Tolerance can be defined as the ability of an organism to cope with
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an environmental stress (change in temperature, salinity, pH) or anthropogenic
stress (the addition of toxic contaminants in the environment) (Amiard-Triquet
et al. 2011). Tolerance can be gained in two ways either genetically like for the
wild population of N. diversicolor or gained by physiologically adapting during
the exposure of a contaminant at a bioavailability level (Amiard-Triquet et al.
2011). In addition, biochemical processes involving metallothioneins allow indi-
viduals exposed to metals to cope or resist to the pollution by detoxifying the
metals (Amiard-Triquet et al. 2011, Luoma & Rainbow 2008).
Surprisingly, mortality levels did not decrease at month 9 (July) but was even
higher than month 3 data including for the control group. In addition, weight
was significantly correlated to mortality for this month (r = -0.652, p = 0.001).
It should be noted that reproduction occurred before month 6 sampling and was
mainly observed in the control and LC treatments. The reproductive cycle of
many marine invertebrates is strongly seasonal (Benett & Giese 1955, Farmanfar-
maian et al. 1958, Diwan & Nagabhushanam 1974) and the polychaete N. virens
is no exception (Bass & Brafield 1972, Last 1999a, Olive et al. 2000). Olive et al.
(2000) showed that N. virens seasonal reproduction, defined by highly synchro-
nised patterns of spawning, might have an impact on the fitness cost and energy
allocation of adults therefore negatively impacting their survival. Desrosiers et al.
(1994) recorded 100 % adult mortality after spawning and fertilisation. N. virens
is strictly semelparous with variable age at maturity from 1 to more than 8 years
related to growth rate (Olive et al. 1998, 2000). In natural conditions, breeding is
strictly annual leading to the death of the adults. In addition, breeding is thought
to be optimal when the availability of food for the larvae is the greatest and when
good environmental conditions are combined (Diwan & Nagabhushanam 1974,
Olive et al. 2000). Kristensen (1984) showed that three years old N. virens inhab-
iting the Norsminde Fjord in Denmark spawned at the new moon in April when
the sea temperature reached 10-12 oC. Based on the continuous food availability
during this experiment, the use of environmentally relevant metal concentrations
and natural conditions such as availability of seawater it is more than likely that
high mortality obtained in July is the consequence of the reproduction of N.
virens that occurred between April and July. In addition, in April an important
increase of temperature was observed raising from 8.2 (March) to 12.43 oC which
in combination with the increase of daylight could have induced the start of the
reproductive cycle of N. virens. Furthermore, in all treatments the worms gained
weight with a maximum recorded in the HZ treatment at month 9 of 628 % re-
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vealing their healthy condition and supporting the hypothesis that the addition of
zinc is beneficial to their growth. The observation of reproduction during an ex-
periment is rare and showed that this long-term experiment mimicked the natural
condition of N. virens habitats as close as possible.
4.4.3 Is feeding behaviour influenced by metals?
Overall metal ions can lead to the perturbation of biochemical processes possibly
by altering enzyme-ligand interaction, changing the macromolecular structure of
cell components, interfering with oxygen transport with consequences on the en-
ergy allocation (Hansen et al. 1992). If a decrease in energy allocation occurs, the
feeding of the worms might be altered. Results obtained in this study revealed
that the total time out (TTO) recorded was lower in the HC and HCZ treat-
ments. Behavioural changes have been seen in other polychaete species such as
N. diversicolor. Burlinson & Lawrence (2007) showed that the behaviour of N.
diversicolor when exposed to metal stress changed and consisted in a continuous
attempt at burrowing, eversion of the proboscis and abnormal crawling. Bonnard
et al. (2009) reported that only after four days of exposure to copper and even
at low doses (25 µg L−1) the behaviour of the polychaete N. diversicolor and
the bivalve Scrobicularia plana was altered and reflected in hypoactivity. Metal
concentrations used in most of the studies are usually relatively high compared
to the one used here. Our study revealed high variability in the TTO over the
months and significant differences between the HCZ and LZ in June and July
where the worms were more active. During the twenty minutes of recordings,
hypoactivity was observed in the HC and HCZ treatments. This could be an
avoidance response to high metal concentrations which is known to be one of the
consequences of metal exposure (Luoma & Rainbow 2008). The reduction of the
total activity recorded here could be explained as a consequence of a lower feeding
rate affecting the metabolic profiles and the energy levels of the worms. In the HC
and HCZ treatments, less food was successfully grabbed and the time recorded
to successfully grab a pellet and the time to retreat were also lower than for the
other treatments. This reduction in food uptake has already been observed in the
polychaete N. diversicolor and was linked to a reduction in the energy intake and
the fitness of the animal (Moreira et al. 2006). Moreira et al. (2006) hypothe-
sised that a behavioural change in a metal contaminated environment might be
explained by a change in the biochemical parameters affecting key physiological
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functions in the organism such as neurotransmission, metabolic condition, detoxi-
fication processes and antioxidant defences. Animals exposed to metal stress were
affected by oxidative damage reflected by a reduction of glutathione redox status
and an increase in lipid peroxide levels. The reduction of the energy budget of the
organism was explained by an increase of the anaerobic pathway (less efficient in
the ATP production in comparison to the aerobic pathway). Oxidative stress can
be defined as a perturbation in the balance between the production of reactive
oxygen species (free radicals) and antioxidant defences where the ability of the
organisms to detoxify is altered (Betteridge 2000). Acetylcholinesterase (AChE)
is an enzyme playing a role in the neurotransmission of information and can be
inhibited by metals such as copper (Amiard-Triquet et al. 2011, Frasco et al. 2005,
Payne et al. 1996). Therefore, high concentrations of combined copper & zinc or
copper alone may lead to detoxification incapacities by preventing or interfering
with normal biochemical and metabolic functions (Rainbow 2007).
In addition, (Watson et al. 2005) showed that chemical signals play a role in
the predatory avoidance of N. virens and reduced its out of burrow activity. In
general, nereids uses chemoreceptors, sensory receptor that traduce a chemical
signal into an action potential to detect and avoid predators (Dorsett & Hyde
1969). It could be hypothesised that copper and zinc might alter this sensory
receptor function and alter N. virens burrowing activity as this behaviour was
less observed especially in the HC, HZ and HCZ treatments. This hypothesis
could be supported by the observations made by Fernandes et al. (2006) and
Buffet et al. (2011) revealing that polychaetes bioturbation activity was altered
and that burrowing activity decrease when exposed to copper.
4.4.4 Behavioural activity linked to environmental condi-
tions
Our results also underlined the different behavioural patterns of N. virens. Over
the nine months experiment behaviours 1 (anterior part of the worm visible out
of the burrow) and 2 (foraging activity out of burrow) were the most observed in
opposition to behaviour 5 (worm burrowing into a new burrow in the sediment).
Worms were also more active from April until July when the seawater temperature
and the photoperiod increased. In addition, only behaviours 1 and 2 seemed
to be affected by metal contamination especially by HC and HCZ treatments.
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Deschenes et al. (2005) showed a positive correlation between temperature and N.
virens activity level in addition to a lack of movement during colder seasons. An
increase of temperature was shown to increase AChE activity in the bluegill fish
Lepomis Macrochirus (Hogan 1970) which could explain the increase in activity
during warmer seasons. Even though TTO, TGP and TRP were not correlated to
temperature or photoperiod, behaviours 1, 2, 4 and 5 were positively correlated
to temperature and photoperiod data. Behaviour 3 (pellet landing on burrow
and grabbed) was negatively linked to temperature and photoperiod data which
could be explained as an opportunistic behaviour in colder months. Behavioural
pattern of N. virens observed during this long-term experiment study seemed
to be strongly linked to temperature and photoperiod. Observations that were
previously made by (Last 1999a) by showing that N. virens increased its burrowing
emergence when photoperiods exceeded 12 hours.
Behavioural parameters may not always be the most sensitive response to metal
pollution. Indeed, this study underlined the sensitivity of this biomarker at an
individual level when the worms are naturally active, during warmer temperature
and high photoperiod. Therefore, even though behaviour is a direct response to
metal contamination, care should be taken when considering investigating it. In
addition, the study of biochemical parameters could be the key to understand the
behavioural responses of N. virens in metal stress condition.
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Chapter 5
Biochemical responses in N.
virens following a long-term
exposure to metal contaminated
sediment
Metallothionein (MT) levels were measured by Dr Ioanna Kalantzi from the In-
stitute of Oceanography, Hellenic Centre for Marine Research (HCMR), Greece
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5.1 Introduction
Metal pollution can induce various responses at a biochemical level, from changes
in the energy allocation through the induction of metal-specific binding pro-
teins, the metallothioneins (MTs) (Luoma & Rainbow 2008). Induction of these
biomarkers are compensatory responses (Geracitano et al. 2004, Luoma & Rain-
bow 2008, Swain et al. 2004). An increase in MTs and non-MT proteins such as
stress proteins also called heat-stock proteins (HSPs) are also signs of physiological
stress (Luoma & Rainbow 2008). In responses to metal pollution, annelids have
been shown to increase synthesis of stress proteins (Dhainaut & Scaps 2001).
Invertebrates living under metal contaminated conditions can change their en-
ergy allocation (protein, lipid and carbohydrate contents) generally leading to a
decrease of lipids and glycogen (Donker 1992, Durou et al. 2005). These mod-
ifications are part of an adaptation process defined by Hahn (1998) as a series
of modifications enhancing the ability of an organism to survive in a particular
environment. In order to resist to metal pollution, organisms may take direct
actions such as avoidance (Donker 1992). It is also expected that organisms will
use energy in repair mechanisms due to metal pollution damages such as detox-
ification process and therefore change or decrease the energy allocated to basal
metabolism such as growth and reproduction (Donker 1992, Walker et al. 2006).
This change in energy allocation will allow the survival of the organisms but at
a cost. The organism will trade off a loss of growth for survival. But this trade
off could lead to evolutionary implications. Evolutionary responses to pollution
can be referred to the resistance capacity at a population level that have been
acquired through several generations (Walker et al. 2006). Organisms that have
been exposed chronically to a contaminant may have become resistant to chemi-
cals. This is the case for a polychaete species N. diversicolor inhabiting a highly
metal polluted site. Bryan & Hummerst (1971) followed by Mouneyrac et al.
(2003) research showed that N. diversicolor have acquired the capacity to toler-
ate and resist cadmium, copper and zinc metal pollution. Recently, Pook et al.
(2009) demonstrated a fitness cost (decrease in lipid and carbohydrate levels)
associated with metal resistant in N. diversicolor.
One of the most common and sensitive biomarkers used to investigate metal expo-
sure at a biochemical level is the expression of the cytosolic detoxificatory protein
metallothioneins (MTs) (Garrigues et al. 2001, Luoma & Rainbow 2008). MTs
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are non-enzymatic proteins characterised by a low molecular weigh, high cysteine
content, heat stability and no aromatic amino acids with a strong binding affin-
ity to Class B metals such as copper and zinc (Amiard et al. 2006, Davies &
Vethaak 2012, Langston & Bebianno 1998, Luoma & Rainbow 2008, Monserrat
et al. 2007). This characteristic of binding and transferring metallic ions between
MT molecules highly depends on the chemistry of the thiol (-SH) group of the MT
molecules (Monserrat et al. 2007). First reported in mammals in 1957, MTs or
MT-like proteins (MTLPs) are now known to be present among most aquatic or-
ganisms including invertebrates (Davies & Vethaak 2012, Monserrat et al. 2007).
Even though the function of this protein is still debatable, possibly varying be-
tween species and tissues within a species, MTs play a role in the homeostasis of
physiological important metals (such as copper and zinc), detoxification process of
essential metals and non essential metals and antioxidant defences (Amiard et al.
2006, Langston & Bebianno 1998). MTs are involved in metal-sequestration by
regulating cellular processes requiring copper and zinc and also by binding other
non essential metals such as cadmium and mercury (Davies & Vethaak 2012).
Therefore, the induction of MTs should provide protection to the species exposed
to metals by storing the excess of harmful metals (Geracitano et al. 2004). Copper
specific induction of different MT isoforms in the blue crab Callinectes sapidus has
been described by Schlenk & Brouwer (1991) revealing that CuMT-I and CuMT-
II were associated to copper metabolism while CuMT-III was linked to copper
detoxification. In the polychaete species Perinereis nuntia, Won et al. (2012)
showed that Pn-MT (gene coding for MTs in P. nuntia) played an important
role in the detoxification and/or sequestration of specific metals and that there-
fore polychaetes are good candidates to monitor marine pollution. These authors
showed that while metal accumulation was correlated to the exposure time of sev-
eral metals including zinc, MTLP levels and relative mRNA expressions of MTs
increased with accumulated lead and cadmium contents and exposure time.
Biotic factors such as salinity can also affect the speciation and bioavailability of
metals influencing their uptake and binding capacities to MTs (Monserrat et al.
2007). As shown in Figure 5.1, a decrease of salinity can influence the increase of
metal uptake and increase MT levels. Other effects of anthropogenic and biotic
factors are shown in the Figure 5.1 such as antioxidant and oxidative damage lead-
ing to oxidative stress where the balance between ROS (reactive oxygen species)
and antioxidant defences is disrupted.
Most studies on MTs have been realised using molluscs as test species (Davies &
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Figure 5.1. Schematic example of anthropogenic and biotic factors leading to biochemical and
physiological changes in estuarine animals specifically linked to MTs. The red arrows indicate
deleterious effects of pollutants on specific molecules and the black arrows indicate the influence
of biochemical, physiological or environmental factors over biotic and abiotic variables with a
positive (+) or negative (-) effect. AChE: acetylcholinesterase. Prot: proteins. Reactive oxygen
species: hydrogen peroxide (H2O2), superoxide anion (O2.−) and hydroxyl radical (HO.). PUFA:
polyunsaturated fatty acids (from Monserrat et al. (2007)).
Vethaak 2012, Khati et al. 2012, Monserrat et al. 2007, Mouneyrac et al. 1998)
while little is known about polychaete species, especially on N. virens which this
study aims to remedy. In addition, a study based on polychaetes showed that the
induction of MTLPs after a copper exposure varied between polychaete species
(Won et al. 2008), while, Mouneyrac et al. (2003), confirmed the presence of
detoxificatory intracellular structures containing metals in N. diversicolor, sam-
pled from a highly contaminated area in the UK (Restronguet Creek) where the
population is known to be tolerant to copper and zinc. It is in this context that
this chapter aimed to investigate the temporal effects of copper and zinc on the
energy reserves and MT levels in the worms N. virens.
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5.2 Materials and methods
Energy reserves and MT analyses were performed on the survivors of the chronic
exposure experiment detailed in Chapter 3. These tests were also conducted on
worms collected from four sites, Broadmarsh (Portsmouth Harbour), Holes Bay
(Poole Harbour), Saltash (Tamar Estuary) and Mylor (Fal Estuary) in order to
compare field data to the laboratory experiment. All chemicals used for the assays
were purchased from Sigma-Aldrich Co. and the materials were obtained from
Fisher Scientific Inc.
5.2.1 Energetic responses
Tissue samples were used to determine the protein, lipid and carbohydrate levels
in the survivors after 3, 6 and 9 months of exposure. Prior to analysis, ap-
proximatively 0.1 g of worm tissues was weighed on pre-massed weighing boats,
homogenized on ice in 3.5 mL 0.1 mol L−1 phosphate buffered saline (PBS) at
pH 7.5 for one minute at 3000 rpm with a Ultra-Turrax T25 basic mechanical
homogeniser (Ika R© Werke) before aliquoting 1 mL into 2 mL microcentrifuge
tubes and stored at - 20 oC as the crude homogenate.
5.2.1.1 Protein analysis
Total protein was determined based on the Biuret method (Gornall & David 1949)
and modified from Murray (2010). Three millilitres of Biuret solution (3 g of Na,
K-Tartrate, 0.75 g of copper sulphate and 150 mL of 10 % NaOH were dissolved
in 250 mL of distilled water on a mechanical stirrer and topped up with distilled
water to a final volume of 500 mL) was added to 50 µL of crude homogenate and
50 µL of protein standards in glass test tubes. Protein standard concentrations of
0, 2, 4, 6, 8 and 10 mg mL−1 were prepared by dissolving 0.1 g of Bovine Serum
Albumin (BSA) stock in 10 mL distilled water to obtain a final concentration of
10 mg mL−1 of stock solution. All samples and standards were heated at 37 oC
for 30 minutes before being transferred in disposable polystyrene cuvettes and
analysed on the Biomate3 spectrophotometer at an absorbance of 570 nm.
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5.2.1.2 Lipid analysis
Total lipid content was determined based on the method developed by Bligh &
Dyer (1959) with some modifications from Murray (2010). Twenty five microlitres
of acid salt solution (5 M NaCl, 1 M phosphoric acid) was added to 125 µL of
crude homogenate to create an homogenate mixture. To this mixture 300 µL of
methanol and 600 µL of chloroform were added and vortexed for ten minutes.
Then, a further 100 µL of methanol, 200 µL of chloroform, 120 µL of distilled
water and 30 µL of acid salt solution were added to the homogenate mixed and
vortexed for one minute before being centrifuged at 0 oC (3500 g) for 10 minutes.
In parallel, Triglyceride tripalmitin standards were prepared using chloroform for
5, 2.5, 1.25, 0.625, 0.3125, 0.150625 mg mL−1 as well as a chloroform blank. One
hundred microlitres of each sample and standard were transferred to glass test
tubes and 500 µL of 95.0-98.0 % sulphuric acid were added to each test tubes. All
test tubes were heated in an oven at 200 oC for 15 minutes. After being cooled
down to room temperature, 1.5 mL of distilled water was added to each tube. All
samples were mixed before being transferred to a quartz cuvette and read on the
Biomate3 spectrophotometer at 340 nm.
5.2.1.3 Carbohydrate analysis
Total carbohydrate content (combined carbohydrate and glycogen content) was
determined using the anthrone reagent method described by Carrol et al. (1956)
with slight modifications from Murray (2010). First, 200 µL of crude homogenate
were placed in an ultrasonic bath for 20 seconds before being vortexed with 300
µL of 15 % trichloroacetic acid and left on ice for 10 minutes. Samples were
then centrifuged at 4 oC for 10 minutes (3500 g). The supernatant obtained was
transferred into new microcentrifuge tubes and placed on ice while the pellet was
re-suspended in 600 µL of 5 % trichloroacetic acid and centrifuged at 4 oC for 10
minutes (3500 g). The supernatant from the second centrifuge process was added
to the first and left on ice while glucose standards were prepared. Three millilitres
of stock solution (50 mg of D – Glucose anhydrous in 10 mL distilled water) was
used to give 1.5 mL of each glucose standards; 0.5, 0.25, 0.125, 0.0625, 0.03125
and 0.0150625 mg mL−1. Finally, 400 µL of each sample and standard was added
to glass test tubes followed by 4 mL of anthrone reagent (0.5 g of anthrone in 100
mL of 95.0-98.0 % sulphuric acid) before heating at 100 oC for 10 minutes. Once
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cooled to room temperature samples were transferred to quartz cuvettes and read
with the Biomate3 spectrophotometer at an absorbance of 590 nm.
5.2.2 MT analysis
Metallothionein (MT) levels were measured by Dr. Ioanna Kalantzi from the
Institute of Oceanography, Hellenic Centre for Marine Research (HCMR), Greece,
based on the spectrophotometric method developed by Viarengo et al. (1997)
estimating the sulphydryl content of MT proteins.
Tissue samples were pooled per treatment for month 3, 6 and 9 (n = 30, month
3; n = 29, month 6 and n = 27, month 9) in order to have sufficient amount
of tissues for the analysis (0.4 g per pool needed). Each pool of tissues was
homogenised in solution containing 0.5 M sucrose, 20 mM tris-HCl, 3.0 µL mL−1
leupeptin, 1.5 µL mL−1 phenylmethylsulphonyl fluoride (PMSF) and 0.1 µL mL−1
β-mercaptoethanol (equivalent to 0.01 %). The homogenate was then centrifuged
at 30000g for 20 minutes to obtain a supernatant that contained metallothionein
like proteins (MTLPs). For each sample, 1.05 mL of cold ethanol (-20 oC) and 80
µL of chloroform were added to 1 mL aliquot of supernatant and vortexed for a few
seconds. After further centrifugation at 6,000g for 10 minutes, the supernantant
was collected and 40 µL of 37 % HCl and 10 µL of a solution of RNA (1 mg/10
µL) followed by 3 volumes of cold ethanol were added and placed at -20 oC for 1
hour. After further centrifugation at 6,000g for 10 minutes, the supernatant was
discarded and the pellet was washed with an 87 % ethanol and 1 % chloroform
homogenizing buffer solution without the addition of β-mercaptoethanol, PMSF
and leupeptin. Following another centrifugation step of 10 minutes at 6,000g, the
supernatant was removed and the pellet was dried under a nitrogen gas stream for
10 minutes. One hundred and fifty microlitres of 0.25 M NaCl solution and 150
µL of a solution made of 1N HCl containing 4 mM EDTA (destabilizing solution)
was added to the pellet in order to resuspend the MT enriched fraction. Finally,
DTNB (5,5-dithiobis-2-nitrobenzoic acid, pH 8) was added to samples at room
temperature. The absorbance was measured at 412 nm using a spectrophotometer
and the MTLP concentration was calculated using reduced glutathione (GSH) as
a reference standard as described by Viarengo et al. (1997).
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5.2.3 Statistical analysis
Statistical analysis were carried out using the statistical software Statistica 10
where data were tested to meet the assumptions for parametric tests, normality
and equal variances. When the data did not meet these assumptions they were
transformed using either a log or square root transformation. To assess statistical
differences between energy reserve data (proteins, lipids and carbohydrates) and
treatment over the nine months experiment, each variable was averaged per box
and GLMs were tested using tank, month and treatment as factors followed by
Tukey’s test with equal or unequal n’s. The interaction between month and treat-
ment over the nine months was also tested during the GLMs if required. Monthly
data for energy reserves were analysed using GLMs with tank and treatment as
factors followed by Tukey HSD pairwise comparison test of means with equal or
unequal n’s. To evaluate multiple comparisons of the MT data, the parametric
one-way ANOVA was used when the validation conditions were satisfied (normal-
ity and equal variances) followed by a post-hoc Tukey’s test with equal or unequal
n’s. When the data did not meet the parametric assumptions they were trans-
formed using log or Box-Cox transformation or the Kruskal-Wallis non parametric
test was used. Energy levels obtained from the four sampling sites were analysed
using the parametric one-way ANOVA test where the data were transformed if
they did not meet normality and equal variances followed by a Tukey’s pairwise
comparison or using a Kruskal-Wallis non parametric test. Pearson’s correla-
tions was used to reveal the relationships between all the biomarkers and metal
concentrations in the sediment, pore water and tissues. However, as the spiking
process presented some challenges and variability was sometimes observed within
the same treatment, the relationships between sediment metal concentrations and
biomarkers obtained per box and not classified per treatment were also assessed
as a complement of information.
5.3 Results
5.3.1 Protein concentrations
Protein concentrations over the 3, 6 and 9 months are presented in Figure 5.2.
Data showed a decrease of protein concentrations from month 3 to month 9 in
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Figure 5.2. Mean protein concentrations in N. virens expressed in mg g−1 of wet weight for all
the treatments at month 3 (n = 114), 6 (n = 125) and 9 (n = 56). No error bar was shown for
HCZ at month 9 as only one individual survived.
all treatments including the control group. At month 3, an important increase
was observed for HC and MCZ treatments compared to the control group. GLM
for months 3-6-9 for protein data revealed no tank (F 2,57 = 2.18, p = 0.123)
or treatment (F 9,54 = 1.71, p = 0.108) effect or interaction between month and
treatment (F 18,54 = 1.34, p = 0.203) but a significant difference over month (F 2,54
= 148.65, p = 0.000) where month data were significantly different from each
other (p < 0.001). Even though no overall significant differences were obtained
for treatment, pairwise comparison revealed that HC was significantly different
from control (p = 0.041), LC (p = 0.048), MC (p = 0.023), LZ (p = 0.037),
MZ (p = 0.026), HZ (p = 0.018) and LCZ (p = 0.003) treatments. Month 3
data showed no significant differences for tank (F 2,18 = 1.29, p = 0.299) but an
overall significant difference for treatment (F 9,18 = 2.94, p = 0.025) where HC
was significantly higher than control (p = 0.042), HZ (p = 0.041) and LCZ (p =
0.020). Month 6 and month 9 data showed no tank (respectively, F 2,17 = 3.54, p
= 0.052; F 2,15 = 0.18, p = 0.833) or treatment (respectively, F 9,17 = 1.38, p =
0.263; F 9,15 = 0.49, p = 0.859) effect.
140
5. Biochemical responses
0
1
2
3
4
5
6
7
8
9
Control LC MC HC LZ MZ HZ LCZ MCZ HCZ
Month 3
Month 6
Month 9
M
ea
n
 l
ip
id
 c
o
n
ce
n
tr
at
io
n
s 
 (
m
g
 g
-1
  
w
et
 w
ei
g
h
t)
  
Treatments  
Figure 5.3. Mean lipid concentrations in N. virens expressed in mg g−1 of wet weight for all the
treatments at month 3 (n = 115), 6 (n = 124) and 9 (n = 53). No error bar was shown for HCZ
at month 9 as only one individual survived.
5.3.2 Lipid concentrations
Lipid concentrations over the 3, 6 and 9 months are shown in Figure 5.3. Lipids,
like the protein data decreased from month 3 to month 9 in all treatments. Lipid
concentrations data did not show any significant differences with tank (F 2,54 =
0.44, p = 0.643), treatment (F 9,54 = 0.83, p = 0.592) or any interaction between
month and treatment (F 18,54 = 0.44, p = 0.970) over the nine months but the
GLM analysis revealed a significant difference for month (F 2,54 = 122.38, p =
0.000) where months 3-6-9 were significantly different from each other with a p-
value < 0.001. No significant differences were obtained for month 3, 6 and 9 data
neither for tank (respectively, F 2,18 = 0.44, p = 0.893; F 2,18 = 0.33, p = 0.721;
F 2,15 = 0.78, p = 0.476) or treatment (respectively, F 9,18 = 1.07, p = 0.363; F 9,18
= 1.24, p = 0.331; F 9,15 = 0.27, p = 0.972).
5.3.3 Carbohydrate concentrations
Carbohydrate concentrations obtained at month 3, 6 and 9 are presented in Figure
5.4. In contrast to protein and lipid data where the concentrations decreased from
month 3 to month 9, carbohydrate concentrations generally increased from month
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3 to month 6 and decreased from month 6 to month 9. Statistical analysis of the
carbohydrate data for months 3-6-9 revealed no tank (F 2,54 = 2.37, p = 0.103)
or treatment (F 9,54 = 0.46, p = 0.892) effect, no interaction between month and
treatment (F 18,54 = 0.66, p = 0.833) but an overall significant difference for month
(F 2,54 = 24.23, p = 0.000) where month 6 was significantly different from month 3
and month 9 (both, p < 0.001). GLM analysis of month 3, 6 and 9 data reported
no significant differences for tank (respectively, F 2,18 = 1.29, p = 0.289; F 2,18 =
1.03, p = 0.377; F 2,18 = 1.24, p = 0.31) or treatment (respectively, F 9,18 = 0.732,
p = 0.675; F 9,18 = 0.78, p = 0.639; F 9,18 = 1.02, p = 0.461).
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Figure 5.4. Mean carbohydrate concentrations in N. virens expressed in mg g−1 of wet weight
for all the treatments at month 3 (n = 114), 6 (n = 124) and 9 (n = 55). No error bar was
shown for HCZ at month 9 as only one individual survived.
5.3.4 Energy reserves
The contribution between protein, lipid and carbohydrates concentrations are rep-
resented for each month as shown in Figure 5.5. As the sum of protein, lipid and
carbohydrate concentrations does not equal to 100, it should be borne in mind
that water represents an important part in the total mass of each animal. How-
ever, data based on protein, lipid and carbohydrate contributions to the energy
reserves showed that more than 50 % of the energy reserves was represented by
carbohydrates for all treatments for month 3 and more than 80 % for month 6
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Figure 5.5. Energy reserves (lipid, protein and carbohydrate) expressed in percentage for all
treatments for month 3, 6 and 9.
and 9. At month 3, proteins, lipids and carbohydrates represented respectively 24
%, 10 % and 66 % of the energy reserves. At month 6 and 9, proteins and lipids
decreased representing respectively 9 % and 1 % at month 6 and 8 % and 1 %
at month 9 of the energy reserves, whereas carbohydrate levels increased repre-
senting up to 91 % of the energy reserves at month 9. Therefore, the decrease in
proteins and lipids observed at month 6 and 9 were compensated by an increase
in carbohydrates.
Energy levels obtained from the four sampling sites, Broadmarsh (Portsmouth
Harbour), Holes Bay (Poole Harbour), Saltash (Tamar Estuary) and Mylor (Fal
Estuary) (n = 24), are shown in Figure 5.6. All sites showed very high levels
of carbohydrates representing an average of 92 % of the energy reserves from all
sites with Broadmarsh presenting 98 %. Protein levels represented an average of
7 % and the lipids only 1 %. Saltash and Mylor had the highest levels of proteins
with 12 % and 10 % respectively. Statistical analysis of the protein, lipid and
carbohydrate concentrations reported no overall significant differences over the
four sites (respectively, F 3,20 = 2.21, p = 0.119; F 3,20 = 2.81, p = 0.065; F 3,20 =
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Figure 5.6. Energy reserves (lipid, protein and carbohydrate) expressed in percentage for Broad-
marsh (Portsmouth Harbour, n = 6), Holes Bay (Poole Harbour, n = 6), Saltash (Tamar Estuary,
n = 6) and Mylor (Fal Estuary, n = 6).
1.51, p = 0.243).
5.3.5 MT concentrations
MT concentrations found in the worm tissues increased from month 3 to month
6 and decreased from month 6 to month 9 in all treatments except in LZ and MZ
(Figure 5.7). Average MT concentrations obtained for the nine months ranged
from 75.40 µg g−1 of wet weight (control) to 103.87 µg g−1 of wet weight for HC
and 108.43 µg g−1 of wet weight for HCZ.
MT concentrations obtained at month 3, 6 and 9 were analysed using one-way
ANOVAs revealing no significant differences between treatment (respectively, F 9,20
= 2.37, p = 0.052; F 9,19 = 1.33, p = 0.286; F 9,17 = 0.89, p = 0.551). No significant
differences were reported for the control, LC, MC, HC, LZ and MZ (respectively,
F 2,6 = 5.05, p = 0.052; F 2,5 = 2.50, p = 0.177; F 2,6 = 1.71, p = 0.258; F 2,6 = 0.39,
p = 0.691; F 2,6 = 0.45, p = 0.656; F 2,6 = 0.070, p = 0.923). A one-way ANOVA
revealed an overall significant difference for the MT data from the HZ treatment
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Figure 5.7. Mean metallothionein (MT) concentrations in N. virens expressed in µg g−1 of wet
weight for all treatments sampled at month 3 (n = 30), 6 (n = 29) and 9 (n = 27). No error
bar was shown for HCZ at month 9 as only one individual survived.
(F 2,6 = 6.18, p = 0.035) where month 3 was significantly lower than month 6
(p = 0.037). Statistical analysis for LCZ, MCZ and HCZ showed no significant
differences (respectively, F 2,6 = 0.71, p = 0.529; F 2,6 = 1.96, p = 0.221; F 2,3 =
3.71, p = 0.154).
Data obtained from the sampling sites were processed as a pool for each site,
therefore only one value was obtained per site which did not allow any statistical
analysis. However, differences between sites were observed. Mylor presented the
lowest level of MT with 73.48 µg g−1 of wet weight followed by Broadmarsh,
Saltash and Holes Bay with respectively 96.78, 142.36 and 169.43 µg g−1 of wet
weight.
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5.3.6 Correlations between biomarkers and metal concen-
trations
5.3.6.1 Correlations between biomarkers and metal concentrations per
treatment
The correlations between the biomarkers used in this study and metal concentra-
tions are shown in Appendix C and the relevant correlations for this chapter are
described below. Month 3 protein data were positively and significantly correlated
to copper concentrations in the sediment (r = 0.544; p = 0.003), the pore water (r
= 0.655; p = 0.000), the tissues (r = 0.581; p = 0.001) and zinc concentrations in
the tissues (r = 0.495; p = 0.009). No significant correlations were shown between
lipid concentrations and metal concentrations at month 3. However, carbohydrate
data were positively and significantly correlated to copper concentrations in the
sediment (r = 0.463; p = 0.015), the pore water (r = 0.402; p = 0.037) and the
tissues (r = 0.387; p = 0.046). No significant correlations were revealed between
MTs and metal concentrations for month 3.
Month 6 data revealed no significant correlations between proteins or carbohy-
drates with metal concentrations. However, lipid concentrations were positively
and significantly correlated to sediment zinc concentrations (r = 0.389; p = 0.045).
MTs were positively and significantly correlated to sediment zinc concentrations
(r = 0.412; p = 0.033) and zinc concentrations in the tissues (r = 0.471; p =
0.013) at month 6.
At month 9 no significant correlations were obtained between lipids, carbohy-
drates or MTs with metal concentrations. However, protein concentrations were
positively and significantly correlated to zinc concentrations in the pore water (r
= 0.436; p = 0.042) at month 9.
5.3.6.2 Correlations between biomarkers and sediment metal concen-
trations per box
Pearson’s correlations between the biomarkers: energy reserves (protein, lipid and
carbohydrate) and MTs, and sediment metal concentrations are reported in the
Table 5.1 where significant correlations were only observed for month 3 and 6. No
significant correlations were observed between carbohydrate and sediment metal
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concentrations over the nine months experiment.
Table 5.1. Pearson’s correlations (r) and the corresponding p-values between the biomarkers:
Protein (P), Lipid (L), Carbohydrate (C) and MT levels (MT), and sediment metal concentra-
tions for month 3 (a), 6 (b) and 9 (c). Significant correlations are shown in red (p < 0.05).
Month 3 Correlations (r) 
Biomarker Cu S Zn S 
Cu S from 
Cu&Zn 
Zn S from 
Cu&Zn 
P 0.729 -0.123 0.031 -0.009 
L -0.053 0.318 -0.230 -0.220 
C 0.351 0.171 -0.064 -0.051 
MT 0.586 -0.021 0.656 0.663 
a) 
Month 3 p-values 
Biomarker Cu S Zn S 
Cu S from 
Cu&Zn 
Zn S from 
Cu&Zn 
P 0.007 0.703 0.924 0.977 
L 0.869 0.314 0.471 0.491 
C 0.263 0.594 0.843 0.875 
MT 0.045 0.948 0.020 0.019 
Month 6 correlations (r) 
Biomarker Cu S Zn S 
Cu S from 
Cu&Zn 
Zn S from 
Cu&Zn 
P 0.275 -0.098 -0.193 -0.182 
L -0.091 0.724 0.165 0.296 
C 0.233 -0.019 0.193 0.338 
MT 0.144 0.698 0.591 0.656 
b) 
c) 
Month 6 p-values 
Biomarker Cu S Zn S 
Cu S from 
Cu&Zn 
Zn S from 
Cu&Zn 
P 0.388 0.762 0.592 0.614 
L 0.779 0.008 0.648 0.405 
C 0.466 0.952 0.593 0.339 
MT 0.655 0.012 0.072 0.039 
Month 9 correlations (r) 
Biomarker Cu S Zn S 
Cu S from 
Cu&Zn 
Zn S from 
Cu&Zn 
P -0.264 0.102 0.506 0.524 
L -0.357 -0.009 -0.433 -0.416 
C 0.259 0.194 0.024 0.098 
MT 0.044 -0.311 0.126 0.147 
Month 9 p-values 
Biomarker Cu S Zn S 
Cu S from 
Cu&Zn 
Zn S from 
Cu&Zn 
P 0.434 0.753 0.136 0.120 
L 0.281 0.977 0.211 0.232 
C 0.443 0.545 0.948 0.788 
MT 0.898 0.324 0.729 0.685 
Pearson’s correlations between sediment copper concentrations and protein con-
centrations revealed a positive and significant correlation for month 3 only (r =
0.729, p = 0.007) (Figure 5.8a). Month 6 data revealed a non significant increase
in protein concentrations whereas month 9 revealed a non significant decrease in
protein concentrations based on the level of copper in the sediment. A positive
and significant correlation was shown between sediment zinc concentrations and
lipid concentrations for month 6 only (r = 0.724, p = 0.008) (Figure 5.8b).
Positive and significant correlations were recorded between MT concentrations
and sediment copper concentrations month 3 (r = 0.589, p = 0.045) (Figure
5.9a). Even though, no significant correlations were obtained between MTs and
copper concentrations in the sediment for month 6 and 9, MT levels still increased
slightly. For zinc, the activation of MTs occurred only at month 6 (r = 0.698,
p = 0.012) whereas negative and non significant correlations were reported for
month 3 and 9 (Figure 5.9b). MT concentrations were also positively correlated
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Figure 5.8. Relationships between protein and copper (Cu) concentrations in the sediment (a)
and between lipid and zinc (Zn) concentrations in the sediment (b) per box for month 3, 6 and
9. Pearson’s correlation coefficients (r) and their p-values are reported on the graphs.
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Figure 5.9. Relationships between MTs and sediment copper (Cu) concentrations (a) and zinc
(Zn) concentrations (b) per box for month 3, 6 and 9. Pearson’s correlation coefficients (r) and
their p-values are reported on the graphs.
to sediment copper concentrations month 3 (r = 0.656, p = 0.020) and zinc
concentrations month 3 & 6 (respectively, r = 0.663, p = 0.019, r = 0.656, p =
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Figure 5.10. Relationships between MTs and sediment copper (Cu) concentrations (a) and zinc
(Zn) concentrations (b) from combined copper & zinc concentrations per box for month 3, 6
and 9. Pearson’s correlation coefficients (r) and their p-values are reported on the graphs.
0.039) from the combined metal concentrations (Figure 5.10). Even though no
significant correlations were observed for the other months, MTs increased with
combined metal concentrations.
5.4 Discussion
5.4.1 Effect of metals on energy allocation
Elevated metal concentrations have been linked to a decrease in lipids and glycogen
and an increase in stress proteins in many invertebrates (Durou et al. 2005, Pook
et al. 2009). This change in energy allocation can have an effect on the nutritional
value in terms of lipids and proteins and therefore affecting the growth, health,
fecundity and survival of individuals (Durou et al. 2007, Pook et al. 2009). This
long-term experiment revealed a change in energy allocation between proteins,
lipids and carbohydrates over time. We observed an important decrease in protein
and lipid levels for all treatments from month 3 to month 9, whereas carbohydrate
levels increased from month 3 to month 6 before declining at month 9. This change
in energy allocation over time was best shown in Figure 5.5 where carbohydrates
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represented more than 80 % of the energy reserves of the worms at month 6 and
9. However, as these observations were also made for the control group no clear
conclusion could be made on the effects of copper and zinc alone or combined on
the energy cost of the worms over the nine months exposure. Whereas a previous
study has shown that glycogen and lipids were higher in N. diversicolor sampled
from a clean site compared to a contaminated site (Durou et al. 2005), another
study did not reveal any differences in glycogen and lipids in the same species also
comparing a clean versus a contaminated site (Mouneyrac et al. 2006). Several
hypothesis can be made to explain the differences of energy allocation. The first
explanation could be due to the difference in weight or growth where worms from
month 6 and 9 gained more weighed compared to month 3 worms (see Chapter 4)
at the exception of HC and HCZ treatments where a weight loss was observed from
month 3 to month 6. It has been previously shown that biochemical composition
(proteins, lipids and glycogen) of N. virens can vary depending of their weight
(Pellerin-Massicotte et al. 1994). In addition, Durou et al. (2005) showed that
lipid concentrations were influenced by the weight of the worms N. diversicolor
whereas glycogen wasn’t. However, in this nine months experiment no significant
correlations were obtained between lipids, proteins and carbohydrates with weight
(See Appendix C). In addition, the weight at the start of the experiment of all
worms varied from 1 to 3 grammes only. In comparison to field data, the weight
of the worms sampled from the four field sites, used as control, low, medium and
high metal concentration references, did not show any significant correlation with
the energy reserves. Therefore, it is unlikely that weight influenced the energy
reserves in this study. Another factor explaining the change in energy allocation
could be the energy needed for reproduction. Indeed carbohydrates are essential
in the reproduction success of many species as an increase of energy is used during
reproduction and sexual maturation (Mouneyrac et al. 2006, Pook et al. 2009).
At month 6 sampling, mature females and males were found and some juveniles
were recorded especially in the control and low treatments. In addition, death of
the adult worms can occur after a spawning event (Olive et al. 1998) which could
explain the highest mortality rate of 62 % recorded at month 9 (See Chapter
4). Therefore it is highly possible that reproduction could explain the loss of
proteins and lipids recorded at month 6 and 9. In addition, this decrease in lipid
concentrations could lead to a loss of cell viability (See Chapter 6). Finally, the
possibility that food availability could have been one of the factor explaining the
change in energy reserves has been rejected as no considerable energy was needed
for foraging and all boxes were given the same amount of food.
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5.4.2 Metal stress proteins
Even though no clear pattern was observed regarding the effect of copper and
zinc on lipid and carbohydrate levels, an interesting tendency has been noticed
at month 3 concerning the protein levels. Indeed, in the high copper, medium
copper & zinc combined and high copper & zinc combined treatments, protein
levels were found higher compared to the control group. High protein levels in
a metal contaminated area is not surprising and previous research have reported
high concentrations of proteins in polychaetes and other species from metal con-
taminated sites compared to clean sites (Alquezar & Markich. 2006, Geracitano
et al. 2004, Hamer et al. 2004). Energy reserves obtained from the field data
also showed that protein levels were more important from sites containing high
levels of copper and zinc (Saltash and Mylor) compared to less contaminated sites
(Broadmarsh and Holes Bay). However, in all sites, more than 80 % of the en-
ergy was allocated as carbohydrates with similar proportions obtained after six
and nine months of exposure. Elevated metal concentrations have been linked to
an increase in stress proteins, also called heat shock proteins (HSPs) (including
Stress-70 and Stress-60 proteins), and also to the decrease in lipid concentrations
in benthic invertebrates (Hamer et al. 2004, Luoma & Rainbow 2008). The in-
duction of HSPs in annelids has not been well investigated, however, Ruffin et al.
(1994) reported that N. diversicolor reacted to cadmium by synthesizing stress
proteins. Stress proteins are known to be highly conservative and abundant (Lu-
oma & Rainbow 2008). They play a role in the protection of cellular components
from irreversible damages and help in the recovery process after a stress (Goering
& Fisher 1995). Therefore, the elevated level of proteins observed at month 3
in high copper, medium and high copper & zinc combined treatments could be
explained by the induction of heat shock proteins as a defence mechanism. In
addition, positive and significant correlations were obtained for month 3 data be-
tween protein levels and copper concentrations in the sediment, the pore water
and the tissues of N virens. Protein concentrations were also correlated to zinc
concentrations in the tissues at month 3 and to pore water zinc concentrations
month 9. These correlations were obtained based on the treatments. However,
as high variability was sometimes observed within the same treatment, the rela-
tionship between sediment metal concentrations and biomarker’s level per box was
investigated. Significant correlations were revealed between proteins and sediment
copper concentrations for month 3 corroborating the induction of stress proteins
under copper contamination.
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5.4.3 The induction of MTs as a response to metal stress
Another response or compensatory mechanism observed in the worms was the in-
duction of metallothioneins (MTs). Elevated concentrations of MT were observed
in the high treatments especially in the high copper and high copper & zinc
combined treatments suggesting that N. virens are able to tolerate high levels of
copper and zinc by the induction of detoxification processes. These observations
were supported by the significant correlations found between sediment metal con-
centrations and MT levels at month 3 and 6. Positive and significant correlations
were also found between MTs and zinc concentrations in the pore water (r =
0.412, p = 0.033) and in tissues (r = 0.471, p = 0.013) at month 6. Many stud-
ies have reported the induction of MTs as a detoxification process and defence
mechanism occurring in many aquatic species after a metal pollution (Amiard
et al. 2006, Dhainaut & Scaps 2001, Khati et al. 2012, Monserrat et al. 2007,
Mouneyrac et al. 2003, Rainbow & Smith 2013, Won et al. 2008). Studies based
on the population of N. diversicolor inhabiting a well known and historically high
metal polluted site in the UK named Restronguet Creek showed that these worms
have genetically adapted to become tolerant to copper and zinc (Grant et al.
1989) and are still tolerant to these metals (Mouneyrac et al. 2003). However,
this tolerance resulted in a metabolic cost where their growth was reduced com-
pared to non tolerant populations (Pook et al. 2009). Even though these worms
became tolerant to some metals, high metal accumulation has been reported in
these worms (Bryan & Hummerst 1971) suggesting the implication of detoxifi-
cation processes (Amiard-Triquet et al. 2011). Berthet et al. (2003) found that
N. diversicolor from Restronguet Creek accumulated 91 % of copper in insoluble
form, from which 75 % was present in metal-rich granules and the rest bound to
cellular debris. In addition, Mouneyrac et al. (2003) and Rainbow et al. (2004)
confirmed the presence of copper in extracellular granules in the epicuticle of the
body wall and in granules in lysosomes of the epidermal cells below the epicuti-
cle of the body wall from the same species of worms sampled from Restronguet
Creek. The extracellular granules in the epicuticle of the body wall is thought to
represent the major storage of copper in N. diversicolor bodies (Amiard-Triquet
et al. 2011). Mouneyrac et al. (2003) and Rainbow et al. (2004) also revealed
that the percentage of cytosolic metals bound to MTLPs varied for each element
and according to the location of the individuals sampled: 25–40 % for copper and
14–21 % for zinc. In addition, higher MT levels were recorded in N. virens from
Holes Bay (169.43 µg g−1 of wet weight) and Saltash (142.36 µg g−1 of wet weight)
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in comparison to the levels obtained from the nine months laboratory experiment
confirming the ability of N. virens to regulate copper and zinc in their bodies and
suggesting that higher levels of MTs can occur in wild populations of this species
chronically exposed to metals. Moreover, it can be hypothesised that the increase
of MTs noticed from month 3 to month 6 followed by a decrease could underline
the time needed for a population of N. virens, originating from a relatively clean
background, to induce and regulate the excess of harmful metal. In addition,
Won et al. (2012) revealed different levels of MTLPs and mRNA expressions of
MT gene (Pn-MT) in the polychaetes P. nuntia depending on time exposure and
also metal concentrations. For instance, 50 µg l−1 of copper led to an increase of
MTLPs and Pn-MT after 6 hours of exposure followed by a decrease. For zinc,
at the same concentration, MTLPs increased after 48 hours where Pn-MT gene
expression decreased after 6 hours of exposure before increasing after 12 hours.
These variations over time correlates the findings of this study where levels of
MTs were dependent of exposure time and metal concentrations.
Even though no clear link was shown between metal concentrations and lipid and
carbohydrate levels, high levels of MTs and proteins found in this study suggested
that N. virens populations have the ability to induce detoxification processes in
order to allow individuals to survive to metal contamination. It is expected that
the use of additional biomarkers will reveal further and unknown informations on
the compensatory capabilities of N. virens facing a metal stress.
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Chapter 6
Neurotoxic effects, cellular stress
and DNA damage
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6. Neurotoxic effects, cellular stress
and DNA damage
6.1 Introduction
Biomarkers such as cholinesterase activity, lysosomal membrane stability and
DNA damage are indicators of stress at lower levels of biological organisation
providing an early and sensitive response to contaminants. In addition, the use
of multiple biomarkers offers a more complete and an effective approach in moni-
toring aquatic environments.
In ecotoxicology, measuring the cholinesterase (ChE) activity is a widely used tool
to study neurotoxic effects (Walker et al. 2006). Beside its role of biomonitoring,
acetylcholinesterase (AChE) is a key enzyme in the nervous system catalyzing
the hydrolysis of the neurotransmitter acetylcholine (ACh) and terminating nerve
impulses in cholinergic synapses (Quinn 1987) as shown in Figure 6.1.
a) 
b) 
- 
Anionic site 
Esteratic site 
Acetylcholinesterase (AChE) 
Acetylcholine (ACh) 
Choline 
Organophosphate 
chemical formula  
- 
Anionic site Esteratic site 
AChE inactivated 
Acetic acid 
Figure 6.1. Mechanism of action of AChE. a) Acetylcholinesterase normal enzyme function
where the neurotransmitter acetylcholine (ACh) binds to the enzyme and is breaking down
(hydrolysis) into choline and acetic acid and b) inhibition mechanism by organophosphates.
Organophosphates will bind to the hydroxyl group belonging to the amino acid serine inhibiting
the enzyme AChE (modified from ATSDR (2007), Walker et al. (2006) and Wiener & Hoffman
(2004)).
Acetylcholine (ACh) is involved in neuromuscular stimulation and locomotion and
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can be found in neuromuscular junctions (Führer et al. 2012). Even though it can
be found in all animal phyla, the knowledge about the structure, function and
distribution of AChE in invertebrates is very poor. Moreover, the inhibition of
AChE could be species-specific (Lionetto et al. 2011). Scaps et al. (1996) reported
for the first time the biochemical characterization of a cholinesterase and the
presence of AChE in the polychaete species N. diversicolor. Moreira et al. (2001)
characterised the hemolymph of the bivalve Mytilus galloprovincialis as a good
biomarker of ChE activity. Commonly thought to be specifically inhibited by the
presence of pesticides, in particular carbamates and organophosphorus compounds
(Durou et al. 2007, Monserrat et al. 2007, Walker et al. 2006), AChE has also
been shown to be potentially inhibited by metals (Amiard-Triquet et al. 2011,
Calisi et al. 2013, Frasco et al. 2005, 2007, Payne et al. 1996). Carbamates and
organophosphorus compounds are cholinesterase inhibitors that can bind to the
serine hydroxyl group on the AChE enzyme (Figure 6.1) and stop the acetylcholine
from interacting with the cholinesterase enzyme and its hydrolysis into choline and
acetic acid. Only recent studies have revealed that metallic ions such as Hg2+,
Cd2+, Cu2+, and Pb2+ can depress the activity of AChE in invertebrates where
the inhibition of ChE would be through binding to protein –SH residues and not
from organophosphate sensitive active site (Alves Costa et al. 2007, Frasco et al.
2007, Lionetto et al. 2011). Moreover, copper is a transition metal varying from
oxidized copper form (Cu2+) to reduced cuprous (Cu+), and may accept or donate
electrons (Anjos et al. 2014). Due to this redox activity, copper is an essential
cofactor for many enzymatic pathways, including neurotransmitter synthesis. The
consequences of the inhibition of AChE will result in an excess accumulation of
acetylcholine, leading to paralysis of the neural and muscle system (Lionetto et al.
2011). Therefore, the evaluation of ChE activity is a good tool to assess the impact
of carbamates, organophosphorus or metals in the environment.
The most common cellular biomarker of metal stress used in ecotoxicology, is the
lysosomal membrane stability (Dailianis et al. 2003, Luoma & Rainbow 2008).
Lysosomes, found in almost all eukaryotic organisms, are membrane delimited cel-
lular organelles containing enzymes capable of breaking down substances within
a cell including substances that have been incorporated by endocytosis (Luoma
& Rainbow 2008). They are responsible for the recycling of aged cell organelles
(Brenner et al. 2014) and play a role in detoxification processes by the sequestra-
tion and intracellular accumulation of toxic metals and organic pollutants (Moore
1985). By causing an increase of size and number of lysosomes, the storage ca-
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pacity can become overloaded and lead to the instability and possible break of
the lysosomal membrane (Brenner et al. 2014, Moore 1985). Therefore, the sta-
bility of the lysosomal membrane is a good indicator of cellular damage (Dailianis
et al. 2003, Luoma & Rainbow 2008). To assess lysosomal membrane damage, a
technique based on neutral red (NR) dye can be used to give an indication of cell
viability (Babich & Borenfreund 1992). This technique is based on the ability of
viable cells to incorporate (uptake) and retain the NR dye (Repetto et al. 2008).
The NR dye is a cationic dye that penetrates viable cell membrane by non-ionic
diffusion and accumulates in the lysosomes by binding to anionic sites (Pipe &
Jackie A. Coles 1995, Repetto et al. 2008). A dead cell will not be able to take
up and retain the dye. In this technique the dye is then extracted from the viable
cells using an acidified ethanol solution and the absorbance of the solubilized dye,
from the viable cells, is quantified using a spectrophotometer. Thus, the NR is a
rapid and sensitive test for determining the lysosomal membrane stability and has
been used in many invertebrate studies (Dailianis et al. 2003, Hauton & Smith
2004, Weeks & Svendsen 1996) but few research have investigated cell viability in
polychaete species (Catalano et al. 2012).
Damages caused to the DNA have the potential to affect fundamental roles in the
metabolism of cells, even lead to carcinogenesis (tumours), teratogenesis (mal-
formations of embryos), mutations and alter gene functions (Luoma & Rainbow
2008). The common method used to detect potential DNA strand breakages due
to pollutants, for instance metals, is the comet assay. The comet assay, also known
as single cell gel electrophoresis (SCGE), is a rapid and sensitive technique for the
detection of DNA damage (Collins 2004, Luoma & Rainbow 2008). This technique
is used in genotoxicity testing, human biomonitoring, molecular epidemiology and
research in DNA damage and repair mechanisms (Collins 2004, Dixon et al. 2002,
Jha 2008). Initially developed by Ostling & Johanson (1984) it has been modified
by Singh et al. (1988) to detect single strand breaks (strand breaks and incomplete
excision repair sites) based on an alkaline version of the comet assay, known to
show more rapid damages and be more sensitive (Jha 2008). Single strand breaks
are the initial damage induced by genotoxic factors and one single strand break
is sufficient to relax the supercoiling of the DNA loop and therefore enough to
detect DNA damage (Collins 2004). The comet assay presents many advantages:
(1) the detection potential of genotoxic damage in most eukaryotic cell types at
the single-cell level; (2) the small number of cells required; (3) rapid and sen-
sitive technique; (4) provides an early warning response to genotoxic exposure;
157
6. Neurotoxic effects, cellular stress
and DNA damage
and (5) sites of oxidative damage can be identified using enzymatic pretreatment
(Davies & Vethaak 2012). Due to these characteristics, this technique has become
increasingly used to detect genotoxic damage on aquatic species investing the im-
pact of metals and other contaminants on cell damage (Davies & Vethaak 2012).
These contaminants have shown to damage DNA either directly by altering the
integrity of DNA structure, or indirectly via the production of free radicals or af-
ter metabolic activation (Catalano et al. 2012, Lewis & Galloway 2008). However,
genotoxic studies involving polychaetes are scarce (Catalano et al. 2012, Lewis &
Galloway 2008). The vast majority of genotoxicity studies published up to date
have been based on blood cells (either haemocytes or erythrocytes) as target cells
for the comet assay analysis. This is likely due to the practical advantage of pro-
cessing samples from a ready-made supply of nucleated cells in suspension and
the avoidance of extra manipulation leading to stress. In opposition, the use of
solid tissues such as gills requires a dissociation step prior to analysis, which has
the potential to add damage through enzymatic or mechanical processes (Davies
& Vethaak 2012). In addition, Lewis & Galloway (2008) have demonstrated that
different cell types within the same species and different species within the poly-
chaetes group respond with different sensitivities to contaminant exposure and
expressed the need to undertake analysis based on one cell type for comparison
purposes.
Based on these informations, it was clear that a gap of knowledge regarding metal
exposure and biological responses of polychaete species needed to be filled. Thus,
the aim of the study was to identify the 1) biochemical, cytological and genotoxic
responses, 2) resistance capacities and 3) time needed for the population of N.
virens to recover after being exposed to metal contamination using an integrated
multi-biomarker approach.
6.2 Materials and methods
AChE, NR and comet data were performed on the survivors of the chronic expo-
sure experiment detailed in Chapter 3. These tests were also conducted on worms
collected from four sites, Broadmarsh (Portsmouth Harbour), Holes Bay (Poole
Harbour), Saltash (Tamar Estuary) and Mylor (Fal Estuary) in order to compare
field data to the laboratory experiment. All chemicals used for the assays were
purchased from Sigma-Aldrich Co. and the materials were obtained from Fisher
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Scientific Inc. and AMS Biotechnology (Europe) Limited.
6.2.1 Acetylcholinesterase (AChE) assay
The AChE activity was determined using coelomic fluid samples. The assay used
was based on the method introduced by Ellman et al. (1961) with some modifi-
cations (C. Lewis pers. comm.). Frozen samples (- 80 oC) were slowly defrosted
at room temperature prior to the assay. First, 10 µL of coelomic fluid was added
in duplicate in a 96 well flat bottom microplate. Then, 30 µL of the reagent or
colour indicator DTNB (5’,5’-Dithiobis (2-Nitrobenzoic acid) 270 µM in 100 mL
Phosphate buffered saline (PBS)) was added to each well and read at 405 nm each
minute for 5 minutes on a multi-well plate reader LT-400 Labtech. Finally, 10 µL
of acetylthiocholine iodine (Sigma-Aldrich) (3 mM in 50 mL of distilled water)
was added to each sample and read again at 405 nm for 5 minutes. The assay
was standardised using the determination of protein concentrations after Brad-
ford (1976). Ten microlitres of diluted Bio-Rad reagent (1:5 in distilled water)
was added to the samples, to 5 µL of blanks (physiological saline) and to 5 µL
of protein standards (0-1 mg mL−1 Bovine Serum Albumin) previously added in
duplicate into the empty wells of the microplate. Following an incubation period
of 20 minutes at 20 oC, the absorbance of the samples was read at 595 nm. The
enzyme activity was expressed in micromoles of substrate hydrolysed per minute
relative to protein content (µmol min−1 mg−1 protein) as follows (Ellman et al.
1961):
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6.2.2 Neutral red
Lysosomal membrane stability of N. virens coelomocytes, was measured by a neu-
tral red uptake assay. The procedure based on Babich & Borenfreund (1992) and
Repetto et al. (2008) was adapted to N. virens (C. Lewis pers. comm.). Fifty
microlitres of coelomic fluid was added in duplicate into a pre-treated flat bot-
tomed microplate with poly-L-lysine. Following a 45 minute incubation period
at room temperature, non-adhered cells were discarded by plate inversion. Fifty
microlitres of neutral red working solution (0.2 % neutral red stock solution in
physiological saline) was added to each well and left at room temperature to in-
cubate for 3 hours. The excess of neutral red was removed by plate inversion
before adding 50 µL of acidified ethanol (1 % acetic acid, 50 % ethanol) in order
to breakdown to cellular membrane and resolubilise the dye. The optical density
of Neutral red was then measured spectrophotometrically at 540 nm. This as-
say was standardised using the same protein protocol as described in the AChE
assay.
6.2.3 Comet assay
To detect single strand breaks the alkaline version of the comet assay was used
as described in Lewis & Galloway (2008) with some modifications. A positive
control was added at each assay by placing one sample of coelomic fluid (or coelo-
mocytes) under UV light for 3 minutes to induce DNA damage. First, the samples
were defrosted at room temperature and then placed on ice for the duration of
the assay. Ten µL of coelomic fluid was added to 160 µL of low melting point
agarose (0.5 g melted in 100 mL of Phosphate buffered saline (PBS) and then
heated at 37 oC). After a gentle mix, 50 µL of the mixture was placed on a 20
well Trevigen CometSlidesTM (2 replicas). After a settlement time of 10 minutes
in the dark, the slides were covered with lysis solution in a petri dish and left for 1
hour to remove the membranes and histones from the DNA. After gently rinsing
the slides with distilled water, an alkaline solution (2.4 g of NaOH and 1 mL of
200 mM EDTA in 199 mL of distilled water) was added and left for 30 minutes
in order to unwinde and denaturate the DNA. Then, the slides were placed in a
black electrophoresis chamber and covered with the electrophoresis solution (12
g NaOH and 2 mL EDTA in 800 mL of distilled water) for 30 minutes at 25
V and 300 mA in order to allow the migration of the damaged DNA fragments
160
6. Neurotoxic effects, cellular stress
and DNA damage
negatively charged towards the positively charged anode of the electrophoresis
chamber. After rinsing the slides with distilled water, they were placed in 70 %
ethanol for 5 minutes. Once the slides were dried, the cells were stained using 50
µL of Sybr green solution (2 µL of stock added to 10 µL of TE buffer (10 mM Tris-
HCl, 1 mM EDTA)) and examined under an epifluorescence microscope (DMR;
Leica Microsystems) using a maximum excitation/emission filters of 497/520 nm
and imaging system (Comet IV, Perceptive Imaging, Bury St Edmunds, UK).
Slides were scored without knowing the corresponding treatment and an average
of 20 cells were scored per sample. Cells with DNA damage were represented
by the characteristic ‘comets’ or tail when the negatively charged damaged DNA
fragments migrated away from the nucleoid towards the anode during the elec-
trophoresis step. Therefore, comet assay results were explained in % tail DNA,
showing the % of DNA damage in cell, throughout this thesis as it is the most
sensitive tool to asses DNA damage from environmental contaminants (Figure
6.2) (Dallas et al. 2013, Cheung et al. 2006).
a) b) 
c) d) 
% tail  
DNA 
% tail DNA 
% tail DNA 
Figure 6.2. Different levels of DNA damage measured by the comet software, Comet IV: a) Low
damage, no ‘comet’ tail, b) Slight damage, c) Considerable damage, d) High damage expressed
by the % of DNA in the tail.
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6.2.3.1 Statistical analysis
The statistical software Statistica 10 was used for all statistical analysis achieved
in this Chapter. Data for NR and DNA damage expressed in percentage were
arcsine transformed in order to proceed with statistical analysis. AChE data
were log transformed for normality and equal variances. Multiple comparisons of
AChE, NR and DNA damage data for the nine months experiment were assessed
using GLMs taking into account tank, month and treatment as factors followed
by a post-hoc Tukey’s test with equal or unequal n’s. The three biomarkers
(AChE, NR and DNA damage) obtained from the field sites were tested using
one-way ANOVAs and data were transformed if needed to meet the parametric
assumptions. Pearson’s correlations were used to obtain the relationships between
all the biomarkers and metal concentrations in the sediment, pore water and
tissues. In addition, the relationships between sediment metal concentrations and
biomarkers obtained per box and not classified per treatment were also assessed
and are presented here.
6.3 Results
6.3.1 AChE
AChE activity was higher at month 3 compared to months 6 and 9 (Figure 6.3).
The most important decrease of the data was observed at month 3 between the
control group (11.63 µmol min−1 mg−1 of protein) and the HC treatment (6.04
µmol min−1 mg−1 of protein). AChE data showed high variability especially at
month 3. Statistical analysis of the data obtained at month 3, 6 and 9 showed
no tank (F 2,54 = 1.86, p = 0.165) or treatment (F 9,54 = 1.42, p = 0.202) effect
or any interaction between month and treatment (F 18,54 = 0.42, p = 0.978) but
revealed an overall significant difference for month (F 2,54 = 18.51, p = 0.000)
where month 3 was significantly higher than month 6 and month 9 (both, p <
0.001). Even though no overall significant differences were shown for treatment,
pariwise comparison revealed that HC was significantly different from LZ (p =
0.042). Monthly analysis of AChE data for month 3, 6 and 9 showed no tank
(respectively, F 2,18 = 1.97, p = 0.158; F 2,17 = 0.88, p = 0.433; F 2,15 = 2.40, p
= 0.125) or treatment (respectively, F 9,18 = 1.43, p = 0.247; F 9,17 = 0.72, p =
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0.685; F 9,15 = 0.43, p = 0.899) effect.
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Figure 6.3. AChE activity expressed in µmol min−1 mg−1 of protein for all the treatments found
in the worms sampled at month 3 (n = 102), 6 (n = 114) and 9 (n = 56).
6.3.2 Lysosomal membrane stability
Neutral red (NR) data showed an important decrease from month 3 to month 6 but
an increase in cell viability from month 6 to month 9 (Figure 6.4). High variability
was also observed for the NR data especially for LZ and MZ treatments at month
9. Statistical analysis of the NR data obtained at month 3, 6 and 9 showed no
significant differences for tank (F 2,53 = 1.10, p = 0.339), treatment (F 9,53 = 0.59,
p = 0.799), no interaction between month and treatment (F 18,53 = 0.21, p =
0.999) but revealed a significant difference for month (F 2,53 = 138.05, p = 0.000).
Pairwise comparison confirmed that all months were significantly different from
each other with p-values < 0.001. Monthly analysis or the NR data at month 3,
6 and 9 showed no statistical differences for tank (respectively, F 2,18 = 1.59, p =
0.231; F 2,17 = 1.88, p = 0.182; F 2,14 = 0.73, p = 0.501) or treatment (respectively,
F 9,18 = 0.25, p = 0.979; F 9,17 = 1.00, p = 0.474; F 9,14 = 0.31, p = 0.957).
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Figure 6.4. Lysosomal membrane stability revealed by the neutral red assay in N. virens ex-
pressed in percentage of cell viability for all the treatments at month 3 (n = 101), 6 (n = 116)
and 9 (n = 52).
6.3.3 DNA damage
DNA damage was revealed using the comet assay where the percentage of DNA
damage are expressed in % tail DNA (Figure 6.5). Data showed that DNA damage
was important in the HC, HZ treatments and especially in the HCZ at month 3.
The maximum DNA damage was 36.44 % in the HCZ treatment after three months
of exposure.
Comet data for 3-6-9 months revealed no tank effect but significant differences for
month, treatment and for the interaction between month and treatment (Table
6.1a). Pairwise comparisons revealed that month 3 was significantly different from
month 6 (p = 0.047), that HC was significantly higher than control and LZ (both,
p < 0.001), that MC was significantly different from control (p = 0.000), LZ (p
= 0.000), HZ (p = 0.011), that LC was significantly different from control (p =
0.000), LZ (p = 0.003), HZ (p = 0.000), LCZ (p = 0.022) and MCZ (p = 0.002)
and that HCZ was significantly higher than all treatments (all, p < 0.001).
The interactions between month and treatment for comet data at month 3, 6 and
9, are presented in Table 6.2. This Table revealed that in some cases the DNA
damage observed in the different metal treatments could be dependant on the
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Figure 6.5. Percentage (%) tail DNA in N. virens for all the treatments at month 3 (n = 54), 6
(n = 103 ) and 9 (n = 56).
Table 6.1. GLMs for comet data: a) Detail of the GLM for the overall data, months 3-6-9 (M
3-6-9) and b) Detail of the GLMs for month 3, 6 and 9. Significant differences are represented
in red (p < 0.05).
 
 
GLM 
Factors 
Degree of  
freedom 
F p 
M 3-6-9  
T 9 33.96 0.000000 
Tanks 2 2.38 0.102065 
Months 2 4.19 0.000636 
T*Months 18 3.12 0.000000 
Error 54 
a) 
GLMs Factors 
Degree  
of freedom 
F p 
M 3 
T 9 19.77 0.000000 
Tanks 2 0.63 0.546425 
Error 18 
M 6 
T 9 32.76 0.000000 
Tanks 2 0.06 0.935749 
Error 18 
M 9 
T 9 5.25 0.002452 
Tanks 2 2.87 0.088101 
Error 15 
b) 
months. For instance, month 3 HCZ was significantly different from all treatments
except month 6 HCZ (p = 0.46) and month 9 HCZ (p = 0.66) revealing that DNA
damage from HCZ treatments was, however, not dependant on the months.
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Table 6.2. Interaction matrix between month 3 (m3), month 6 (m6), month (m9) and treatments
for DNA damage. This interaction was tested during the GLM analysis and revealed an overall
significant difference (F18,54 = 3.12, p = 0.000). For clarity p-values are represented after two
decimals. Significant differences are represented in red (p < 0.05).
m3 m3 m3 m3 m3 m3 m3 m3 m3 m3 m6 m6 m6 m6 m6 m6 m6 m6 m6 m6 m9 m9 m9 m9 m9 m9 m9 m9 m9 m9 
C LC MC HC LZ MZ HZ LCZ MCZ HCZ C LC MC HC LZ MZ HZ LCZ MCZ HCZ C LC MC HC LZ MZ HZ LCZ MCZ HCZ 
m3 C 0.98 0.51 0.00 1.00 1.00 0.00 0.01 0.00 0.00 1.00 0.01 0.00 0.00 1.00 0.00 0.00 0.00 0.00 0.00 1.00 0.10 0.00 0.02 0.98 0.00 0.00 0.00 0.00 0.04 
m3 LC 0.98 1.00 0.50 1.00 1.00 0.13 0.58 0.05 0.00 0.73 0.76 0.26 0.11 0.99 0.02 0.00 0.06 0.03 0.00 1.00 0.99 0.51 0.53 1.00 0.08 0.01 0.05 0.09 0.43 
m3 MC 0.51 1.00 0.98 0.84 1.00 0.71 0.99 0.46 0.00 0.14 1.00 0.89 0.65 0.57 0.22 0.01 0.51 0.30 0.02 0.86 1.00 0.98 0.96 1.00 0.57 0.15 0.43 0.60 0.82 
m3 HC 0.00 0.50 0.98 0.02 0.32 1.00 1.00 1.00 0.00 0.00 1.00 1.00 1.00 0.01 1.00 0.57 1.00 1.00 0.64 0.02 1.00 1.00 1.00 0.55 1.00 1.00 1.00 1.00 1.00 
m3 LZ 1.00 1.00 0.84 0.02 1.00 0.00 0.03 0.00 0.00 1.00 0.06 0.01 0.00 1.00 0.00 0.00 0.00 0.00 0.00 1.00 0.29 0.02 0.05 1.00 0.00 0.00 0.00 0.00 0.08 
m3 MZ 1.00 1.00 1.00 0.32 1.00 0.07 0.40 0.03 0.00 0.88 0.57 0.15 0.05 1.00 0.01 0.00 0.03 0.01 0.00 1.00 0.94 0.33 0.38 1.00 0.04 0.00 0.02 0.04 0.33 
m3 HZ 0.00 0.13 0.71 1.00 0.00 0.07 1.00 1.00 0.00 0.00 1.00 1.00 1.00 0.00 1.00 0.94 1.00 1.00 0.94 0.00 0.99 1.00 1.00 0.16 1.00 1.00 1.00 1.00 1.00 
m3 LCZ 0.01 0.58 0.99 1.00 0.03 0.40 1.00 1.00 0.00 0.00 1.00 1.00 1.00 0.01 1.00 0.48 1.00 1.00 0.57 0.03 1.00 1.00 1.00 0.64 1.00 0.99 1.00 1.00 1.00 
m3 MCZ 0.00 0.05 0.46 1.00 0.00 0.03 1.00 1.00 0.00 0.00 1.00 1.00 1.00 0.00 1.00 0.99 1.00 1.00 0.99 0.00 0.95 1.00 1.00 0.07 1.00 1.00 1.00 1.00 1.00 
m3 HCZ 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.03 0.00 0.00 0.46 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.66 
m6 C 1.00 0.73 0.14 0.00 1.00 0.88 0.00 0.00 0.00 0.00 0.00 0.00 0.00 1.00 0.00 0.00 0.00 0.00 0.00 1.00 0.02 0.00 0.00 0.69 0.00 0.00 0.00 0.00 0.01 
m6 LC 0.01 0.76 1.00 1.00 0.06 0.57 1.00 1.00 1.00 0.00 0.00 1.00 1.00 0.02 0.99 0.32 1.00 1.00 0.42 0.07 1.00 1.00 1.00 0.80 1.00 0.97 1.00 1.00 1.00 
m6 MC 0.00 0.26 0.89 1.00 0.01 0.15 1.00 1.00 1.00 0.00 0.00 1.00 1.00 0.00 1.00 0.81 1.00 1.00 0.83 0.01 1.00 1.00 1.00 0.30 1.00 1.00 1.00 1.00 1.00 
m6 HC 0.00 0.11 0.65 1.00 0.00 0.05 1.00 1.00 1.00 0.00 0.00 1.00 1.00 0.00 1.00 0.97 1.00 1.00 0.96 0.00 0.99 1.00 1.00 0.13 1.00 1.00 1.00 1.00 1.00 
m6 LZ 1.00 0.99 0.57 0.01 1.00 1.00 0.00 0.01 0.00 0.00 1.00 0.02 0.00 0.00 0.00 0.00 0.00 0.00 0.00 1.00 0.12 0.01 0.02 0.99 0.00 0.00 0.00 0.00 0.04 
m6 MZ 0.00 0.02 0.22 1.00 0.00 0.01 1.00 1.00 1.00 0.00 0.00 0.99 1.00 1.00 0.00 1.00 1.00 1.00 1.00 0.00 0.76 1.00 1.00 0.02 1.00 1.00 1.00 1.00 1.00 
m6 HZ 0.00 0.00 0.01 0.57 0.00 0.00 0.94 0.48 0.99 0.03 0.00 0.32 0.81 0.97 0.00 1.00 0.99 1.00 1.00 0.00 0.07 0.55 0.99 0.00 0.98 1.00 1.00 0.98 1.00 
m6 LCZ 0.00 0.06 0.51 1.00 0.00 0.03 1.00 1.00 1.00 0.00 0.00 1.00 1.00 1.00 0.00 1.00 0.99 1.00 0.98 0.00 0.96 1.00 1.00 0.08 1.00 1.00 1.00 1.00 1.00 
m6 MCZ 0.00 0.03 0.30 1.00 0.00 0.01 1.00 1.00 1.00 0.00 0.00 1.00 1.00 1.00 0.00 1.00 1.00 1.00 1.00 0.00 0.85 1.00 1.00 0.03 1.00 1.00 1.00 1.00 1.00 
m6 HCZ 0.00 0.00 0.02 0.64 0.00 0.00 0.94 0.57 0.99 0.46 0.00 0.42 0.83 0.96 0.00 1.00 1.00 0.98 1.00 0.00 0.14 0.63 0.91 0.00 0.97 1.00 0.99 0.97 1.00 
m9 C 1.00 1.00 0.86 0.02 1.00 1.00 0.00 0.03 0.00 0.00 1.00 0.07 0.01 0.00 1.00 0.00 0.00 0.00 0.00 0.00 0.31 0.03 0.06 1.00 0.00 0.00 0.00 0.00 0.09 
m9 LC 0.10 0.99 1.00 1.00 0.29 0.94 0.99 1.00 0.95 0.00 0.02 1.00 1.00 0.99 0.12 0.76 0.07 0.96 0.85 0.14 0.31 1.00 1.00 0.99 0.98 0.64 0.94 0.98 0.98 
m9 MC 0.00 0.51 0.98 1.00 0.02 0.33 1.00 1.00 1.00 0.00 0.00 1.00 1.00 1.00 0.01 1.00 0.55 1.00 1.00 0.63 0.03 1.00 1.00 0.56 1.00 1.00 1.00 1.00 1.00 
m9 HC 0.02 0.53 0.96 1.00 0.05 0.38 1.00 1.00 1.00 0.00 0.00 1.00 1.00 1.00 0.02 1.00 0.99 1.00 1.00 0.91 0.06 1.00 1.00 0.58 1.00 1.00 1.00 1.00 1.00 
m9 LZ 0.98 1.00 1.00 0.55 1.00 1.00 0.16 0.64 0.07 0.00 0.69 0.80 0.30 0.13 0.99 0.02 0.00 0.08 0.03 0.00 1.00 0.99 0.56 0.58 0.10 0.01 0.06 0.11 0.46 
m9 MZ 0.00 0.08 0.57 1.00 0.00 0.04 1.00 1.00 1.00 0.00 0.00 1.00 1.00 1.00 0.00 1.00 0.98 1.00 1.00 0.97 0.00 0.98 1.00 1.00 0.10 1.00 1.00 1.00 1.00 
m9 HZ 0.00 0.01 0.15 1.00 0.00 0.00 1.00 0.99 1.00 0.00 0.00 0.97 1.00 1.00 0.00 1.00 1.00 1.00 1.00 1.00 0.00 0.64 1.00 1.00 0.01 1.00 1.00 1.00 1.00 
m9 LCZ 0.00 0.05 0.43 1.00 0.00 0.02 1.00 1.00 1.00 0.00 0.00 1.00 1.00 1.00 0.00 1.00 1.00 1.00 1.00 0.99 0.00 0.94 1.00 1.00 0.06 1.00 1.00 1.00 1.00 
m9 MCZ 0.00 0.09 0.60 1.00 0.00 0.04 1.00 1.00 1.00 0.00 0.00 1.00 1.00 1.00 0.00 1.00 0.98 1.00 1.00 0.97 0.00 0.98 1.00 1.00 0.11 1.00 1.00 1.00 1.00 
m9 HCZ 0.04 0.43 0.82 1.00 0.08 0.33 1.00 1.00 1.00 0.66 0.01 1.00 1.00 1.00 0.04 1.00 1.00 1.00 1.00 1.00 0.09 0.98 1.00 1.00 0.46 1.00 1.00 1.00 1.00 
Statistical analysis for monthly comet data are shown in Table 6.1b. Month 3 data
showed no tank but treatment effect (Table 6.1b) where control was significantly
lower than HC (p = 0.010), HZ (p = 0.003), LCZ (p = 0.012) and MCZ (p =
0.001), HC was also significantly higher than LZ (p = 0.025), LZ was significantly
different from HZ (p = 0.007), LCZ (p = 0.031) and MCZ (p = 0.004), MZ
was significantly different from MCZ (p = 0.028) and, finally, where HCZ was
significantly higher than all treatments (all, p < 0.001).
A significant difference was shown with treatment but not with tank (Table 6.1b)
for month 6 comet data where control was significantly different from all treat-
ments (all, p < 0.001) except LZ, LZ was significantly lower than all treatments
(all, p < 0.001) except control, LC was significantly lower than HZ (p = 0.011)
and finally where HCZ was significantly higher than LC (p = 0.000), MC (p =
0.005), HC (p = 0.014), LZ (p = 0.000) and LCZ (p = 0.025).
Month 9 data reported not tank but treatment effect (Table 6.1b) where the
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control group was significantly lower than MZ (p = 0.013), HZ (p = 0.004), LCZ
(p = 0.009) and MCZ (p = 0.014) and where LZ was significantly lower than HZ
(p = 0.0037).
6.3.4 Correlations between biomarkers and metal concen-
trations
6.3.4.1 Correlations between biomarkers and metal concentrations per
treatment
The correlations between the biomarkers used in this study and metal concentra-
tions are shown in Appendix C and the relevant correlations for this chapter are
described below. At month 3, NR data were negatively and significantly corre-
lated to zinc concentrations in the pore water (r = -0.415, p = 0.031). Comet
data were positively and significantly correlated to copper concentrations in the
sediment (r = 0.401, p = 0.038) and in the tissues (r = 0.402, p = 0.038), and to
zinc concentrations in the sediment (r = 0.534, p = 0.004) and in the tissues (r
= 0.703, p = 0.000) at month 3.
At month 6, NR data were negatively and significantly correlated to copper con-
centrations in the sediment (r = -0.580, p = 0.002), the pore water (r = -0.725, p
= 0.000) and in the tissues (r = -0.460, p = 0.016), and to zinc concentrations in
the pore water (r = -0.553, p = 0.003) and in the tissues (r = -0.661, p = 0.000).
Positive and significant correlations were obtained between comet data and copper
concentrations in the pore water (r = 0.405, p = 0.036) and zinc concentrations
in the sediment (r = 0.522, p = 0.005) and in the tissues (r = 0.409, p = 0.034)
at month 6.
At month 9, only zinc concentrations in the pore water were significantly corre-
lated to comet data (r = 0.463, p = 0.030).
6.3.4.2 Correlations between biomarkers and sediment metal concen-
trations per box
Pearson’s correlations between the biomarkers: AChE, NR and comet, and sedi-
ment metal concentrations are reported in the Table 6.3 where significant corre-
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Table 6.3. Pearson’s correlations (r) and the corresponding p-values between the biomarkers:
AChE, NR and comet, and sediment metal concentrations for month 3 (a), 6 (b) and 9 (c).
Significant correlations are represented in red (p < 0.05).
a) 
b) 
c) 
Month 3 correlations (r) 
Biomarker Cu S Zn S 
Cu S from 
Cu&Zn 
Zn S from 
Cu&Zn 
AChE -0.549 -0.327 -0.081 -0.181 
NR -0.554 -0.869 -0.255 -0.416 
Comet 0.809 0.859 0.917 0.895 
Month 3 p-values 
Biomarker Cu S Zn S 
Cu S from 
Cu&Zn 
Zn S from 
Cu&Zn 
AChE 0.064 0.299 0.801 0.573 
NR 0.062 0.000 0.424 0.178 
Comet 0.001 0.000 0.000 0.000 
Month 6 correlations (r) 
Biomarker Cu S Zn S 
Cu S from 
Cu&Zn 
Zn S from 
Cu&Zn 
AChE -0.443 0.134 0.311 0.25 
NR -0.503 -0.528 0.177 0.296 
Comet 0.567 0.768 0.747 0.827 
Month 6 p-values 
Biomarker Cu S Zn S 
Cu S from 
Cu&Zn 
Zn S from  
Cu&Zn 
AChE 0.149 0.678 0.382 0.487 
NR 0.095 0.095 0.624 0.406 
Comet 0.054 0.003 0.013 0.003 
Month 9 correlations (r) 
Biomarker Cu S Zn S 
Cu S from 
Cu&Zn 
Zn S from 
Cu&Zn 
AChE -0.259 -0.455 -0.029 -0.029 
NR -0.167 0.317 -0.397 -0.388 
Comet 0.775 0.597 0.622 0.694 
Month 9 p-values 
Biomarker Cu S Zn S 
Cu S from 
Cu&Zn 
Zn S from 
Cu&Zn 
AChE 0.442 0.137 0.937 0.937 
NR 0.622 0.316 0.255 0.267 
Comet 0.005 0.040 0.055 0.026 
lations were mainly observed between DNA damage and sediment metal concen-
trations. No significant correlations were revealed between AChE and sediment
metal concentrations over the nine months experiment.
A significant correlation was shown between cell viability and zinc concentrations
in the sediment for month 3 only (r = -0.869, p = 0.000) (Figure 6.6). At month
6, cell viability decreased but the correlation was not significant. In opposition to
month 3 and 6, an increase in cell viability was observed at month 9.
The correlations between DNA damage and sediment single metal concentrations
are presented in Figure 6.7a&b. Positive and significant correlations were obtained
between DNA damage and sediment copper concentrations for month 3 (r = 0.809,
p = 0.001) and 9 (r = 0.775, p = 0.005). Even though no significant correlations
were shown for month 6 data, an increase in DNA damage was still noticeable.
Sediment zinc concentrations were positively and significantly correlated to DNA
damage for month 3, 6 and 9 (respectively, r = 0.859, p = 0.000; r = 0.768, p =
0.003; r = 0.597, p = 0.040).
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Figure 6.6. Relationships between cell viability (NR) and sediment zinc (Zn) concentrations for
month 3, 6 and 9. Pearson’s correlation coefficients (r) and their p-values are reported on the
graphs.
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Figure 6.7. Relationships between DNA damage and sediment copper (Cu) concentrations (a)
and zinc (Zn) concentrations (b) per box for month 3, 6 and 9. Pearson’s correlation coefficients
(r) and their p-values are reported on the graphs.
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Figure 6.8. Relationships between DNA damage and sediment copper (Cu) concentrations (a)
and zinc (Zn) concentrations (b) from combined copper & zinc concentrations per box for month
3, 6 and 9. Pearson’s correlation coefficients (r) and their p-values are reported on the graphs.
Positive and significant correlations were also obtained when investigating the
combined metal concentrations for DNA damage data (Figure 6.8a&b). Sedi-
ment copper concentrations from copper & zinc combined reported positive and
significant correlations with DNA damage at month 3 (r = 0.917, p = 0.000)
and month 6 (r = 0.747, p = 0.013). DNA damage at month 9 increased but
no significant correlation was observed. Positive and significant correlations were
observed between DNA damage and sediment zinc concentrations from copper &
zinc combined for month 3, 6 and 9 (respectively, r = 0.895, p = 0.000; r = 0.827,
p = 0.003; r = 0.694, p = 0.026).
6.3.5 Biochemical, cytological and genotoxic responses in
N. virens from four UK sites
Biochemical and genetic responses obtained in N. virens sampled from four sites
Broadmarsh (Portsmouth Harbour), Holes Bay (Poole Harbour), Saltash (Tamar
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Estuary) and Mylor (Fal Estuary) are presented in Figure 6.9. Broadmarsh was
the site with the highest cell viability (17 %) and the lowest DNA damage (7
%). Even though Saltash had the lowest cell viability (7 %), Mylor was the site
presenting the highest DNA damage (18 %) and the lowest esterase activity (5.33
µmol min−1 mg−1 of protein). No significant differences were obtained for the
esterase activity between sites (F 3,19 = 2.87, p = 0.064). One-way ANOVA for
NR data showed an overall significant difference (F 3,20 = 3.87, p = 0.025) where
Broadmarsh was significantly higher than Saltash (p = 0.014). The data obtained
from the comet assay revealed an overall significant difference (F 3,19 = 4.76, p =
0.012) where Broadmarsh was significantly lower than Mylor (p = 0.013).
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Figure 6.9. a) AChE, b) NR and c) DNA damage data from sites expressed in µmol min−1 mg−1
of protein, percentage of viability and percentage of tail DNA found in the worms sampled from
four sites Broadmarsh (Portsmouth Harbour, n = 6), Holes Bay (Poole Harbour, n = 6), Saltash
(Tamar Estuary, n = 6) and Mylor (Fal Estuary, n = 6).
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6.4 Discussion
6.4.1 Metals as an inhibitor of the AChE activity
Even though, the AChE activity in the worms decreased over the nine months
experiment, the influence of metals on the inhibition of AChE was not clearly
revealed in this study. No significant correlations were obtained between metal
concentrations and AChE at 3, 6 or 9 months. Seasonal fluctuations such as tem-
perature were reported as the major cause of AChE variability in the mussel M.
edulis collected from a chemical contaminated site in the coastal North sea (Rank
et al. 2007) and could explain the high variability obtained in the control treat-
ment. However, no significant correlations were obtained between temperature
data and AChE activity (p = -0.480; r = 0.191) (data not shown). In addition,
worms under HC and HCZ treatments presented low levels of AChE especially at
month 6 and 9 and a significant difference was obtained between HC and LZ over
the nine months experiment. Cunha et al. (2007) showed that copper inhibited
cholinesterase activity in two marine gastropods, Monodonta lineata and Nucella
lapillus. Brown et al. (2004) also showed evidence of neurotoxic effect of copper
with the inhibition of AChE at high copper concentrations (68.1 µg Cu L−1) in
the crab Carcinus maenas and the blue mussel M. edulis. Samples collected from
the highly contaminated site, Mylor, showed a lower level of AChE activity com-
pared to others revealing the effect of pollutants on AChE. The decrease in AChE
activity observed in HC treatments could also be linked to the loss of activity
observed for the feeding behaviour of the worms (see Chapter 4) as the inhibition
of AChE can lead to physiologic alteration ranging from behavioural modification
to the paralysis of the neural and muscle systems and ultimately to death (Li-
onetto et al. 2011, Tilton et al. 2011). Hypoactivity was especially seen in HC
and HCZ treatments. Xuereb et al. (2009) showed that the decrease in feeding
rate and the loss of locomotion were directly correlated to the inhibition of AChE
activity in the crustacean Gammarus fossarum after a short term exposure of 96
hours to pesticides. In opposition to previous research on carbamate pesticides
suggesting that the AChE inhibition was almost immediate after exposure (Scaps
& Borot 2000, Xuereb et al. 2009), here this study showed that AChE decreased
from month 3 to month 6 to obtain similar low levels at month 9. This time de-
pendant relationship was also shown to happen for organophosphorus pesticides
(OP) where OP require metabolic activation by monooxygenase enzymes to form
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the active oxon analogues (Jin-Clark et al. 2002).
Recent studies have reported that not only pesticides can inhibit AChE activity,
metals and other contaminants such as polycyclic aromatic hydrocarbons (PAHs)
have the potential to alter AChE activity (Frasco et al. 2005, Grintzalis et al.
2012). In the case of metals, it has been hypothesised that metal ions such as Cu2+
can depress the activity of acetylcholinesterase in invertebrates by the inhibition of
ChE through binding to protein –SH residues (Alves Costa et al. 2007, Frasco et al.
2007, Lionetto et al. 2011). However, the mechanism of inhibition is still unclear
and the consequences of metals on the AChE activity is debatable. Whereas some
studies have reported the inhibition of AChE by copper (Alves Costa et al. 2007),
lead and methylmercury in fish (Tilton et al. 2011) or by zinc in crustaceans
(Diamantino et al. 2003), others have observed no effect or an increase of AChE.
Cunha et al. (2007) reported that although copper had an effect on ChE activity
based on in vitro studies, copper had no significant in vivo effects on marine
gastropods species. Brown et al. (2004) studied the effect of copper on multiple
biomarkers including AChE on three different marine invertebrates, the common
limpet Patella vulgata, the shore crab Carcinus maenas, and the blue mussel M.
edulis based on haemolymph samples and showed different responses. After 7 days
of exposure to 6.1 µg L−1 of copper, the AChE activity in P. vulgata significantly
increased compared to the control. In the crab, the AChE activity decreased
especially in the high treatment containing 68.1 µg L−1 of copper. Interesting
results were obtained for the mussel M. edulis where the AChE activity increased
at 38.5 µg Cu L−1 but decreased at 68.1 µg Cu L−1 in comparison to the control
group. These authors hypothesised that the variation of AChE observed could
be linked to a poor standardisation of AChE using a variable parameter such
as total protein content where the increase of AChE observed for one species
could be the result of the loss of structural proteins reported for this species. In
addition, haemolymph enzyme in P. vulgata may function in ways unrelated to
cholinergic neurotransmission. However, neurotoxic effect of copper were proven
by the inhibition of copper at high levels in the two other species studied. Another
study reporting the increase of AChE in the brain and muscle of the fish Sparus
aurata after a long-term exposure (20 days) to Cu2+ suggested that metal cations
could change the enzyme conformation resulting in enhancing the affinity between
enzyme and substrate (Romani et al. 2003). However, it should be noted that these
authors reported no copper accumulation in the brain or in the muscles after
copper exposure. Additional studies on the mechanisms of the AChE activity
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under metal contamination have to be undertaken to fully understand the link
between acetylcholine and metal ions.
Therefore, it can be concluded that even though AChE activity has been defined in
previous studies as a relevant biomarker of neurotoxicity, it seems that the effect of
metals on AChE activity is strongly linked to species specificity and is dependant
on the level of organisation studied. This important species specificity in the
interactions between enzymes and metals was previously reported in Lionetto
et al. (2011) comparison study.
6.4.2 Lysosomal membrane damage and metal interaction
Lysosomal membrane stability has been widely used to show the effect of metals
and polluted area on cellular damage in marine invertebrates (Brown et al. 2004)
and is considered as a good biomarker, sensitive to pollution and less impacted by
natural factors (Dailianis et al. 2003). The data from this study showed significant
differences with both copper and zinc concentrations for month 6 but only with
zinc at month 3. The lack of significant effects for copper at month 3 is surprising
as one of the main modes of copper toxicity is to reduce membrane permeability
(Brown et al. 2004). Moreover, lysosomal membrane stability has been shown
to be a particularly sensitive endpoint for metals in several invertebrate species
such as oysters (Ringwood et al. 1999). However, most studies on cell damages
are based on short term experiment varying from a few hours (Brown et al. 2004)
to days (Ringwood et al. 1999), whereas this experiment lasted nine months.
Neutral red assay is a biomarker of rapid change and it is possible that no effect
of metals on cell viability could be seen after three months of exposure. Rocco
et al. (2011) observed the recovery of the lysosomal membrane stability of the
earthworm Eisenia fetida after 14 days of copper exposure to either 35 and 350
mg kg−1, followed by 18 days of an elimination period. These authors reported
that the recovery time was dependant on the level of contamination with longer
recovery time for worms exposed to the high copper concentration. In addition,
the full recovery of the lysosomal membrane stability was reached within two
weeks. These authors also showed that lysosomal instability appeared after only
3 days of exposure. Therefore, it is highly possible that time could explain the
lack of damages observed in this study for copper at month 3. Interestingly, the
data from this study also revealed that zinc seemed to be more readily toxic than
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copper on cell viability and that the recovery of the lysosomal membrane stability
in N. virens could take up to nine months.
This study also revealed a high variability in the percentage of cell membrane
viability over time where most damage was observed for month 6. In addition,
negative and significant correlations were obtained between NR and metal con-
centrations in the pore water and in the tissues of the worms for month 6. Several
hypothesis can be made to explain the lysosomal membrane damage. Seasonal
variations have been shown to have an impact in the lysosomal membrane stabil-
ity of Mytilus galloprovincialis sampled from contaminated and clean sites over a
year (Domouhtsidou & Dimitriadis 2001). These authors also indicated the possi-
bility of thermal stress where an increase of temperature may lead to an increase
of membrane destabilisation. Environmental stressors such as temperature and
salinity can contribute to deleterious structural changes in the lysosomal mem-
brane (Cho & Jeong 2005, Schneider et al. 1984, Zhang et al. 2006). Lowe et al.
(1992) postulated that environmental changes could lead to the failure of the lyso-
somal proton pump where the impairment of membrane Mg2+ ATP-dependent H+
ion proton pump would lead to the increase of the intralysosomal pH and result in
an equilibrium state between the intra and extra cell membrane and free passage
of the lysosomal contents (Ohkuma S. 1982). Thus, structural changes to lysoso-
mal membranes could be a threatening challenge for cell integrity and functions
(Cho & Jeong 2005). Therefore, it is highly possible that the low levels of cell
viability observed from field data could be linked to seasonal variations.
In addition, Davies & Vethaak (2012) recommended to avoid sampling during
spawning seasons as most biomakers could be altered. Cho & Jeong (2005) showed
a significant decrease in the neutral red retention time of lysosomes in haemocytes
of spawned oysters. These authors hypothesised that the decrease of lysosomal
membrane stability could be explained by a possible disruption in the defence sys-
tem where spawning events can lead to dramatic physiological changes. Spawning
can be described as an internal stress for lysosomal integrity due to the energy
cost related to this event (Cho & Jeong 2005). Mouneyrac et al. (2006) and Pook
et al. (2009) also reported a fitness cost due to reproduction and sexual matura-
tion. The results from this present study showed a drastic change in the energy
allocation of the worms sampled at month 6 with a significant decrease of lipid
and protein levels in opposition to an increase in glycogen. This change in en-
ergy cost was hypothesised to be linked to reproduction and sexual maturation
occurring from April. N. virens are known to have a seasonal reproduction, highly
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synchronised patterns of spawning, consequently impacting the energy allocation
of adults and ultimately their survival (Olive et al. 2000). This important decrease
in cell viability could also be explained by the fact that the samples for month 6
were processed on the following day and that important cell damages could have
occurred between the sampling time and the analysis. To conclude, it is more
likely that a combination of these factors could explain the high loss of lysosomal
membrane stability observed at month 6.
6.4.3 Copper and zinc cause DNA damage
Marine invertebrates in the environment are exposed to a wide range of pollu-
tants and have shown to be greatly impacted by DNA damage. Anjos et al.
(2014) illustrated DNA damage caused by copper toxicity in cells in the anemone
Bunodosoma cangicum. Zinc was also shown to induced DNA damage in the gills
and digestive gland of the mussel Mytilus galloprovincialis characterised by the
increase in the frequency of apoptotic cells (Marcheselli et al. 2011). Loss of DNA
integrity in mussel haemocytes associated with apoptosis phenomena (cell death)
was also recorded by Steinert (1996). The comet assay is a method capable of
detecting early stages of cytotoxic DNA damage as a consequence of apoptosis
revealed by the complete disassembly of the cell (Steinert 1996). To the author
knowledge, this study is the first to attempt to introduce the consequences of a
mixture of metals on DNA damage in polychaete species based on a long-term
experiment. Here the data reported that over a long-term experiment of nine
months, N. virens presented DNA damage due to metal contamination especially
at high concentrations for both alone and combined treatments. The highest per-
centage of DNA damage (36.44 %) was obtained after three months of exposure
in the combined copper & zinc treatment. In comparison, Lewis & Galloway
(2008) reported high levels of DNA damage in N. virens (around 35 %) from
Torpoint, a highly contaminated site in the Tamar Estuary. In addition, several
positive and significant correlations were obtained between metal concentrations
in the sediment, pore water and tissues with DNA damage for all the months
sampled revealing that N. virens DNA was greatly impacted by metal pollution
and showing the sensitivity of this biomarker in this study.
This experiment enabled the author to compare the genotoxic potential of N.
virens from laboratory data to field data. Indeed, the highest percentage of DNA
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damage from a wild population of N. virens was obtained from Mylor with 17
% of tail DNA suggesting that population constantly exposed to pollutants also
present DNA damage. Saltash (close to Torpoint, Tamar Estuary) and Holes
Bay presented lower and similar DNA damage with 13 %, whereas, Broadmarsh,
considered as a clean site, presented the lowest genotoxic damage (7 %). At the
exception of HCZ month 3, our field data showed similar DNA damage to the
laboratory experiment. Taking into account that N. virens are able to survive in
natural habitat with some level of DNA damage, it can be hypothesised that they
have developed resistance or tolerance mechanisms enabling them to survive and
reproduce with high levels of genotoxic damage. In addition, although mortality
gradually increased in the HCZ treatments over the nine months experiment, the
percentage of DNA damage decreased. Anjos et al. (2014) reported that copper
induced cytotoxicity and hypothesised on the activation of cellular defence mech-
anisms to prevent the increase of genetic damage. The cellular defence mechanism
could be explained by the activation of a superfamily of transmembrane proteins,
such as the P-glycoprotein (Pgp) known as a potential biomarker of cell defence
by generating a resistance xenobiotics phenotype (Kurelec et al. 2000, Pain &
Parant 2007). An increase in the expression of Pgp was found in corals after
being exposed to 30 µg L−1 of copper for 8 hours (Venn et al. 2009) and in bi-
valves exposed to lead (Rocha & Souza 2012). As these transmembrane proteins
are highly conservative among vertebrates and invertebrates (Bard 2000), this de-
fence mechanism could be involved in N. virens. In the nematode Caenorhabditis
elegans, four Pgp homologs and four MRP (Multidrog-resistance-associated pro-
teins) homologs have been identified (Bard 2000). Broeks et al. (1995), showed
that nematodes with inactivated mrp-1 where sensitive to cadmium and arsenite
and worms with inactivated mrp-1 and pgp-1 were hypersensitive to metals. When
DNA is damaged in response to diverse genotoxic stressors such as metals, cells
can activate DNA damage checkpoint pathways to protect genomic integrity and
promote survival of the organism (Bartek & Lukas 2007). These checkpoints stop
the progression of the cell cycle in order to allow time for DNA repair mechanism
or induce apoptosis to remove permanently the damaged cells (Bartek & Lukas
2007, Ermolaeva & Schumacher 2014). Single strand breaks can be repaired by
DNA ligation (enzyme repair mechanism) where the broken strand is edited for
integrity, reannealed and ligated (Hook & Lee 2004).
Although the comet assay presents many advantages such as cost-efficiency, ra-
pidity and simplicity of the assay (Davies & Vethaak 2012), a major disadvantage
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of the comet assay is that it is non specific. DNA damage caused by apoptosis or
during DNA repair are difficult to distinguish from strand breaks (Hook & Lee
2004, Lewis & Galloway 2008). In addition, Lewis & Galloway (2008) revealed
the importance of studying one cell type as different genotoxic responses can be
observed. These authors showed that eleocytes were more sensitive to genotoxic
damage than amoebocytes in N. virens and in N. diversicolor. However, the dis-
tinction between these coelomocytes occur during gametogenesis where eleocytes
produce vitellogenin for the developement of oocytes (Hoeger 1991). Therefore,
the use of coelomocytes for all comet assays enabled this study to show strong
and reliable genotoxic consequences based on metal toxicity. By revealing high
levels of DNA damage in this study and in previous study such as Lewis & Gal-
loway (2008), it would be fundamental to investigate what level of damage is DNA
acceptable and can be tolerated to polychaete species.
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7.1 Bioavailability and metal uptake
By investigating metal bioaccumulation in N. virens and the corresponding mea-
sured concentrations in different sediment phases along seven different polluted
sites, this study underlined the importance of linking metal bioavailability with its
uptake in polychaete species. In this context, it is important to define how metal
bioavailability relates to a polychaete worm burrowing in a soft sediment at a
coastal site. As explained in Chapter 1, any aquatic invertebrate will accumulate
metals from two sources, from a solution (i.e. water column and pore water) and
from the diet, through any permeable body surfaces and especially through the
gut (Eisler 1998, Rainbow et al. 2004, Rainbow 2007). Thus, the bioavailability
of metals to invertebrates can be divided into two components: dissolved and
dietary (or trophic) bioavailabilities.
Pore water and the overlying water in the water column can therefore become the
major source of metal uptake in this polychaete species. A number of studies have
reported that the overlying water and the pore water are the main contaminant
exposure routes for burrowing species and especially for those organisms that
irrigate their burrows (Chapman 2002, Wang 2001, Warren et al. 1998). This
study showed that N. virens sampled from seven sites did not accumulate metals
directly from the sediment bioavailable fractions even though sediment organic
content and particle size were correlated to metal bioavailability (See Chapter 2).
On the contrary, positive and significant correlations were found between zinc in
the pore water and in N. virens. These results suggested that zinc from the pore
water was more readily available to N. virens than copper. This is particularly
important as N. virens by its bioturbation activity is capable of great irrigation
rates (Kristensen & Kostka 2005). Furthermore, as expected this study showed
the link between pore water concentrations and sediment concentrations due to
physico-chemical exchanges of adsorbed/desorbed metal between pore water and
sediment. Indeed, strong correlations were found between copper in the sediment
and in the pore water for the seven studied sites.
Even though, bioavailability via the diet (trophic transfer) was not investigated
in this study, it could be considered as an important source of metal uptake and
could be the source of further investigations. A study from Rainbow et al. (2006)
reported a net accumulation of copper, zinc, cadmium and lead in N. virens from
the prey N. diversicolor where this accumulation increased with increasing prey
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concentration. These authors hypothesised that metal-rich invertebrates such as
N. diversicolor that accumulated metals from rich historical contaminated sites
have the potential to pass these metals along food chains to predators such as
N. virens. Taking into account the different patterns of metal accumulation in
aquatic invertebrates (See Chapter 1, section 1.5.3), trophic transfer may lead to
important ecotoxicological effects.
The need to understand and regulate metal toxicity in the environment, too of-
ten considered as "old pollutants", is still a great concern for policies and the
methods of regulations are open to many debates (Luoma & Rainbow 2008). In
a recent study investigating metal bioavailability over a decade, Rainbow et al.
(2011) revealed the complexity of bioavailable metal contamination in southwest
UK estuaries. Whereas, levels of bioavailable metal concentrations from the wa-
ter column were found to be no longer high, these authors reported that sediment
metal bioavailable contamination did not declined to the regional baseline in five
UK estuaries affected by mine wastes. Therefore, legacy of mining activities in
sheltered estuaries where sediment is considered as a sink of metal pollution is
still strongly linked to metal bioavailability to deposit feeders. In this context,
it is particularly important to investigate the ecotoxicological potential of these
metal-rich sediment estuaries and long-term effects of metals on species such as
invertebrates inhabiting metal polluted sites. Tools such as biomarkers have been
increasingly used in the field of ecotoxicology over the years to detect the toxic ef-
fects of contaminants at an individual but also population level (Davies & Vethaak
2012, Langston et al. 2007, Luoma & Rainbow 2008, Schettino et al. 2012, Walker
et al. 2006).
7.2 Biomarkers in Ecotoxicology
7.2.1 Sensitivity of biomarkers
7.2.1.1 Quantitative biomarker indices
An multiple biomarker approach, such as that used in this study, requires to
classify the various responses obtained, in order to assess the sensitivity of the
biomarkers. Various quantitative biomarker indices have thus been developed
over the past years in an effort of simplifying the complex biological responses of
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multiple biomarkers (Schettino et al. 2012).
The first index to be developed was the health assessment index (HAI) for fish
described by Adams et al. (1993) based on field necropsy and histological changes,
where arbitrary numerical values were assigned to each abnormal condition based
on the severity or damage induced at each organ or tissue type, and then summed
up to produce an HAI value for each fish.
Beliaeff & Burgeot (2002) defined the Integrated Biological Response (IBR) using
star plots to display the different responses obtained from a panel of biomark-
ers. Star plots based on IBR values instead of biomarker data allow to visual-
ize the differences between-site and/or between-survey for comparison with ex-
posure conditions (Beliaeff & Burgeot 2002). These authors showed that this
index could be used to compare different biochemical responses (Glutathione-S-
transferase (GST), a phase II metabolic effect, neurotoxical AChE and oxidative
stress catalase) effects in the mussel M. edulis and metabolic effects (cytochrome
P450, ethoxyresorufin-O-deethylase (EROD), AChE) and genotoxic effects (DNA
adducts) in the fish Platichthys flesus. This method was carried out for two sites
the Baltic Sea and the Seine Estuary and compared to polycyclic aromatic hy-
drocarbons (PAH) or polychlorobiphenyls (PCB) levels measured in mussels or
fish tissues. The formula for this index was later simplified by Guerlet et al.
(2010) and illustrated using principal component analyses (PCA). These authors
used this modified IBR index on freshwater zebra mussels Dreissena polymorpha
taking into account cellular biomarkers and pollutants (metals and PAH) tissue
concentrations. IBR index was successfully applied using the stress responses in
the liver of common goby Pomatoschistus microps collected from two Portuguese
sites (Serafim et al. 2012). Stress responses included in the IBR were the biomark-
ers: superoxide dismutase (SOD), catalase (CAT), ethoxyresorufin-O-deethylation
(EROD), glutathione s-transferase (GST), metallothioneins (MTs), lipid peroxi-
dation (LPO) and condition indices RNA:DNA ratio and Fulton’s condition factor
K.
Lately, Tlili et al. (2013) integrated two indices (Integrated Biomarker Response:
IBR and Health Status Index: HSI) to study the responses of biochemical biomark-
ers (AChE, CAT, GST,thiobarbituric acid reactive substance levels, lactate de-
hydrogenase and MTLPs) and energy reserves (glycogen, lipid levels and total
protein concentrations) at sub-individual level, and condition index at individual
level in the bivalve Donax trunculus sampled from 4 sites in the Gulf of Tunis
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selected for their different level of chemical contamination.
The health status index (HSI; (Dagnini et al. 2007)) ranks significant differences
according to their threshold limits and then applies an algorithm to categorise the
samples into a five-level health status (A: unstressed conditions, B: low stress, C:
medium stress, D: high stress and E:pathological stress). This algorithm requires
at least three biomarkers of stress with increasing or decreasing trend and at least
two biomarkers at tissue/organism level. In addition, the algorithm can be based
on biomarker values from all biological organisation levels (Tlili et al. 2013).
Finally, Hagger et al. (2008) proposed the Biomarker Response Index (BRI) to
classify the ecological health of aquatic ecosystems and compare different biologi-
cal endpoints as a requirement of the European Commission’s Water Framework
Directive (WFD) (Schettino et al. 2012). This index is a modification and ame-
lioration of two previous indices, the bioeffects assessment index (BAI) and the
health assessment index (HAI) developed for fish species (Adams et al. 1993,
Broeg et al. 2005). The BRI can be used on a suite of biomarkers at different lev-
els of biological response and was used by Hagger et al. (2008) to evaluate health
status of M. edulis from 10 United Kingdom estuaries and to assess the influ-
ence of seasonality on biomarker responses. Recently, this index was used to rank
the toxicity of five pharmaceutical and personal care products (PPCPs) to the
bivalve Dreissena polymorpha (Parolini et al. 2013). In addition, this biomarker
index uses a ranking system previously applied to laboratory and field experiment
(Hagger et al. 2008).
This list of indices is not exhaustive but represents the most relevant and common
indices used in ecotoxicology. Although, the development and the application of
biomarkers indices can be subject to debate, it is highly recommended that the
use of these indices can provide a better understanding in the stress responses of
marine species to pollutants.
7.2.1.2 The use of the Biomarker Response Index (BRI)
By recording the gradual and multi-effects of copper, zinc alone and combined over
a long-term experiment of nine months, this study aimed to answer for the first
time the long-term effects of metal pollution on one specific polychaete species
N. virens. The BRI was chosen to evaluate the contaminants level of effect and
sensitivity of the biomarkers of this study, for the following reasons: 1. its calcu-
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lation is relatively simple, relying on ranking without the complex algorithms of
other biomarkers such as IBR; 2. BRI was successfully and previously applied to
laboratory experiment and 3. biomarkers are weighted by level of biological or-
ganisation within the BRI calculations, thus fitting with the integrated approach
of this programme of study.
To calculate the BRI, biomarker responses were first ranked for each contaminant
according to the magnitude of their difference from their respective controls. As
defined by Hagger et al. (2008), the ranks used were 4 = no response or slight
response; 3 = moderate response; 2 = major response and 1 = severe response.
More precisely, where an inhibition or a decrease of the biomarker or endpoint
studied was expected (e.g. lysosmal stability, AChE, TTO), the following ranking
system was applied 4: 75 % + ; 3: 74-50 %; 2: 49-25 % and 1: 24-0 %. When an
increase was expected (e.g. DNA damage and MTs) the following ranking system
was applied 4: 100-125 %; 3: 126-150 %; 2: 151-175 % and 1: 176 % + (Hagger
et al. 2008). Weightings for biological organisation level of 1 = molecular, 2 =
cellular and 3 = physiological were also used. BRI values for the copper, zinc
and copper & zinc combined treatments were calculated according to the formula
(7.1):
BRI = Σ(BRn ×BWn)ΣBWn (7.1)
where BRn and BWn are the rank and weighting of the nth biomarker respec-
tively. Lower BRI values indicate a more toxic response to the pollutant corre-
sponding.
Results of the BRI are shown in the Table 7.1. The results of the BRI confirmed
that high copper and high copper zinc combined treatments were the ones indi-
cating the highest toxic responses with the lowest BRI observed at month 9 for
the high copper & zinc combined treatment (2.43). The BRI values obtained
at month 3 revealed that high copper was more toxic than high copper and zinc
treatment with a BRI value of 2.69. Based on Hagger et al. (2008) BRI’s classifica-
tion, BRI between 0-2.50 and 2.51-2.75 revealed, respectively, "severe alteration"
and "major alteration". All other treatments with a BRI between 3.01-4.00 were
classified as "no or slight alteration from normal response". BRI obtained from
field data revealed very similar values than the nine months experiment with the
lowest BRI recorded for Mylor (3.00) revealing a "moderate alteration" based on
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Hagger et al. (2008) BRI’s classification. In addition, based on the ranking system
it was clear that DNA damage was the most sensitive biomarker in this study as
severe damages were shown along the nine months experiment but also from field
data. Weight and MTs also represented sensitive endpoints.
Table 7.1. Biomarker Response Index (BRI) for all treatments and for cellular, molecular and
physiological endpoints. The lowest BRI values are color coded based on Hagger et al. (2008)
BRI’s classification: 3.01-4.00 = No or slight alteration from normal response (green); 2.76-
3.00 = Moderate alteration (yellow); 2.51-2.75 = Major alteration (orange); 0-2.50 = Severe
alteration (red).
Endpoints P L C NR AChE Comet MT W TTO BRI 
Weighting 3 3 3 2 1 1 1 3 3 
Month 3 
L C 4 4 4 4 4 1 4 4 3.82 
M C 4 4 4 4 4 1 1 4 3.48 
H C 1 4 4 4 3 1 1 1 2.69 
L Z  4 4 3 4 4 4 2 4 3.68 
M Z 4 4 4 4 4 1 1 4 3.38 
H Z  4 4 4 4 4 1 4 4 3.88 
L C Z  4 4 4 4 3 1 1 4 3.34 
M C Z 2 4 4 4 4 1 2 4 3.48 
H C Z  4 4 4 4 4 1 1 1 3.16 
Month 6 
L C 4 4 3 4 4 1 4 4 3.65 
M C 4 4 4 4 4 1 4 4 3.89 
H C 3 4 4 4 3 1 4 2 3.34 
L Z  4 4 4 4 4 3 4 4 3.96 
M Z 4 4 4 4 4 1 4 4 3.71 
H Z  4 4 4 4 4 1 3 4 3.76 
L C Z  4 4 4 4 4 1 4 4 3.89 
M C Z 4 4 4 4 4 1 4 4 3.90 
H C Z  4 4 4 3 4 1 3 1 3.21 
Month 9 
L C 4 3 4 4 4 1 4 4 4 3.70 
M C 4 3 4 4 4 1 4 4 4 3.81 
H C 4 3 4 4 4 1 4 3 1 3.31 
L Z  4 3 4 4 4 2 4 3 4 3.71 
M Z 4 3 4 4 4 1 3 4 4 3.59 
H Z  4 4 4 4 4 1 4 3 4 3.77 
L C Z  4 4 4 3 4 1 4 4 4 3.78 
M C Z 4 4 4 3 4 1 3 3 4 3.56 
H C Z  1 2 4 3 4 1 4 1 1 2.43 
Sites 
HB 4 2 4 3 4 3 2 3.21 
S 4 3 4 2 4 2 3 3.27 
M 4 2 3 3 3 1 4 3.00 
7.2.2 Principal Component Analysis
Principal Component Analysis (PCAs) were used to distinguish the dominant
biomarkers and to investigate their relationships with metal concentrations for
the long-term experiment as well as for the field data. PCAs were computed us-
ing the statistical software Statistica 10. Three PCAs were completed over the
nine months experiment, one for each sampling month (Figures 7.1, 7.2, 7.3). For
each sampling time (month 3, month 6 and month 9) the average of each box
was used to obtain the PCA. The biomarkers used were energy reserves with pro-
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tein, lipid and carbohydrate concentrations, lysosomal membrane stability, AChE,
DNA damage and MTs. In addition to these biomarkers, mortality, weight and
metal concentrations in the sediment, pore water and tissues were added.
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Figure 7.1. Principal Component Analysis, month 3, of the biomarkers: energy reserves with
protein (P), lipid (L) and carbohydrate (C) concentrations, NR (lysosomal membrane stability),
AChE (acetylcholinesterase activity), Comet (DNA damage) and MTs (metallothioneins) in
addition to mortality (M), weight (W) and metal concentrations in the sediment, pore water
and tissues. Cu S: copper concentration in the sediment, Cu PW: copper concentration in the
pore water and Cu T: copper concentration in the worms. Zn S: zinc concentration in the
sediment, Zn PW: zinc concentration in the pore water and Zn T: zinc concentration in the
worms.
PCAs revealed a clear temporal trend and the relationships between the biomark-
ers and metal concentrations over the nine months experiment. For month 3, the
first component (PC1) and the second component (PC2) explained, respectively,
32.12 % and 18.31 % of the total variance where PC1 was mostly related to copper
concentrations and PC2 to zinc concentrations in the sediment and in the pore
water, NR and comet (Figure 7.1). PCA also revealed the link between comet and
zinc concentrations in the pore water. Further investigations, showed significant
correlations between weight and mortality with copper concentrations revealing
the influence of copper concentrations on weight and mortality for this month
(See Appendix C). Copper concentrations also seemed to increase carbohydrate
levels, DNA damage and protein concentrations, revealing the potential activa-
tion of stress proteins at month 3. In contradiction, zinc concentrations seemed to
decrease cell viability and increase DNA damage. Regarding the link between the
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biomarkers, the correlations showed that an increase of DNA damage was linked
to an inhibition of AChE (r = -0.404; p = 0.036). The inhibition of AChE was
also correlated to a decrease of lysosmal stability (r = 0.596; p = 0.001).
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Figure 7.2. Principal Component Analysis, month 6, of the biomarkers: energy reserves with
protein (P), lipid (L) and carbohydrate (C) concentrations, NR (lysosomal membrane stability),
AChE (acetylcholinesterase activity), Comet (DNA damage) and MTs (metallothioneins) in
addition to mortality (M), weight (W) and metal concentrations in the sediment, pore water
and tissues. Cu S: copper concentration in the sediment, Cu PW: copper concentration in the
pore water and Cu T: copper concentration in the worms. Zn S: zinc concentration in the
sediment, Zn PW: zinc concentration in the pore water and Zn T: zinc concentration in the
worms.
At month 6, PC1 and PC2 explained, respectively, 41.19 % and 18.31 % of the
total variance where PC1 was mainly related to copper concentrations, weight
and NR and PC2 to zinc concentrations in the sediment, AChE, lipid and protein
concentrations (Figure 7.2). PCA also revealed the link between comet and zinc
concentrations in the pore water and in the worms. At this month, the weight of
the worms also seemed to have played an important role which was revealed by
the negative and significant correlations between weight and metal concentrations.
Mortality also increased with high metal concentrations. Metal concentrations
strongly influenced the activation of MTs, the decrease in cell viability and the
increase of DNA damage. In addition, an increase of MTs was correlated to an
increase of DNA damage for month 6 data (r = 0.446; p = 0.020). To finish on
month 6 data, the inhibition of AChE could be explained by an increase in stress
proteins (r = -0.756; p = 0.000).
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Figure 7.3. Principal Component Analysis, month 9, of the biomarkers: energy reserves with
protein (P), lipid (L) and carbohydrate (C) concentrations, NR (lysosomal membrane stability),
AChE (acetylcholinesterase activity), Comet (DNA damage) and MTs (metallothioneins) in
addition to mortality (M), weight (W) and metal concentrations in the sediment, pore water
and tissues. Cu S: copper concentration in the sediment, Cu PW: copper concentration in the
pore water and Cu T: copper concentration in the worms. Zn S: zinc concentration in the
sediment, Zn PW: zinc concentration in the pore water and Zn T: zinc concentration in the
worms.
At month 9, PC1 and PC2 explained, respectively, 18.27 % and 17.36 % of the
total variance (Figure 7.3) where PC1 was mostly related to comet and zinc con-
centrations in the pore water and PC2 to copper concentrations. The low variabil-
ity revealed by the axes can be explained by the high mortality observed at this
month. As for month 3 and 6, weight had a negative and significant correlation
with mortality but had a lower influence revealed by the PCA. At this month,
zinc concentrations in the pore water seemed to influenced an increase in protein
concentrations and in DNA damage. A negative and significant correlation was
shown for comet data and lysosomal membrane stability (r = -0.429; p = 0.046)
revealing that an increase in DNA damage was linked to a decrease in lysosomal
membrane stability.
For comparison purposes, the PCA of the four sampling sites data was also com-
puted (Figure 7.4). PC1 and PC2 explained, respectively, 29.91 % and 20.57 % of
the total variance where PC1 was mostly related to NR, comet and lipid data and
PC2 to zinc concentrations, weight and carbohydrate concentrations. Field data
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Figure 7.4. Principal Component Analysis, field data, of the biomarkers: energy reserves with
protein (P), lipid (L) and carbohydrate (C) concentrations, NR (lysosomal membrane stability),
AChE (acetylcholinesterase activity) and Comet (DNA damage) with copper concentrations in
the worms (Cu T), zinc concentrations in the worms (Zn T) and weight (W).
revealed that zinc concentrations in the worms were positively and significantly
correlated to carbohydrate levels (r = 0.741; p = 0.006). Interestingly, as seen
for month 9 data, an increase in DNA damage was also linked to a decrease in
lysosomal membrane stability from field samples (r = -0.619; p = 0.032). This
observation demonstrated that this long-term experimental study was environ-
mentally relevant. The detail of all the correlations with the p-values can be
found in Appendix C.
2D Individual projections were also realised to reveal the different responses be-
tween the boxes and therefore between treatments (Figure 7.5). Month 3 data
showed that all the individuals were grouped at the exception of individual 11,
12 and 28 referring to boxes 32, 28 and 85. These boxes were respectively, two
high copper treatments and one high copper & zinc combined treatment. Data
for month 6 individuals projection were still homogenised, however less than for
month 3. In addition, when comparing these projections to PCAs, individuals 11
and 12 seemed to be link to copper concentrations whereas individual 28 seemed
to be more impacted by zinc concentrations for month 3 and 6. Differences were
obtained at month 9 where all individuals were dispersed. In addition, no sur-
vivors were obtained from the boxes 28 (individual 12) and 85 (individual 28) at
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Figure 7.5. 2D individuals projection for month 3 (a), month 6 (b), month 9 (c) and for sites
data (d). For a), b) and c), individuals 1-3 refers to control boxes, 4-6 to low copper, 7-9 to
medium copper, 10-12 to high copper, 13-15 to low zinc, 16-18 to medium zinc, 19-21 to high
zinc, 22-24 to low copper & zinc combined, 25-27 to medium copper & zinc combined and 28-30
to high copper & zinc combined . The individuals missing refer to the boxes with no survivors.
For sites data, d), individuals 1-2 refers to Portsmouth Harbour, 3-4 to Holes Bay, 5-8 to Saltash
and 9-12 to Mylor.
month 9. This heterogeneity observed at this month is more likely due to high
mortality that occurred at this sampling time. However, as this heterogeneity was
also observed from field samples, data observed from this long-term experiment
provides further evidence that this study was environmentally relevant. Moreover,
these observations revealed that high copper and high copper & zinc combined
treatments induced different responses compared to other treatments.
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7.3 Tolerance to copper and zinc
7.3.1 Evidence from a chronic exposure
This study revealed different responses to metal contamination over time. Even
though metal concentrations in the sediment and in the pore water decreased over
time, worms sampled from month 6 had the highest metal concentrations in their
bodies. In accordance with this high level of metal accumulations, data revealed
most of the damages at month 6 in comparison to month 3, where an impor-
tant decrease in the lysosomal membrane stability, the AChE activity, protein
and lipid levels were observed. MTs were over expressed and high percentages of
DNA damage were also observed at month 6. At the exception of proteins and
lipids, the damages were mainly observed in the high copper and high copper &
zinc combined treatments suggesting that these treatments were more toxic to
polychaetes than zinc or low and medium concentrations. Besides of being one
of the most common metals in marine environment (Bryan and Langston 1992),
copper is known to be one of the most toxic metals to benthic organisms including
polychaetes, especially at early life stages (Reish and Gerlinger 1997, Watson et
al. 2013b). High copper and high copper & zinc combined treatments were also
characterised by hypoactivity, the inhibition of any behavioural or feeding activ-
ity. This lack of behaviour or abnormal behaviours such as eversion of the pro-
boscis are not uncommon and were previously shown in N. diversicolor exposed to
metal contamination (Bonnard et al. 2009, Burlinson & Lawrence 2007). Copper
therefore affects key physiological functions in marine inverterbrates (Luoma and
Rainbow 2008, Moreira et al. 2006). In addition, the BioAccumulation Rations
revealed the competition for uptake between copper and zinc when combined.
The effects of combined treatments for zinc was also revealed by the significant
correlations between biomarkers and zinc concentrations.
This study also underlined the importance of natural factors and change in season-
ality such as change in temperature and reproduction that should be considered
in ecotoxicological studies as an increase of activity was correlated to an increase
in temperature and photoperiod. The reproduction that occurred during the nine
months experiment could have also influenced high mortality and high carbohy-
drate levels. N. virens reproduction cycle is defined as seasonal and characterised
by highly synchronised patterns of spawning (Olive et al. 2000). Spawning and
fertilisation activities require high energy allocation and may have an impact on
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the fitness cost and ultimately negatively impacting the survival of the adults
(Desrosiers et al. 1994, Olive et al. 2000).
N. virens recovery mechanisms or adaptation to metal pollution could be revealed
from this study by investigating MT levels. Indeed, the decrease of MTs at month
9 and the activation of MTs especially at month 6 showed that N. virens is capable
of regulating metals. In addition, N. virens is known to inhabit sites with a
high metal pollution as shown by field data from Chapter 2. Field data and
experimental data revealed that N. virens are tolerant to metal pollution. N.
virens tolerance to metals could be the result of populations in contaminated
environment subject to selection pressure and leading to more tolerant individuals
as it was observed for N. diversicolor (Amiard-Triquet et al. 2011, Durou et al.
2005, Grant et al. 1989, Mouneyrac et al. 2003, Rainbow et al. 2004, Zhou et al.
2003). This metal tolerance can be achieved by acclimation or genetic adaptation
when populations are exposed over several generations or through acclimation
when experimentally exposed (Amiard-Triquet et al. 2011).
7.3.2 Acquisition of tolerance but at which cost?
Tolerance, as previously defined in Chapter 4, is the ability of organisms to cope
with natural stress from factors such as temperature changes, salinity or pH vari-
ations or chemical stress from anthropogenic inputs of one or more toxic con-
taminants released into the environment (Amiard-Triquet et al. 2011). The term
resistance is commonly accepted as a synonym of tolerance (Amiard-Triquet et al.
2011). Amiard-Triquet et al. (2011) described two ways by which organisms can
acquire tolerance to toxic contaminants; by acclimation or by a genetic adapta-
tion. An organism can become tolerant to a specific pollutant by physiological
acclimation during the exposure period to a sublethal bioavailability of the toxi-
cant. Acclimation is described as a nonheritable process. Tolerance may also be
gained as a consequence of genetic adaptation in population exposed over several
generations to the toxic contaminant. This genetic adaptation can be obtained
by natural selection of the resistant individuals to pollutants. It is thought that
this genetic adaptation can be lost when the organisms are no longer chronically
exposed to contaminants (Amiard-Triquet et al. 2011). In both aspects, toler-
ance represents protection allowing the individuals to survive in a contaminated
environment.
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Populations previously exposed to contaminants are able to cope more efficiently
than populations that have never been exposed to pollutants (Amiard-Triquet
et al. 2011). Mouneyrac et al. (2003) revealed an increase in tolerance to cop-
per, zinc and cadmium in N. diversicolor experimentally exposed to metals and
previously sampled from a strong metal contaminated area compared to others
sampled from a relatively clean site. Vidal & Horne (2003) reported that sediment
dwelling oligochaete Sparganophilus pearsei were eight to ten times more tolerant
to mercury from contaminated sites compared to laboratory exposure. Evidence
of tolerance to pollutants from N. virens wild populations could be revealed in
this study by highest values of BRI observed from highly polluted sites versus the
long-term experiment. In addition, less damages such as DNA damage were ob-
served in the natural habitat (18 %) in comparison to laboratory experiment (36
%). This suggests that, as its closely related polychaete species N. diversicolor,
N. virens wild populations would be able to tolerate metal pollution by a genetic
adaptation process. Lewis & Galloway (2008) reported that N. virens inhabiting
a high contaminated estuary were able survive even though presenting high levels
of DNA damage (35 %) and revealed high tolerance to PAH pollution and other
pollutants such as metals. However, studies of natural populations over the years
would be required before fully concluding that a genetic adaptation is responsi-
ble for the lower effects observed in wild populations. N. diversicolor has been
extensively used as a biomonitor for metal pollution over the past years (Berthet
et al. 2003, Bryan & Hummerst 1971, Durou et al. 2005, Mouneyrac et al. 2003,
Pook et al. 2009, Rainbow et al. 2004, Zhou et al. 2003). These authors revealed
the genetic adaptation of wild populations N. diversicolor from a highly contam-
inated site in the UK, Restronguet Creek, and the possible defence mechanisms
involved.
Metal defence mechanisms primarily involve behavioural responses such as metal
avoidance followed by detoxification. Detoxification processes are known to occur
in N. diversicolor Restronguet Creek populations even at atypically high rates
(Amiard-Triquet et al. 2011). Berthet et al. (2003) showed that N. diversicolor
from Restronguet Creek accumulated 91 % of copper in insoluble form, of which
75 % was present in metal-rich granules with the remaining bound to cellular
debris derived. Mouneyrac et al. (2003) and Rainbow et al. (2004) confirmed the
presence of copper granules in the epicuticle of the body wall, the major copper
store, and in lysosomes of the epidermal cells below the epicuticle of the body wall.
These copper rich granules were thought to come from the lysosmal breakdown
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of copper-rich MTs (Luoma & Rainbow 2008).
Tolerance is known to be metabolically costly (Calow 1991). Cost of tolerance can
be found at an individual and a population level (Amiard-Triquet et al. 2011). De-
velopment of tolerance at an individual level can come at a physiological cost via a
fitness trade-off. Fitness cost can be associated to an increase in energy allocation
in order to develop and maintain tolerance to pollutants that would otherwise be
used for growth and reproduction (Amiard-Triquet et al. 2011). If maintained,
this fitness cost may even lead to lower survival abilities. Durou et al. (2005) ob-
served that N. diversicolor from the polluted site were generally smaller and had
lower energy reserves (lipids and glycogens) than those from the reference site as
a result of a cost to zinc pollution. In addition, stress can lead to the induction of
MTs, heat shock proteins, biotransformation of enzymes or the implementation of
antioxidant defences (Amiard et al. 2006, Dhainaut & Scaps 2001, Luoma & Rain-
bow 2008). In the gastropod Nucella lapillus experimentally exposed to cadmium,
the researchers hypothesised that the metabolic depression observed would be a
strategy to minimise the uptake and toxicity of cadmium while allowing detox-
ification (MTs) and maintenance processes (repair of cellular damage) (Leung
et al. 2000). This additional cost may be required for the increased transcription
and production of detoxification proteins such as MTs, heat-shock proteins, cy-
tochrome P-450 and cholinesterase (Claudianos et al. 2006). Regarding genetic
adaptation, the cost of tolerance, in addition to the general energy cost, can be
followed by a change in gene regulation such as upregulation of metal tolerant
genes and proteins, downregulation of other genes, changes in target or receptor
genes and involve mutations (Amiard-Triquet et al. 2011).
Although, developing and maintaining tolerance to stress clearly leads to an en-
ergy cost, it is difficult to differentiate the cost of tolerance and direct toxic effects
of contaminants. Various biochemical or behavioural responses have been reported
depending on the species and the pollutant studied. In addition, metabolic pro-
cesses involved in tolerance are energically expensive, therefore, interfering with
normal energy allocation and leading to a decrease of growth and impacting the
reproduction success. Populations exposed to a strong selective pressure due to
a toxic stress can result in the reduction of the their genetic variation leading to
a more sensitive species (Amiard-Triquet et al. 2011). Thus, could this adaptive
benefit of tolerance lead to a knock on effects in the long-term on a population
level? And what are the consequences of metal tolerance regarding trophic transfer
when metal defence mechanisms in invertebrates involve increasing metal storage
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detoxification?
7.4 The CHRONEXPO project conclusions
The CHRONEXPO project brought supplementary valuable information on the
impacts of chronic exposure of contaminants by anthropogenic activities to aquatic
species by revealing the sensitivity levels and defence mechanisms of the poly-
chaete N. virens, the common cuttlefish Sepia officinalis, the bivalve Mytilus
galloprovincialis, the Pacific oyster Crassostrea gigas and the common abalone
Haliotis tuberculata exposed to various chemicals.
Firstly, Dr. Charles Le Pabic, from the University of Caen, France, studied the
effects of zinc on the juvenile stage physiology and immune system of the common
cuttlefish S. officinalis. He showed that juvenile cuttlefish seemed to be sensitive
to zinc with mortality starting at concentrations above 200 µg L−1. Zinc accumu-
lation observed during his experiment highlighted the low (or lacking) ability of
juvenile cuttlefish to regulate the uptake of zinc. This accumulation induced some
perturbations on juvenile metal homeostasis (Mn, Ag, Cd, Cu), which resulted in
the increase of oxidative stress. At nonlethal concentrations of zinc, impairment
of digestive and immune systems, behavior and growth were also recorded. Dr. Le
Pabic highlighted the importance to develop in situ studies to compare juvenile
cuttlefish development from different contaminated sites.
Secondly, Dr. Lorna Dallas at the University of Plymouth, UK, investigated the
impacts of chronic exposure to nickel, zinc pyrithione (ZnPT; an organometal)
and tritiated water (HTO; a radionuclide) on the bivalve M. galloprovincialis us-
ing a suite of biomarkers at different levels of biological organisation. Her project
showed that the three contaminants indicated genotoxicity. For Ni and HTO, the
biomarkers at lower levels of biological organisation were more sensitive than those
at higher levels. For instance, 14 days of HTO exposure resulted in DNA damage
and molecular alterations without affecting higher level responses. HTO exposure
at 25 ◦C caused additional changes in expression of key defence genes (hsp70,
hsp90, mt20, p53 and rad51). In contrast to Ni and HTO, exposure to both 0.2
and 2.0 µM ZnPT caused significant deviation from concurrent controls for every
biomarker examined, suggesting that further investigation of the environmental
impacts of this contaminant is urgently needed. Her work led to the conclusion
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that the variation in biological responses observed suggest that the potential links
between levels of organisation should be evaluated on a contaminant-specific ba-
sis.
Thirdly, Dr. Alexandre Devos, from the Institut de radioprotection et de sûreté
nucléaire [IRSN], France, carried out studies on the chronic exposure of early
stages of development of the Pacific oyster to contaminants from the industries
in the English Channel. His data revealed that the Pacific oyster juveniles, C.
gigas presented no growth alterations even at very hight ionizing radiation doses
(27 400 µGy/h). Therefore, the oyster’s biochemical mechanisms seemed to act
efficiently against radio-induced stress as early as the first days its life.
Finally, Dr. Antoine Mottier at the University of Caen, France, explored the ef-
fects of herbicide exposures in two commercialy important marine mollusc species
H. tuberculata and C. gigas based on an in vitro and an in vivo approach. Dr.
Mottier reported that both in vivo and in vitro exposure showed a greater toxi-
city of commercial formulations and adjuvants compared to active matter alone.
Chronic exposures of C. gigas juveniles to glyphosate revealed an activation of
defence mechanisms at the molecular level. Perturbations of growth and gameto-
genesis were recorded at the lowest doses of Roundup R© and adjuvant (environ-
mentally realistic doses). Dr. Mottier concluded that even though environmental
doses of pesticides did not lead to oyster mortality it should be considered as a
stress factor for marine mollusc species.
One of the strong point of this project, besides the addition of new insights regard-
ing species behaviour exposed to environmental contaminants, was to conclude
that an integrated, multiple biomarker approach provides the best and most ro-
bust methodology and should be translated to other ecologically relevant species
in the field of ecotoxicology.
7.5 Future research
With the emergence of new tools and new molecular biomarkers for high-throughput
screening of biomolecules, the field of ecotoxicology is expanding exploring new im-
pacts of chemicals and other stressors to organisms (Calzolai et al. 2007, Schirmer
et al. 2010). The integration of gene and protein expression with bioinformatic
tools and how this new approach could be translated in improving risk assess-
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ment procedures is considered to be the future of ecotoxicology (Calzolai et al.
2007). One of the most used high-throughput analysis approaches is transcrip-
tomics referring to gene expression profiling. The transcriptome represents all
RNA molecules, including the messenger RNA (mRNA), which constitutes the
building blocks for translating DNA into amino acids to form proteins (Schirmer
et al. 2010). Messenger RNA is a mirror of the genes that are actively expressed
in a cell or an organism at a given time allowing to detect the gene responses at
an individual level. Previously, Poynton et al. (2007) used a transcriptomic ap-
proach to identify distinct gene profiles for copper, cadmium and zinc at sublethal
concentrations and to uncover their molecular modes of action in the planktonic
crustaceans Daphnia magna. These authors showed different modes of effects
relating to copper, cadmium and zinc. Copper decreased the expression of β-1,3-
glucan binding proteins, involved in immune responses whereas cadmium induced
oxidative stress and zinc lead to a downregulated expression of homologues of
chitinase and cuticle proteins, required for moulting (renewal of exoskeleton). Re-
cently, Neave et al. (2012) described metal resistance in the polychaete Ophelina
sp. and also developed molecular biomarkers for this species. Theses authors
showed that the transcripts coding for the copper chaperone, Atox1, were up-
regulated in the worms inhabiting high levels of copper. From a metal exposure
laboratory experiment, they reported that genes coding for respiratory proteins,
detoxification proteins and cytoskeletal proteins were significantly altered.
Thus, the use of transcriptomics will enable future studies to focus on new lev-
els of biological organization, revealing any short or long-term toxicological or
compensating effects and predict environmental risks. Applied to this study, the
measurements (sequencing) of gene and/or protein expression levels for the con-
trol group and the metal polluted group would have the potential to uncover for
the first time N. virens molecular modes of action under environmentally relevant
metal concentrations.
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Batch description: Marine Sediment Analysis
Reported on: 
04-Mar-2013 
Jennifer Pini
University of Portsmouth
Institute of Marine Sciences
Langstone Harbour
Ferry Road
Eastney
Portsmouth
PO49LY
Dear Jennifer
Please find attached the results for the batch of 1 samples described below.
Samples Registered on: 07-Nov-2012
Analysis Started on: 07-Nov-2012
Analysis Completed on: 04-Mar-2013
Results for Batch Number  20045525
Your Purchase Order Number: Bio 23021
You will be invoiced shortly by our accounts department.
If we can be of further assistance then please do not hesitate to contact us.
Yours sincerely
Opinions and interpretations expressed herein are outside the scope of UKAS Accreditation.  Details of analytical procedures and 
performance data are available on request.  The date of sample analysis is available on request.
The Environment Agency carries out analytical work to high standards and within the scope of its UKAS accreditation, but has no 
knowledge of whether the circumstances or the validity of the procedures used to obtain the samples provided to the laboratory were 
representative of the need for which the information was required.
The Environment Agency and/or its staff does not therefore accept any liability for the consequences of any acts or omissions made on 
the basis of the analysis or advice or interpretation provided.
William Fardon
Customer Services Team Manager
Tel: (0113) 231 2177
nls@environment-agency.gov.uk
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Reported on: 
04-Mar-2013 
University of Portsmouth Marine SedimentClient:       Project: 
 1
CC University of Portsmouth Marine 
Sedim
Sample Point Name:
Folder No: 002190014 Sampled on: 5-Nov-12 @ (Time not supplied)
Comments: Marine Sediment
Quote No:  9422       Matrix: Sediment
Lab ID Result Units TestcodeAnalyte MRV AccredFlag
Grain Size Fraction : <1000 microns : {>0 phi} LL97.1 %  1369None0DC
Grain Size Fraction : > 63000 microns : {< -6.0 phi} LL0.00 %  1369None0DC
Grain Size Fraction : 1000 to 1400 mic : {0 to -0.5phi} LL0.00 %  1369None0DC
Grain Size Fraction : 11200 to 16000 mic : {-3.5 to -4.0phi} LL0.00 %  1369None0DC
Grain Size Fraction : 1400 to 2000 mic : {-0.5 to -1.0phi} LL0.00 %  1369None0DC
Grain Size Fraction : 16000 to 22400 mic : {-4.0 to -4.5phi} LL0.00 %  1369None0DC
Grain Size Fraction : 2000 to 2800 mic : {-1.0 to -1.5phi} LL0.0700 %  1369None0DC
Grain Size Fraction : 22400 to 31500 mic : {-4.5 to -5.0phi} LL0.00 %  1369None0DC
Grain Size Fraction : 2800 to 4000 mic : {-1.5 to -2.0phi} LL0.210 %  1369None0DC
Grain Size Fraction : 31500 to 45000 mic : {-5.0 to -5.5phi} LL0.00 %  1369None0DC
Grain Size Fraction : 4000 to 5600 mic : {-2.0 to -2.5phi} LL0.00 %  1369None0DC
Grain Size Fraction : 45000 to 63000 mic : {-5.5 to -6.0phi} LL0.00 %  1369None0DC
Grain Size Fraction : 5600 to 8000 mic : {-2.5 to -3.0phi} LL0.720 %  1369None0DC
Grain Size Fraction : 8000 to 11200 mic : {-3.0 to -3.5phi} LL1.94 %  1369None0DC
Particle Size Report LLReport Text  1369NoneDC
Silt with a few stones and shell fragments.
Raw Data Report LLReport Text  1369NoneDC
Not required.
Grain Size Inclusive Kurtosis LL0.529 mm  1368UKAS0DC
Grain Size Inclusive Mean LL0.0390 mm  1368UKAS0DC
Inclusive Graphic Skewness :- {SKI} LL<0 Unitless  1368UKAS0DC
Kurtosis LL3.79 Unitless  1368UKAS0DC
Particle Diameter : Mean LL0.323 mm  1368UKAS0DC
Particle Diameter : Median LL0.0480 mm  1368UKAS0DC
Sorting Coefficient LL2.57 Unitless  1368UKAS0DC
Grain Size Fraction : < 0.98 microns : {>10 phi} LL1.97 %  1370UKAS0DC
Grain Size Fraction : >1000 microns : {<0 phi} LL2.94 %  1370UKAS0DC
Grain Size Fraction : 0.98 to 1.38 microns : {10 to 9.5 phi} LL1.22 %  1370UKAS0DC
Grain Size Fraction : 1.38 to 1.95 microns : {9.5 to 9 phi} LL1.82 %  1370UKAS0DC
Grain Size Fraction : 1.95 to 2.76 microns : {9 to 8.5 phi} LL2.75 %  1370UKAS0DC
Grain Size Fraction : 11.1 to 15.6 microns : {6.5 to 6 phi} LL4.46 %  1370UKAS0DC
Grain Size Fraction : 125 to 177 microns : {3 to 2.5 phi} LL8.69 %  1370UKAS0DC
Grain Size Fraction : 15.6 to 22.1 microns : {6 to 5.5 phi} LL4.97 %  1370UKAS0DC
Grain Size Fraction : 177 to 250 microns : {2.5 to 2 phi} LL6.27 %  1370UKAS0DC
Grain Size Fraction : 2.76 to 3.91 microns : {8.5 to 8 phi} LL3.65 %  1370UKAS0DC
Grain Size Fraction : 22.1 to 31.3 microns : {5.5 to 5 phi} LL6.13 %  1370UKAS0DC
Grain Size Fraction : 250 to 354 microns : {2 to 1.5 phi} LL3.60 %  1370UKAS0DC
Grain Size Fraction : 3.91 to 5.52 microns : {8 to 7.5 phi} LL4.24 %  1370UKAS0DC
Grain Size Fraction : 31.3 to 44.2 microns : {5 to 4.5 phi} LL7.57 %  1370UKAS0DC
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Grain Size Fraction : 354 to 500 microns : {1.5 to 1 phi} LL1.81 %  1370UKAS0DC
Grain Size Fraction : 44.2 to 62.5 microns : {4.5 to 4 phi} LL8.82 %  1370UKAS0DC
Grain Size Fraction : 5.52 to 7.81 microns : {7.5 to 7 phi} LL4.53 %  1370UKAS0DC
Grain Size Fraction : 500 to 707 microns : {1 to 0.5 phi} LL0.730 %  1370UKAS0DC
Grain Size Fraction : 62.5 to 88.4 microns : {4 to 3.5 phi} LL9.62 %  1370UKAS0DC
Grain Size Fraction : 7.81 to 11.1 microns : {7 to 6.5 phi} LL4.47 %  1370UKAS0DC
Grain Size Fraction : 707 to 1000 microns : {0.5 to 0 phi} LL0.00 %  1370UKAS0DC
Grain Size Fraction : 88.4 to 125 microns : {3.5 to 3 phi} LL9.73 %  1370UKAS0DC
Mercury : Dry Wt LL0.112 mg/kg  1042None0.002
Aluminium : Dry Wt LL13600 mg/kg  1043UKAS0.02
Barium : Dry Wt LL32.7 mg/kg  1043UKAS2
Iron : Dry Wt LL18500 mg/kg  1043UKAS0.1
Strontium : Dry Wt LL28.0 mg/kg  1043UKAS1
Arsenic : Dry Wt LL8.53 mg/kg  1041UKAS0.5
Boron : Dry Wt LL34.1 mg/kg  1041None10
Cadmium : Dry Wt LL0.0870 mg/kg  1041UKAS0.02
Chromium : Dry Wt LL23.6 mg/kg  1041UKAS0.7
Copper : Dry Wt LL17.0 mg/kg  1041UKAS1
Lead : Dry Wt LL20.2 mg/kg  1041UKAS0.2
Lithium : Dry Wt LL15.3 mg/kg  1041UKAS0.3
Manganese : Dry Wt LL80.7 mg/kg  1041UKAS0.2
Nickel : Dry Wt LL10.2 mg/kg  1041UKAS0.5
Vanadium : Dry Wt LL32.0 mg/kg  1041UKAS1
Zinc : Dry Wt LL56.0 mg/kg  1041UKAS3
Aldrin : Dry Wt LL<1 ug/kg  672UKAS1DC
DDE -pp : Dry Wt LL<2 ug/kg  672UKAS2DC
DDT -op : Dry Wt LL<1 ug/kg  672UKAS1DC
DDT -pp : Dry Wt LL<2 ug/kg  672UKAS2DC
Dieldrin : Dry Wt LL<3 ug/kg  672UKAS3DC
Endrin : Dry Wt LL<2 ug/kg  672UKAS2DC
HCH -alpha : Dry Wt LL<1 ug/kg  672UKAS1DC
HCH -beta : Dry Wt LL<1 ug/kg  672UKAS1DC
HCH -delta : Dry Wt LL<1 ug/kg  672UKAS1DC
HCH -gamma : Dry Wt :- {Lindane} LL<2 ug/kg  672UKAS2DC
Hexachlorobenzene : Dry Wt LL<1 ug/kg  672UKAS1DC
Hexachlorobutadiene : Dry Wt LL<1 ug/kg  672UKAS1DC
Isodrin : Dry Wt LL<2 ug/kg  672UKAS2DC
TDE - pp : Dry Wt LL<1 ug/kg  672UKAS1DC
Acenaphthene : Dry Wt LL3.11 ug/kg  1051UKAS2
Acenaphthylene : Dry Wt LL13.5 ug/kg  1051None2
Anthracene : Dry Wt LL12.8 ug/kg  1051UKAS2
Benzo(a)anthracene : Dry Wt LL88.9 ug/kg  1051UKAS2
Benzo(a)pyrene : Dry Wt LL76.0 ug/kg  1051UKAS2
Benzo(b)fluoranthene : Dry Wt LL94.4 ug/kg  1051UKAS10
Benzo(ghi)perylene : Dry Wt LL47.6 ug/kg  1051UKAS10
Benzo(k)fluoranthene : Dry Wt LL44.9 ug/kg  1051UKAS10
Chrysene + Triphenylene : Dry Wt LL83.9 ug/kg  1051None3
Dibenzo(ah)anthracene : Dry Wt LL12.0 ug/kg  1051UKAS5
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Fluoranthene : Dry Wt LL143 ug/kg  1051UKAS2
Fluorene : Dry Wt LL<10 ug/kg  1051UKAS10
Indeno(1,2,3-c,d)pyrene : Dry Wt LL57.8 ug/kg  1051UKAS10
Naphthalene : Dry Wt LL<30 ug/kg  1051UKAS30
Phenanthrene : Dry Wt LL42.4 ug/kg  1051UKAS10
Pyrene : Dry Wt LL131 ug/kg  1051UKAS3
PCB - 028 : Dry Wt LL<0.1 ug/kg  685UKAS0.1
PCB - 052 : Dry Wt LL<0.1 ug/kg  685UKAS0.1
PCB - 101 : Dry Wt LL0.240 ug/kg  685UKAS0.1
PCB - 118 : Dry Wt LL0.200 ug/kg  685UKAS0.1
PCB - 138 : Dry Wt LL0.240 ug/kg  685UKAS0.1
PCB - 153 : Dry Wt LL0.320 ug/kg  685UKAS0.1
PCB - 180 : Dry Wt LL<0.1 ug/kg  685UKAS0.1
Dibutyl Tin : Dry Wt as Cation LE169 ug/kg  897UKAS3
Dioctyl Tin : Dry Wt as Cation LE<5 ug/kg  897UKAS3
Diphenyl Tin : Dry Wt as Cation LE<3 ug/kg  897UKAS2
Tetrabutyl Tin : Dry Wt as Cation LE59.3 ug/kg  897UKAS2
Tributyl Tin : Dry Wt as Cation LE2540 ug/kg  897UKAS3
Triphenyl Tin : Dry Wt as Cation LE<3 ug/kg  897UKAS2
Dry Solids @ 30°C LE61.3 %  1130None0.5
Accreditation Assessment LE2 No.  924None
Sample Preparation LEReport Text  924None
The sample appeared to be black sandy clay sediment
 
63.27g of the sample was taken for drying at <30degC which gave 39.63g of dried sample (weights 
include tray weight).
The sample was crushed using a jaw crusher. 
The sample was then sieved until it passed through a 2mm sieve.
The sample was received unpreserved.
 
All parameters are determined on the air-dried (<30degC) portion except those requiring a wet sample 
fraction where as received (wet) sample was used.
 
Dry Weight (DW) results are reported as determined at <30degC.
Carbon, Organic : Dry Wt as C SC0.500 %  1065UKAS0.1
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Method Description Summary for all samples in batch Number 20045525
 672 LL O PESTICIDES - solvent extracted; determined by GCMS (SIM), larger particles manually removed prior to analysis.
 685 LL O PCBs - solvent extracted; determined by GCMS (SIM), larger particles manually removed prior to analysis.
 897 LE O Organotins (GCMS) 01 - acetic acid/methanol extracted; derivatised; determined GCMS (SIM); from "as received" sample
 924 Sample Preparation; Dry Solids (30°C); from "as received" sample
 1041 LL ME ICPMS 12.1 & 12.4- Metals - microwave aqua regia digested; determined by ICPMS, sieved to <2000um.
 1042 LL ME Hg 10.8 - Mercury - microwave aqua regia digeste; acidic SnCl2 reduced; determined by CV-AFS, sieved to <2000um
 1043 LL ME ICP-OES 22.1 & 22.2 - Metals - microwave aqua regia digested; determined by ICPOES, sieved to <2000um
 1051 LL O PAHs - solvent extracted; determined by GCMS (EI), larger particles manually removed prior to analysis.
 1065 Sub-contract
 1130 LE P Soil Preparation 01: The sample is air-dried at <30ºC in a controlled environment until a constant weight it achieved.
 1368 NLS I Particle Size Laser - various parameters calculated from the band sizes produced by laser beam diffraction technique
 1369 NLS I Particle Size Sieve - various band sizes >1000mm - determined by manual sieving.
 1370 NLS I Particle Size Laser - various band sizes <1000mm - determined by laser beam diffraction instrumentation.
Laboratory Site Manager
David Gazzard
All reporting limits quoted are those achievable for clean samples of the relevant matrix. No allowance is made for instances when dilutions are 
necessary owing to the nature of the sample or insufficient volume of the sample being available. In these cases higher reporting limits may be 
quoted and will be above the MRV.
Solid sample results are determined on a "dried" sample fraction except for parameters where the method description identifies that "as received" 
sample was used.
Key to Results Flags: 
Analysis started outside of specified holding time. It is possible that the results may be compromised.DC
Please note all samples will be retained for 10 working days for aqueous samples and 30 working days for solid samples after reporting unless 
otherwise agreed with Customer Services
Key to Lab ID: LE = Leeds, LL = Llanelli, NM = Nottingham, SX = Starcross,  SC = Sub-Contracted outside NLS,  FI = Field Data, NLS = Calculated
Key to Accreditation: UKAS = Methodology accredited to ISO/IEC 17025:2005, MCertS = Methodology accredited to MCertS Performance Standard 
for testing of soils, none = Methodology not accredited
Any subsequent version of this report denoted with a higher version number will supersede this and any previous versions
END OF TEST REPORT
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B. Days of feeding behaviour recorded
Table B.1. Table showing the number of days of video recordings (33) with the corresponding
dates. The thirty boxes, 1 to 90, were recorded and sampled at month 9. The white areas
represent the boxes not video recorded for the day corresponding
Number of  
days recorded 
Date Boxes recorded 
1 6 8 10 11 16 20 23 25 30 31 34 39 41 43 48 53 54 58 60 61 65 67 70 76 77 81 86 88 90 
1 04/12/2012 
2 10/12/2012 
3 12/12/2012 
4 29/01/2013 
5 31/01/2013 
6 05/02/2013 
7 07/02/2013 
8 12/02/2013 
9 14/02/2013 
10 20/02/2013 
11 22/02/2013 
12 27/02/2013 
13 19/03/2013 
14 21/03/2013 
15 26/03/2013 
16 25/04/2013 
17 29/04/2013 
18 30/04/2013 
19 02/05/2013 
20 07/05/2013 
21 09/05/2013 
22 14/05/2013 
23 04/06/2013 
24 06/06/2013 
25 18/06/2013 
26 25/06/2013 
27 27/06/2013 
28 02/07/2013 
29 04/07/2013 
30 09/07/2013 
31 11/07/2013 
32 16/07/2013 
33 18/07/2013 
240
Appendix C
Biomarkers correlations
long-term experiment and field
data
241
Month 3 Pearson’s correlations (r) and corresponding p-values 
C. Biomarkers correlations long-term
experiment and field data
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Month 6 Pearson’s correlations (r) and corresponding p-values 
C. Biomarkers correlations long-term
experiment and field data
243
Month 9 Pearson’s correlations (r) and corresponding p-values 
C. Biomarkers correlations long-term
experiment and field data
244
Field data Pearson’s correlations (r) and corresponding p-values 
P (protein), L (lipid), C (carbohydrate), NR (lysosomal membrane stability), AChE (acetylcholinesterase activity), Comet (DNA damage) and MT 
(metallothioneins) with mortality (M), weight (W) and metal concentrations in the sediment, pore water and tissues. Cu S: copper concentrations in the 
sediment, Cu PW: copper concentrations in the pore water and Cu T: copper concentrations in the worms. Zn S: zinc concentrations in the sediment, Zn PW: 
zinc concentrations in the pore water and Zn T: zinc concentrations in the worms. 
C. Biomarkers correlations long-term
experiment and field data
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INTRODUCTION
Glyphosate-based herbicides including Roundup® are 
widely used and are among the most-used pesticides in 
the world (Howe et al., 2004). Glyphosate could be con-
sidered a contaminant to aquatic ecosystems; in fact, it 
has been measured at µg/l levels (Kolpin et al., 2006) and 
even > 100 µg/l (Puértolas et al., 2010) in streams in agri-
cultural regions but data about concentrations in marine 
waters are very scarce. Glyphosate-based herbicides gen-
erally consist of an active ingredient and one or more 
adjuvants that aid or modify the action of the active ingre-
dient (Foy, 1987; Van Valkenburg, 1982). Some authors 
have already reported that non-ionic surfactants interact-
ing with plant cuticles are highly water soluble (Hess and 
Foy, 2000) and can enter aquatic ecosystems after heavy 
rain episodes. The effects of glyphosate on aquatic organ-
isms are generally considered to be moderate (Bringolf 
et al., 2007; Mann and Bidwell, 1999), but several stud-
ies have shown that commercial formulations contain-
ing glyphosate are moretoxic than glyphosate alone due 
to the addition of surfactants (Folmar et al., 1979; Mann 
and Bidwell, 1999; Tsui and Chu, 2003). The most com-
mon adjuvants in glyphosate-based formulations are pol-
yethoxylated tallow amines (POEAs) in the proportion 
of 10-20% (Howe et al., 2004). These adjuvants are used 
to promote the penetration of the active ingredient (e.g., 
glyphosate) into plant cuticles (Relyea, 2005). POEAs 
are diethoxylates of tallow amines that are characterised 
by the ratio of oxide: tallow-amine, which ranges from 
5:1 to 25:1 (Brausch and Smith, 2007). Although adju-
vants are considered biologically inert by manufactur-
ers and protection agencies, various studies have demon-
strated that POEAs are toxic to aquatic organisms such 
as Daphnia magna (Brausch et al., 2007), the freshwa-
ter fairy shrimp Thamnocephalus platyurus (Brausch and 
Smith, 2007), the freshwater mussel Lampsilis siliquoidea 
(Bringolf et al., 2007) and four amphibian species (Howe 
et al., 2004). A study by Mottier et al. (2013) reported that 
Roundup® formulations are more toxic to D-shaped and 
pediveliger larvae than glyphosate alone or its by-product, 
aminomethylphosphonic acid (AMPA). It was thus inter-
Effects of a POEA surfactant system (Genamin T-200®) on 
two life stages of the Pacific oyster, Crassostrea gigas
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ABSTRACT — Surfactants used in herbicide formulations are generally considered inert with no toxic 
effects on animals. Polyethoxylated tallow amines (POEAs) are non-ionic surfactants used in many her-
bicide formulations to promote the penetration of the active matter into plant cuticles. The present study 
aimed to assess the toxicity of a POEA surfactant system, the Genamin T-200®, on two larval stages of 
the Pacific oyster, Crassostrea gigas. The embryotoxicity of Genamin T-200® was quantified after 36 hr 
of exposure, considering both arrested development and abnormalities in D-shaped larvae. The ability of 
pediveliger larvae to metamorphose was studied after 24 hr exposure to Genamin T-200®. According to 
the European toxicity classification, the present results suggest that Genamin T-200® could be considered 
very toxic to embryo larval development, with an EC50of 262 µg/l, and toxic to metamorphosis process-
es with an EC50 of 3,027 µg/l. The high toxicity of glyphosate-based formulations compared to the active 
ingredient and its by-product appears to be due primarily to surfactants.
Key words:  Crassostrea gigas, Embryotoxicity, Metamorphosis, Surfactant, POEA
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esting to evaluate the effects of an adjuvant system alone 
on embryotoxicity and the success of metamorphosis in 
the Pacific oyster, which is one of the major mollusc spe-
cies cultivated in France and throughout the world.
MATERIAlS AND METhODS
Genamin T® are mixtures of POEAs and they are 
used in various industrial and agricultural activities (e.g. 
industries of textiles, cosmetics and adhesives; crop pro-
tection). Genanim T-200® shows a ratio of oxide: tal-
low-amine reaching 20:1 and a concentration of 732 g/l 
(Mesnage et al., 2012). It was purchased from an agricul-
tural cooperative. All of the solutions were prepared by 
diluting Genamin T-200® in natural sterilised seawater 
(0.22 µm, Steritop® Millipore). 
The standardised AFNOR procedure (AFNOR, 2009) 
was used to assess the effect of POEA on embryo-larval 
development. According to this procedure, CuSO4.5H2O 
(Alfa AesarGmbh®; Karlsruhe, Germany) was used as a 
positive control, with five concentrations ranging from 
20 to 100 µg/l. Nine concentrations of Genamin T-200® 
(+ control) ranging from 0.1 to 1,000 µg/l were tested. 
Three independent experiments (corresponding to three 
different pairs of genitors) were conducted, and each con-
centration was tested in triplicate. The detailed protocol 
used to obtain embryos has previously been published 
(Mottier et al., 2013). Briefly, gametes from males and 
females were obtained by thermal stimulation of individ-
ualised conditioned oysters. The oocytes and spermato-
zoa of the selected parents were sieved and then mixed 
(1:6). Twenty minutes post-fertilisation, the embryos 
were distributed into pillboxes containing 25 ml of nat-
ural sterilised seawater. Embryos were exposed at a den-
sity of 60,000/l without feeding, aeration or light. After 
36 hr at 22 ± 1°C, the embryos or D-shaped larvae were 
fixed using an 8% formalin solution. A minimum of 100 
individuals was observed per replicate using an invert-
ed binocular microscope at 400x magnification (Leica® 
DM IRB). Two categories could be distinguished: nor-
mal D-shaped larvae and abnormal individuals, the lat-
ter including embryos in late arrested development or 
D-shaped larvae showing shell/hinge abnormalities, man-
tle abnormalities (hypertrophies) or shell and/or hinge + 
mantle abnormalities. For each concentration, net per-
centages of normal development, NPNe (adjusted for the 
controls), were calculated as follows:
NPNe = 100 – [
PAe– PAc
× 100] where:(100 – PAc)
PAe =
（NAe × 100）
Te
NAe = Number of abnormal larvae in a given exposure replicate
Te = Total number of larvae in a given exposure replicate
PAc = mean of PAc (for a given experiment)
PAc =
（NAc × 100）
Tc
NAc= Number of abnormal larvae in a given control replicate
Tc = Total number of larvae in a given control replicate
The metamorphosis rates of pediveliger larvae (ready 
for metamorphosis) were calculated after exposure to 
Genamin-T200®. Thirteen concentrations (+ control) 
ranging from 0.1 to 10,000 µg/l were tested. Three inde-
pendent experiments (corresponding to three different lar-
va batches) were conducted and each concentration was 
tested in triplicate. Twenty-one-day-old pediveliger lar-
vae were provided by the SATMAR (Société ATlan-
tique de MARiculture) hatchery (Barfleur, France). Lar-
vae were exposed in multiwell plates in a final volume of 
1.5 ml of natural sterilised seawater. Larval density was 
set between 50 and 80 larvae per well. To promote met-
amorphosis, epinephrine (Sigma Aldrich®) was added at 
a final concentration of 10-4 M (Coon and Bonar, 1987). 
Experiments were conducted at 22°C without feeding, 
aeration or light. After 24 hr, larvae were fixed using an 
8% formalin solution. The metamorphosis rate was eval-
uated by counting metamorphosed versus non-meta-
morphosed larvae. A metamorphosed larva presents an 
obvious loss of its velum, new shell growth and well-de-
veloped gills. Similarly to the net percentages of normal 
development (see above), the results of the metamorpho-
sis assay in exposed organisms were expressed as net per-
centages of metamorphosis, NPMe (Mottier et al., 2013).
Non-linear regressions (Hill equation) were used to 
calculate EC50 (effective concentration for an effect on 
50% of the individuals tested) values for each contami-
nant. These regressions were conducted using the Excel® 
macro REGTOX (Vindimian, 2012). The data concern-
ing embryotoxicity were subjected to logit transforma-
tion. As the data met the assumptions of normality and 
homoscedasticity, they were tested using one-way ANO-
VAs. Multiple comparison tests (Student-Newman-Keuls) 
were undertaken to distinguish differences among differ-
ent groups. The metamorphosis data were not normally 
distributed even with various transformations. A one-way 
Kruskall and Wallis test was thus performed, followed by 
multiple comparison tests (modified Student-Newman-
Keuls for non-parametric data). All of the analyses were 
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conducted using STATISTICA 8.0 software (Statsoft®, 
Tulsa, OK, USA).
RESUlTS
Considering the requirements of the standardised 
procedure (AFNOR, 2009), all of the embryotoxicity 
assays performed could be validated. In fact, high lev-
els of fecundation were recorded, and no oocytes were 
observed after 36 hr. The rate of normal larvae in con-
trol groups reached at least 80% for the three experiments 
(from 80.61% ± 2.55 to 91.36% ± 2.38). Finally, the EC50 
recorded for Cu2+ exposures (positive control) always fell 
between 6 and 16 µg/l.
Between 0.1 and 10 µg/l of POEA, no significant 
effects on embryo-larval development were recorded and 
NPNe ranged from 102.6% to 94.91% (Fig. 1A). A sharp 
drop in normal larvae rates was observed between 100 
(NPNe= 71.86%) and 600 µg/l (NPNe= 11.16%), lead-
ing to a rate of 100% of abnormalities at concentrations 
of 800 µg/land above. Although the data have been nor-
malised according to the rates calculated for controls 
(NPNe), a strong heterogeneity of the response of lar-
vae was observed between the concentrations of 100 and 
800 µg/l with a standard deviation ranging from 15% to 
26.83%. Finally, the value of EC50 estimated from non-
linear regression was 262 µg/l.
The rate of metamorphosis observed for the control 
group did not differ from those computed for concen-
trations from 0.1 to 2,500 µg/l, and NPMe varied from 
84.73% to 99.42% (Fig. 1B). Despite substantial heter-
ogeneity in the response of larvae, the process of meta-
morphosis appeared to be significantly affected from a 
concentration of 3,000 µg/l: only 48.04% of larvae were 
metamorphosed. A huge decrease in metamorphosis rates 
was observed at 3500 µg/l (NPMe= 23.30%) and 4,000 
µg/l (NPMe= 5.21%), and no metamorphosis occurred at 
6,000 µg/l. The EC50 estimated from non-linear regression 
was 3,027 µg/l.
DISCUSSION
The present results are the first regarding the effect of 
a POEA adjuvant on marine mollusc larvae. The results 
obtained with the two different bioassays showed an 
important heterogeneity in the responses of larvae (e.g., 
concentration of 400 µg/l for NPNe and concentration of 
3,000 µg/l for NPMe). This heterogeneity appeared only 
at concentrations that exhibited a significant effect on 
NPNe or NPMe, which could be explained by the genet-
ic differences between parents. In fact, the larvae used for 
embryotoxicity or metamorphosis tests came from dif-
ferent pairs of genitors and have different genetic back-
grounds, which could explain the different responses to 
contaminants. Furthermore, the data from the metamor-
phosis assay did not follow a normal distribution regard-
less of the transformation used; the statistical tests used 
were thus non-parametric and less sensitive for detecting 
potential significant differences between treatments.
Early life stages are known to be especially sensitive to 
toxicological injuries (Jha et al., 2000), and essential bio-
logical processes occur during the very first stages of life 
(Gilbert, 2003). The results showed a greater sensitivity of 
embryos and D-shaped larvae to Genamin T-200® expo-
sure compared to 21 day old pediveliger larvae (EC50 of 
262 µg/l versus 3,027 µg/l). This trend has already been 
reported in Mottier et al. (2013): D-larvae were highly 
sensitive to glyphosate, AMPA and two Roundup® formu-
lations compared to pediveliger larvae.
The mechanisms of toxicity of POEA surfactants are 
not fully known, but the observed effect on embryo-larval 
development and metamorphosis could be explained by 
results from previous studies. Some authors have report-
ed that non-ionic surfactants interact with both the lip-
id bilayer membrane and membrane proteins, leading to 
reduced oxygen transport across the membrane (Cserháti, 
1995; Lindgren et al., 1996; Pärt et al., 1985). Partearroyo 
et al. (1991) showed that surfactant caused lysis of the 
gill epithelial cells of Oncorhynchusmykiss leading to 
asphyxiation or loss of osmotic stability. The genotoxic-
ity of Roundup® and adjuvant alone have also been dem-
onstrated in blood cells of Anguilla anguilla exposed for 
one or three days to Roundup® and POEA (Guilherme et 
al., 2012).
The results of the present study are in accordance with 
those obtained by Mottier et al. (2013): there, glyphosate 
and AMPA presented very limited embryotoxicity (EC50: 
28,315 and 40,617 µg/l), and toxicity to the metamorphosis 
processes could not be observed at less than 100,000 µg/l. 
By contrast, commercial formulations containing glypho-
sate exhibited a greater toxicity to embryo-larval devel-
opment (EC50: 1,133 and 1,675 µg/l) and metamorphosis 
(6,366 and 6,060 µg/l). According to Mottier et al. (2013) 
and corroborated by the present work, it appears that the 
toxicity of Roundup® observed for embryo-larval devel-
opment and metamorphosis comes primarily from the for-
mulation’s adjuvants. In two species of Crustaceans, Tsui 
and Chu (2003) have reported that the relative toxicity 
contribution of POEAs in Roundup® formulations exceed-
ed 90%. Based on the European toxicity classification 
for aquatic species (Giesy et al., 2000), Genamin T-200® 
could be classified as ‘very toxic’ in terms of embryotox-
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Fig. 1. A. Net percentages of normal development (NPNe) in Crassostrea gigas embryo-larvae observed after 36 hr of exposure 
to Genamin T-200® at concentrations ranging from 0.10 to 800 µg/l (as NPNe at 1,000 µg/l is equal to 0.00%, it is not rep-
resented). B. Net percentages of metamorphosis (NPMe) in C. gigas pediveliger larvae observed after 24 hr of exposure to 
Genamin T-200® at concentrations ranging from 0.10 to 6,000 µg/l (as NPMe from 6,000 µg/l are equal to 0.00%, they are 
not represented). The concentrations that do not share a letter are significantly different. Data are illustrated with a box and 
whisker diagram: the bottom and top of the box correspond to the 25th and 75thpercentiles, and the band near the middle 
of the box represents the median. The ends of the whiskers represent the minimum and maximum of all of the data for a 
given concentration. All data are plotted next to the box; black dots are used to plot the mean and black dashes to represent 
standard errors.The concentrations that do not share a letter are significantly different; by convention, the controls belong to 
group a.
9 
 
 
Fig. 1. 
 
a a a
b b,c
c
d e
a
A
a a a a,b a,b a,b,c
a,b,c,d
b,c,d
c,d,e
d,e
e
a B
Vol. 39 No. 2
4
A. Mottier et al.
D. Publications
250
icity and ‘toxic’ based on the metamorphosis assay.
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Late  gametogenic  Nereis  virens  were  incubated  for  up  to  2.5  months  in  environmentally  relevant  con-
centrations  of copper-spiked  sediment.  Sequential  extraction  conﬁrmed  that  much  more  labile  copper
(in actual  and  percentage  terms)  was present  as  spiked  concentrations  increased,  although  the  residual
fractions  contained  similar  amounts  across  concentrations.  This  is also  reﬂected  in  the  tissue  concen-
tration  of  the  worms  which  increased  in line  with  the  sediment  concentrations.  Adult  mortality  was
not  dependent  on the  exposure  time,  but  higher  concentrations  usually  induced  greater  mortality  for
both sexes.  Oocytes  were  signiﬁcantly  smaller  at  higher  concentrations  although  pairwise  comparisons
did  not  show  speciﬁc  differences.  Spawning  of  males  occurred  a number  of  days  earlier  in  the  higher
concentrations.  Differences  in  the  number  of  embryos  developing  normally  after  in  vitro  fertilizations
of  oocytes  fertilized  with  sperm  from  exposed  males  and  non-exposed  males  showed  that  sperm  were
more susceptible  to toxicity,  but  oocytes  were  also  affected  at  the  highest  concentration.  These  results
show  that  there  are  direct  and  indirect  reproductive  consequences  of  parental  exposure  to  copper  with
implications  for recruitment  and  subsequent  colonization  of  polluted  sediments  for this  ecologically  and
commercially  important  species.
© 2012 Elsevier B.V. All rights reserved.
1. Introduction
Copper is one of the most prevalent metals in coastal sediment
(Salomons and Förstner, 1984) and is highly toxic to marine life.
It has a mode of action that alters intracellular protein machinery
either directly via denaturing enzymes or indirectly via generation
of reactive oxygen species (Pourahmad and O’Brien, 2002; Droge,
2002) and has also recently been shown to cause DNA damage in
sperm (Caldwell et al., 2011). Its impact on reproductive outputs of
polychaetes has, therefore, received considerable attention (Lewis
and Watson, 2012) and a signiﬁcant proportion of this work has
used Nereids. In particular, Nereis (Hediste) diversicolor has been one
of the most comprehensively studied. However, in fully saline areas
this species is replaced by the larger Nereis virens (Kristensen, 1984)
which is a cosmopolitan dominant species of boreal and temperate
regions in muddy sand of littoral and sub-littoral zones (Bass and
Braﬁeld, 1972; McIntosh, 1908; Watson et al., 2007). Any repro-
ductive impacts on this species may, therefore, have important
consequences for the ecosystem as a whole. However, it has, until
∗ Corresponding author. Tel.: +44 0 23 92845798; fax: +44 0 23 92845800.
E-mail address: gordon.watson@port.ac.uk (G.J. Watson).
recently (e.g. Lewis and Galloway, 2008; Lewis et al., 2008; Watson
et al., 2008; Caldwell et al., 2011), been overlooked as a species for
ecotoxicology.
Many of the early copper toxicity studies on marine
invertebrates were run over a maximum of a few days. Since
then many sub-lethal endpoints have been developed includ-
ing effects on reproduction, but no reproductive experiments
with large polychaetes lasting longer than a few days have been
attempted. Instead, experimental manipulation studies have inves-
tigated fecundity and other life table responses with small species
with a relatively short lifespan e.g. Dinophilus gyrociliatus (Mauri
et al., 2003) and Neanthes arenaceodentata (Oshida and Word,
1982). N. virens [also known as Neanthes virens and it has recently
been moved to a new genus [Alitta] by Fauchald and Glasby (2012)]
is an ideal candidate for parental exposure investigations as its
reproductive cycle is well known and gametogenesis of individuals
of a population is highly synchronized (Bass and Braﬁeld, 1972,
Watson et al., 2003). This, combined with its large size (approxi-
mately 30 cm), enables substantial quantities of mature gametes
to be harvested at the same time for fertilizations. In contrast,
reproduction in N. diversicolor can be poorly synchronized (Dales,
1950; Watson personal observation) and both N. diversicolor and N.
arenaceodentata (another well-studied species) copulate within a
0166-445X/$ – see front matter ©  2012 Elsevier B.V. All rights reserved.
http://dx.doi.org/10.1016/j.aquatox.2012.11.015
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burrow system making it difﬁcult to directly assess the impacts on
spawning/copulation (Dales, 1950; Reish, 1957).
The vast majority of previous metals studies have used water
exposures to measure the effect on reproductive outputs (Lewis and
Watson, 2012). However, most polychaetes (especially Nereids)
spend the majority of their time in contact with sediment. Marine
sediments are a complex form of many components to which
metals have the ability to bind, so they act as a sink in aquatic envi-
ronments (Usero et al., 1998). Variations in copper levels between
sediments can be great with some exposed to run-off from mining
operations such as Restronguet Creek in the Fal Estuary in Corn-
wall, UK exceeding 3000 mg  kg−1 dry weight of sediment (Bryan
et al., 1987). Bryan and Langston (1992) reviewed 19 estuaries in
the UK and found concentrations of approximately 10 mg  kg−1 in
clean areas, however, eight estuaries had concentrations of greater
than 50 mg  kg−1 and three over 300 mg  kg−1 including the Fal estu-
ary with 648 mg  kg−1. Understanding the effects of metal exposure
via sediment is critical in relating the impact to the ecology of a
species. Metals interact with sediment in many ways and to aid
in the development of concentration-response relationships the
use of spiked sediment has been used as an ecotoxicological tool
(e.g. Bat and Raffaelli, 1998; Ciarelli et al., 1997; Horng et al., 2009;
Pasteris et al., 2003). Artiﬁcially contaminated sediments are useful
for understanding species sensitivity, however, the fraction of the
metal that is bioavailable to the organisms is dependent on many
factors that can be altered during the spiking process. This often
results in an increase in bioavailability that does not always mimic
stable, undisturbed sediment (Hutchins et al., 2007; Simpson, 2004;
Simpson et al., 2004). Whilst the environmental appropriateness of
spiked sediment is still a topic for discussion, gathering information
on the sensitivity of benthic organisms to sediment contaminants
is still best obtained from using this method (Simpson, 2004).
When trying to predict the responses of populations to a tox-
icant, reproductive outputs are more ecologically relevant than
adult physiological or biochemical changes and can be linked
directly to recruitment and modeled, yet studies in this area have
been scarce (Lewis and Watson, 2012). For the ﬁrst time we  have
combined long-term parental exposures using contaminated sed-
iment to assess the effects on downstream reproductive outputs
in an ecologically important polychaete species. In this study we
investigated the effects of copper on the later stages of the game-
togenic cycle of N. virens through spiking sediment to a range of
nominal concentrations (50, 500 and 1000 mg  kg−1 dry weight of
sediment) chosen to reﬂect concentrations present in sediments
experienced by macrofaunal polychaetes (Bryan and Langston,
1992; Miller et al., 2000; Rygg, 1985, and those reported in this
study). Sediment concentrations in the spiked experiment were
analyzed using aqua regia as well as using the BCR 3-step standard
sequential extraction method to better understand bioavailability
(Rauret et al., 2001). Despite the problems of operationally deﬁned
sequential extraction highlighted by Nirel and Morel (1990) this
method still represents one of the few tools available for model-
ing the labile (potentially bioavailable) fractions. Subsequent adult
mortality and the numbers and timing of spawning events were
quantiﬁed as well as the effects on oogenesis. Finally, sperm and
oocytes were extracted from the adults and using in vitro fertiliza-
tions we assessed the fertilization and early developmental success.
2. Materials and methods
2.1. Collection of sediment from ﬁeld sites
Several sites along the English coast were chosen for their pol-
lution levels and presence of nereids. These sites [The Conservancy
and Dell Quay, Chichester Harbour]; Holes Bay [Poole Harbour];
Saltash [Plymouth Sound] and Mylor [Falmouth] were sampled in
winter. At low tides three cores (15 cm deep, 10 cm diameter) of
sediment were collected and were immediately placed in plastic
bags. Sediments were transported from the ﬁeld to the laboratory
in isothermal containers before being refrigerated at 4 ◦C. In the
laboratory, sediment samples were dried in an oven at 105 ± 2 ◦C
until constant weight. Samples were then placed in a mufﬂe furnace
at 475 ◦C for 4.5 h and were then reweighed to give the mean per-
centage organic content. For the particle size analysis a wet sieving
method was  performed using a 63 m mesh and a range of standard
mesh sizes. For the particles less than 63 m,  20 ml  of a solution
containing 33 g of sodium hexametaphosphate with 7 g of sodium
carbonate dissolved into a 1 l distilled water beaker was  added to
each sample and left overnight to settle. The samples were then
transferred into a sonication bath for 2 h before being assessed by
laser diffraction (Malvern Master Sizer).
2.2. Collection and maintenance of specimens
N. virens (approx. 12 g each) were collected at low water during
spring tides from the slipway at Cobnor Point, Chichester Harbour
on the South East coast of England (50◦ 48′ 57.73′′ N 0◦ 52′ 22.02′′
W).  Worms  were collected by turning over the sediment with a
fork and were placed in clean buckets and transported back to the
laboratory on the same day. Damaged worms  were discarded and
the remaining worms  were placed into ambient temperature (10 ◦C
approximately) ﬂow-through tanks with a 5 cm layer of cleaned
gravel for a week.
2.3. Collection, storage and spiking of sediment
The logistics of collecting and transporting large volumes of
sediment precluded using other pristine sites from further aﬁeld
so sediment from Chichester Harbour was chosen as it is gener-
ally considered to have low levels of pollution compared to some
other sites (Tables 1 and 5). It is also representative of sediment
that this species ﬁnds acceptable as the worms used here were
also collected from this area. Analysis of the sediment, both from
this study and by the Environment Agency, indicated that organic
and inorganic contaminants were present, but at low levels. The
background concentration of copper, although low, was  compara-
ble to a number of industrial estuaries and coastal waters in the
UK (Attrill and Thomes, 1995; Bryan and Langston, 1992; Wright
and Mason, 1999). However, when comparing the concentrations
for the adjacent Cobnor Point sites with biological effects databases
(threshold values for each measure are presented in Table 1) (Long
and Morgan, 1990), all contaminants except arsenic, chromium,
nickel and copper were below their ERLs (Effects Range-Low),
which represent concentrations below which effects are rarely
observed. Those above the ERL were still signiﬁcantly lower than
the ERM (Effects Range-Medium) above which toxic effects are
probable. Sediment quality guidelines using TELs (Threshold Effect
Levels) and PELs (Probable Effect Levels) can also be used and
concentrations of all contaminants except arsenic, chromium and
copper were below the TEL, although these three were still signiﬁ-
cantly below the PEL values (CCME, 1998). Based on these criteria
the sediment is likely to be of minimal toxicological concern and
can be classed as relatively clean, however, we  cannot exclude the
possibility that other contaminants may  have contributed to the
effects of copper.
Surface sediment (to a depth of approximately 10 cm to mini-
mize the inclusion of any indigenous N. virens)  was  collected next
to the animal collection site at low water and placed into clean
high-density polyethylene (HDP) boxes for transport back to the
laboratory and stored at 4 ◦C in the dark until spiked (3 days later).
The experimental boxes (31 cm wide × 43 cm long × 22 cm deep)
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Table  1
Details of the site used for the collection of sediment including actual measured concentrations (±SEM) of aqua regia extractable copper in the control sediment for both
years  combined (<63 m fraction of sediment).
Cobnor Point (Sediment
collection site)
Cobnor Point Site
1  (EA data)
Cobnor Point Site 2
(EA data)
TEL ERL ERM PEL
OS grid reference SU 794 024 SU 796 019 SU 795 016 – – – –
Latitude and longitude 50◦ 48′ 57.73′′ N
0◦ 52′ 22.02′′ W
50◦ 48’ 41.13” N
0◦ 52’ 10.16” W
50◦ 48’ 31.61” N
0◦ 52’ 16.52” W
– – – –
%  Organic content 5.78% ± 0.22 1.43 1.35 – – – –
Size  particle analysis (%<63 m)  85% ± 1.01 73.4% 59.79% – – – –
Median particle size (phi) – 5.15 4.47 – – – –
Cu 28.8  ± 2.7 41.9 78.6 18.7 34 108 270
As  – 17.3 13.4 7.2 8.2 41.6 70
Cd –  0.266 0.515 0.68 1.2 4.2 9.6
Cr  – 81.9 129 52.3 81 160 370
Pb  – 18.7 26.3 30.2 46.7 112 218
Hg  – 0.039 0.190 0.13 0.15 0.7 0.71
Ni  – 25.4 22.8 15.9 20.9 42.8 51.6
Zn –  78.9 88.1 124 150 271 410
Al  – 49200 41600 – – – –
Fe  – 35300 29100 – – – –
PCBs  (Total) g kg−1 – 0.75 1.2 21.6 22.7 189 180
Dieldrin g kg−1 – 0.15 0.2 0.72 0.02 4.3 8
Endrin g kg−1 – 0.05 0.05 – – – –
DDT  (p,p) g kg−1 – 0.5 0.4 1.19 1 4.77 7
Fraction less than <63 m was from the 2001/2002 experiment only. Organic content was  also from the 2002/2003 experiment using the <2 mm fraction only. Copper
concentration is the mean of the controls at the start from both experiments. Cobnor Point Sites 1 and 2 are located approximately 300 m away from the sediment collection
site,  but closer to the channel. Single samples (<63 m fraction) were analyzed for a suite of contaminants by the Environment Agency in 2002 (data supplied by S. Rees-Jones).
Threshold values for ERLs (Effects Range-Low), ERM (Effects Range-Medium), TELs (Threshold Effect Levels) and PELs (Probable Effect Levels) are also presented. Data for
ERLs  and ERMs from Long and Morgan (1990) and CCME (1998) for TELs and PELs. All concentrations are expressed as mg kg−1 dry weight of sediment except where stated.
were made from HDP and were conditioned in seawater for 1 week.
Holes (4 cm diameter) were drilled just below the rims at both ends
and covered with a 2 mm  mesh. This minimized animal escapes,
but also prevented any cross contamination as water levels were
always higher in the boxes than in the tanks. Each box contained
23 kg of sediment (equal to a sediment depth of 15 cm)  and was
spiked and mixed individually. Sediments were spiked with cupric
nitrate (Cu (NO3)2·2½H2O; Fisher Scientiﬁc) solutions to give nom-
inal concentrations of 50, 500 and 1000 mg  kg−1 (dry weight) and
non-spiked sediment was also included as a control. Percentage
water content (49% approximately) of the sediment was taken into
account when adding the cupric nitrate and appropriate amounts
were dissolved in 100 ml  of distilled water and then made up to
2 l with seawater before being added. The control sediment was
treated the same, except only 100 ml  distilled water and 1900 ml  of
seawater were added. Sediment was mixed using a clean mechan-
ical paint mixer and then stored in the dark at 4 ◦C to allow the
sediment to settle.
2.4. Experimental setup
After 24 h, boxes were randomly placed into glass-ﬁbre tanks
(2 m wide × 3 m long × 77 cm deep) and each box supplied with
seawater pumped directly from Langstone Harbour at a ﬂow rate
of approximately 800 ml  min−1. Seven females and seven males
were added to each box. As we did not want to sample the worms
using an invasive procedure to conﬁrm maturational state prior
to adding to the boxes worms were assessed visually. Although,
the vast majority of those males and females added did mature, a
small number did not have gametes present in them when sampled
and so were classed as immature. Within the ﬁrst 24 h any dead
worms were replaced; all subsequent mortality, spawning events
(classed as evidence of gametes in the water column or on the sur-
face of the sediment) and ﬂow rates were recorded daily. Salinity,
pH and dissolved oxygen (DO) were recorded weekly and tempera-
ture was recorded using a data logger placed in one of the tanks. At
the sampling point each box was removed and the surface water
was poured off and sediment samples for copper analysis taken
(see below). The sediment was  tipped out and worms  removed
and health (including behavioural changes and external damage) of
each was  recorded. Worms  were randomly selected then processed
for oocyte diameter measurements and fertilization experiments
with the remainder frozen for further analysis.
The ﬁrst adult incubation experiment ran for a total of 71
days, from the 22nd December 2001 till the 2nd March 2002. A
total of 36 boxes were used with nine per treatment (control,
50, 500 and 1000 mg  kg−1) with three from each treatment ran-
domly positioned in each of three glass-ﬁbre tanks. One box for
each treatment was  removed from each tank on the 24th January,
19th February and 2nd March for sampling. The second incubation
experiment was started on the 19th December 2002 and ran for 78
days until the 6th March 2003. Twenty four boxes were used, six per
treatment (control, 50, 500 and 1000 mg  kg−1) with 12 boxes (three
of each treatment) randomly positioned in each of two glass-ﬁbre
tanks. All boxes were sampled on termination of the experiment.
2.5. Sediment sampling
Sediment for copper analysis was removed from each box using
an acid-washed HDP corer (78 mm in diameter and 15 cm deep) and
immediately frozen at −20 ◦C. Samples were taken at the begin-
ning from all the boxes in both experiments and were also taken
when boxes were sacriﬁcially sampled. Each well-mixed sample
was freeze-dried until the weight remained constant and then
stored in HDP containers in the dark until sieved (<63 m)  to nor-
malize for grain size (Loring and Rantala, 1992). Samples were
digested with 10% aqua regia for a minimum of 8 h then placed
in a heating block at 120 ◦C for 150 min  before analysis (based on
BS EN 13650 method). In addition, samples from the 2002/2003
experiment were also analyzed using 3-step BCR method sequen-
tial extraction (for detailed methods see Rauret et al., 2001). This
method assesses the distribution of metals in the following frac-
tions: (a) exchangeable (e.g. water and acid soluble); (b) reducible
(e.g. iron/manganese oxides) and (c) oxidizable (e.g. organic matter
and sulﬁdes). All glassware was  rinsed in 10% analytical grade HCl
and then three times in Milli-Q ultra pure water before drying in
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a dessicator. For organic content <2 mm samples from 2002/2003
were dried at 65 ◦C and then placed in a mufﬂe furnace at 475 ◦C
for 4.5 h and samples were then reweighed to give the mean per-
centage organic content.
2.6. Tissue processing
Worms  from a selection of boxes were defrosted and after
removing the heads (Bryan and Gibbs, 1979) were dried indi-
vidually at 60 ◦C for 24 h in a crystallizing dish before digesting
according to Berthet et al. (2003) and Rainbow et al. (2006).  Approx-
imately 0.3 g of each dried worm was ultrasonicated for 1 h before
slowly adding 0.5 ml  of metal grade nitric acid (15.8 molarity). All
tubes were then heated in a water bath at 75 ◦C for 5–6 h, but
checked every hour and more acid was added to prevent them dry-
ing out. RO water (20 ml)  was added to each tube and the ﬁnal
volumes were recorded before being refrigerated at 4 ◦C until the
samples were analyzed.
2.7. Analysis of copper
Aqua regia samples of sediment from the spiking experiment
were aspirated into an Elan 6100 Inductively Coupled Plasma Mass
Spectrophotometer and the ion-mass ﬁltered using a quadrupole
and concentrations were then measured using a simultaneous dual
stage detector by Southern Water Plc and the National Laboratory
Service in their accredited laboratories with appropriate controls.
Supernatants from the three steps of the BCR were analyzed using
Inductively Coupled Plasma Mass Spectrophotometer and the ion-
mass ﬁltered using a quadrupole at the University of Portsmouth.
Samples from the ﬁeld and the tissues were measured on a
Varian Spectra AA 220FS Atomic Absorption Spectrophotometer
FAAS.
All sediment concentrations are expressed as mg  of copper per
kg dry weight of sediment. BCR-701 reference sediment and pro-
cedural and solution blanks were used to verify procedures and
monitor recovery and efﬁciency levels. Recoveries for steps 1 and
2 were between 99% and 108%, but 120% for step 3. TORT-2 from
National Research Council Canada was used to monitor recovery
levels for tissue which were between 96 and 107%.
2.8. Oocyte condition and fertilization experiments
In all treatments, except the 1000 mg  kg−1 in February and
March when only two females were sampled for each, oocyte diam-
eter measurements of 50 oocytes were taken from a minimum of
eight females, although these came from different boxes. Oocyte
samples were removed from the coelom and ﬁxed in 4% forma-
lin solution in seawater. Images were captured on a Leitz dialux
light microscope and subsequently analyzed using Image-J analysis
package to produce the feret diameter.
Sperm for fertilizations was collected from two  sources and
“processed” slightly differently. Sperm was removed from two
males per box with two boxes per treatment except for the
1000 mg  kg−1 treatment where only one box was used. The sperm
from each male was kept separate and termed ‘individual’. Sperm,
termed ‘pooled’, was harvested from three non-exposed males
and pooled prior to being used in the fertilizations. These males
were collected from Cobnor point at the same time as the original
collections, but maintained in the holding tanks under ambient
conditions. Three females each from two boxes per treatment were
used for the pooled sperm, whilst the same three females from the
two boxes per treatment were crossed all-ways with the males for
the individual sperm, except for the 1000 mg  kg−1 treatment where
only one box was used. All fertilization and development assays
in both experiments were performed in triplicate in acid-washed
glass dishes, with a total volume of 20 ml  using the optimum con-
ditions for N. virens (sperm concentration of 2.5 × 106 sperm ml−1,
10 min contact time and sperm/egg ratio of 1000:1) as determined
by Williams and Bentley (2002).  Dishes were loosely covered with
pierced ParaﬁlmTM and then incubated at 10 ◦C for 24 h. A sub-
sample of embryos from each Petri-dish was ﬁxed in 4% formalin
solution in seawater and developmental success was assessed in
50 oocytes using a combination of light and ﬂuorescent microscopy
(after the oocytes had been stained with the DNA-labeling dye
Hoechst 33258, see Lewis et al., 2002 for details). Oocytes were
recorded as fertilized with normal development, fertilized with
abnormal development, or unfertilized. Abnormal development
was deﬁned as embryos failing to cleave and develop normally.
2.9. Statistical analysis
Data were analyzed using Minitab (V.15) and were tested for
normality and heterogeneity of variances to meet the assumptions
for subsequent parametric tests. Data that did not meet the assump-
tions were transformed, or alternative non-parametric equivalent
tests were used. Actual aqua regia extractable copper concen-
trations were compared using a Kruskal–Wallis test followed by
non-parametric equivalent multiple comparisons (Zar, 1996) for
2001/2002 data and a one-way ANOVA and subsequent Tukey’s
pairwise comparisons for 2002/2003. Standard transformations
could not make tissue concentration data normal so they were ana-
lyzed using both rank and non-transformed data as suggested by
Zar (1996).  A comparison of male and female survival (this included
the individuals that spawned) for both years was also assessed
using Wilcoxon-signed rank tests. Numbers of surviving males and
females; and males, females and immature individuals combined
were analyzed using General Linear Models (GLM) with month,
tank and treatment as factors for 2001/2002, but only treatment
and tank for 2002/2003. Mean oocyte diameters were calculated
per box and these were compared using GLM. In 2001/2002 each
month was  analyzed as a separate experiment and in 2002/2003
only boxes from tank one were analyzed to ensure a balanced
design across all concentrations. Percentage embryo developmen-
tal success data were arcsine transformed before using one way
ANOVA and subsequent Tukey’s pairwise comparisons to compare
between treatments for both pooled and individual sperm in both
years. Differences in developmental success between fertilizations
using pooled and individual sperm for 2002/2003 were assessed
using a Wilcoxon-signed rank test.
3. Results
3.1. Physiochemical parameters and sediment characteristics
Characteristics for Chichester Harbour sediment used in the
spiking are presented in Table 1. Organic carbon (loss on ignition)
and particle size data and observations of the sediment in situ would
indicate that the sediment was  anoxic and can be best described
as silty. Background concentrations of copper in the control sedi-
ment of approximately 30 mg  kg−1 would indicate a relatively clean
site, although the Environment Agency monitoring from Cobnor
Point Sites 1 and 2 (approximately 300 m away from the sediment
collection site) showed higher levels of copper. Concentrations of
other metals and organic pollutants from these two sites were also
relatively low, although these samples had a much lower organic
content and smaller fraction of <63 m particles. These sites are
closer to the main channel than the collection site and were only
single samples using the <63 m fraction of sediment.
As all tanks used the same seawater, pumped directly from Lang-
stone Harbour there was  no variation in parameters between tanks
or boxes. Dissolved copper in the seawater entering the tanks was
D. Publications
255
G.J. Watson et al. / Aquatic Toxicology 128– 129 (2013) 1– 12 5
Table  2
Actual mean aqua regia extractable copper concentrations (±SEM) in the non-spiked control and spiked (50, 500 and 1000 mg kg−1) sediment at the start (December) and
end  (March) of the experiment for the <63 m size fraction in 2001/2002 compared to the nominal concentrations.
Year Nominal conc. Actual mean
December
% of nominal
conc.
Actual mean
March
Difference between
December/March
% level of start Signiﬁcant difference between
December and March?
2001/2002 Control 33 ± 6a – 32.3. ± 0.67 −0.667 97.8 No
50 83.7 ± 10.73a,b 167% 59 ± 1.52 −24.67 70.5 No
500  370 ± 0b,c 74% 365 ± 27.8 −5 98.6 No
1000  840 ± 25.17 c 84% 923.3 ± 23.3 +83.3 109.9 Yes, t0.05(2), = −25, p = 0.002
For each treatment one core was taken from each of three boxes except the control with two  and each core was analyzed in duplicate. All concentrations are expressed as
mg  kg−1 dry weight. Different superscript letters (a–c) indicate signiﬁcant differences between individual treatments.
not measured directly, but data from the Environment Agency for
2000-2009 produced a background concentration for Langstone
Harbour (50′49.515 N, 0′59.830 W)  water of 1.06 ± 0.108 g l−1. In
2001/2002 during the experimental period salinity varied between
33.3 and 34.5, pH between 8.2 and 8.3 and DO ranged from
9.4 ± 0.46 mg  l−1 to 7.4 ± 0.09 mg  l−1. The lowest temperature was
recorded in December (5 ◦C); the highest in February (9 ◦C). In
2002/2003 greater variability was present with salinity vary-
ing from 30.1 and 34.3, pH by 0.5 units (7.7–8.2), mean DO
was 10.3 ± 0.344 mg  l−1 and temperature extremes were 3.8 ◦C
(January) and 8.1 ◦C (March). Organic content of the <2 mm
size fraction for the start of the experiment for 2002/2003 was
5.12% ± 0.136. There were no signiﬁcant differences between treat-
ments for each year, except the organic content was  signiﬁcantly
higher in 2001/2002 (H = 5.50, p = 0.0001). The mean percentage
fraction of the <2 mm that was less than 63 m was 85% ± 1.01 and
there was no signiﬁcant difference between treatments.
3.2. Spiked sediment copper concentrations
Aqua regia extractable sediment copper concentrations varied
from the intended nominal sediment concentrations in both years
as shown in Table 2 for 2001/2002 and Table 3 for 2002/2003.
Spiking of the sediment to a nominal concentration of 50 mg  kg−1
resulted in higher actual values in all boxes tested for both years.
In contrast, mean concentrations for the nominal 500 mg  kg−1
box from both years display reductions. Actual concentrations for
the nominal 1000 mg  kg−1 were also less for both years. Overall,
the 2002/2003 experiment had actual concentrations which were
closer to target than the experiment in 2001/2002. Aqua regia
extractable copper concentrations for each treatment from both
years at the start of each experiment were not signiﬁcantly different
from each other (data not shown).
Analysis using a one-way ANOVA on log transformed data con-
ﬁrms that there were signiﬁcant differences in the aqua regia
extractable copper concentrations between all treatments for
2001/2002 (F0.05,3 = 1166, p = 0.000) and for 2002/2003 using a
Kruskal–Wallis test (H0.05,3 = 31.96, p = 0.000). For 2001/2002, sub-
sequent non-parametric pairwise comparisons conﬁrm that the
control treatment was signiﬁcantly different from the 500 mg  kg−1
and 1000 mg  kg−1 treatments and the 50 mg  kg−1 was signiﬁcantly
different from the 1000 mg  kg−1 (Table 2). For 2002/2003 only the
control treatment was  different from the 1000 mg  kg−1 treatment
(data not shown).
In 2001/2002, the aqua regia extractable copper concentra-
tions from sediment sampled at the end of the experiment (2nd
March) can be compared to the starting concentration within each
box using paired T-tests and the results are presented in Table 2.
Sediment concentrations stay relatively constant at the different
sampling times across the majority of treatments with only a small,
but signiﬁcant increase measured for the 1000 mg  kg−1.
Copper concentrations of the sediment from the end of the
2002/2003 experiment (March) were also analyzed using aqua
regia and the sequential extraction method and are presented in
Table 3. Analysis using a one-way ANOVA on log transformed
data conﬁrms that there were signiﬁcant differences in the aqua
regia extractable copper concentrations between all treatments
(F0.05,3 = 285, p = 0.000) with all treatments being signiﬁcantly dif-
ferent from each other. This was  also the case for the labile fraction
(sum of the sequential steps) (F0.05,3 = 153, p = 0.000).
Due to logistical restrictions the residual component was  not
analyzed directly, but the amount of copper in the residual phase
has been calculated by subtracting the sequential steps from the
aqua regia digest. As was expected, the amount of copper in
each of the three fractions increased concomitantly with the aqua
regia extractable copper, but the percentage distribution of the
copper within the different fractions falls into two  groups. Cop-
per in the sediment from the control and 50 mg  kg−1 treatments
was mainly present in the reducible (BCR step 2) and oxidiz-
able (BCR step 3) fractions with the smallest amount extracted
in the exchangeable fraction in step 1 leaving 8.8% and 21.9%
in the residual fraction, respectively. For both the 500 mg kg−1
and 1000 mg  kg−1 treatments approximately equal amounts were
found in the exchangeable and reducible fractions combined, with
the remainder in the oxidizable and residual fractions. Although
the percentages in the residual fraction were different for all treat-
ments, actual concentrations were similar.
3.3. Spiked sediment tissue concentrations
Mean tissue concentrations of worms from the treatments sam-
pled in January, February and March are presented in Table 4 and
show that the worms have accumulated the copper within the tis-
sues with the concentrations tracking the sediment concentrations,
Table 3
Actual mean copper sediment concentrations in the control and spiked (50, 500 and 1000 mg  kg−1) sediment for the <63 m size fraction at the end of the 2002/2003
experiment (6th March).
Date and year Nominal Conc. Aqua regia % of nominal conc. BCR Step 1 BCR Step 2 BCR Step 3 Labile fraction
(sum of Steps 1–3)
Residual (Aqua
regia-BCR 1,2 and 3)
March Control 30.7 ± 4.3a – 3.9 ± 2.4 (14%) 11.0 ± 2.1(37%) 7.0 ± 0.8 (23%) 21.9 ± 4.9a 8.8 ± 6.9 (26%)
2002/2003 50 72.5 ± 0.5b 145% 10.7 ± 0.4 (15%) 28.8 ± 1.2 (40%) 11.1 ± 1.4 (15%) 50.6 ± 3.0b 21.9 ± 3.6 (30%)
500  416.7 ± 24c 83% 177 ± 8.9 (43%) 181 ± 17 (42%) 42.1 ± 1.0 (11%) 400 ± 26c 16.9 ± 10 (4%)
1000  970 ± 50d 97% 504 ± 9.5 (52%) 384 ± 47 (39%) 70.9 ± 1.8 (7%) 959 ± 40d 11.5 ± 10 (1%)
Aqua regia extractable copper (one core analyzed in duplicate per box, three boxes per treatment). Labile copper extracted with 3-step BCR sequential method (three boxes
sampled for control and 1000 mg  kg−1 and 2 for 50 and 500 mg kg−1). Residual fraction calculated by subtraction of BCR steps from aqua regia digest. All concentrations are
expressed as mg kg−1 dry weight. Different superscript letters (a–d) indicate signiﬁcant differences between individual treatments.
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Table 4
Actual mean (±SEM) copper concentrations in worm tissue from the control and spiked (50, 500 and 1000 mg  kg−1) treatments sampled in January, February and March of
the  2001/2002 experiment.
Year Treatment January Number of boxes
and worms
February Number of boxes
and worms
March Number of boxes
and worms
2001/2002 Controla 11.8 ± 1.4 2, 4 10 ± 2.1 3, 8 10.1 ± 2.0 3, 7
50a 20.7 ± 6.6 2, 4 10.3 ± 0.9 3, 6 8.6 ± 0.4 3, 7
500b 104.5 ± 4.9 3, 6 131.1 ± 18.8 3, 6 101.2 ± 9.3 3, 6
1000c 239.8 ± 15.4 2, 4 488.2 2, 2 372.2 ± 26.7 3, 3
Number of worms per box and boxes per treatment/time sampled are presented in the table. All concentrations are expressed as g g−1 dry weight of tissue. Different
superscript letters indicate signiﬁcant differences between individual treatments.
but with little variation over time. GLM with the ranked data con-
ﬁrms that there were signiﬁcant differences between treatments
only (F0.05,3 = 70.17, p = 0.000). Pairwise comparisons show that all
treatments were signiﬁcantly different from each other except the
control and 50 mg  kg−1.
3.4. Adult mortality
Counts of males, females and immature individuals were
obtained for both experiments (Fig. 1). For the 2001/2002 experi-
ment differential survival between the sexes was clearly present
and analysis using a Wilcoxon signed rank test for March only
across all treatments conﬁrms that signiﬁcantly more females
survived (3.9 ± 0.54 per box) than males (2.1 ± 0.52 per box),
(W0.05(1),10 = 28, p = 0.022). Due to low numbers, immature indi-
viduals present were not analyzed separately, but were included
in the overall combined total. Analysis using GLM shows that
there was no signiﬁcant difference in males, female or all groups
combined survivorship between months. There were signiﬁcant
differences between treatments for females (F3,12 = 7.57, p = 0.004)
and all groups combined (F3,12 = 9.74, p = 0.002). Survivorship in the
control and 50 mg  kg−1 treatments was signiﬁcantly higher than
the 1000 mg  kg−1 for females and all groups combined. Signiﬁ-
cant differences between tanks for male survivorship (F2,12 = 4.88,
p = 0.028) and all groups combined (F2,12 = 5.73, p = 0.018) were also
recorded.
Final survivorship (March) was also compared for the 2002/2003
experiment and the data are also presented in Fig. 1. Differential
survival between the sexes across all treatments was this time
not present. Low numbers of immature individuals precluded sep-
arate analysis, but they were included in the overall combined
total. Analysis using GLM shows that there were signiﬁcant differ-
ences in survivorship between treatments for females (F3,16 = 4.11,
p = 0.024) and combined groups (F3,16 = 4.24 p = 0.022, respectively).
For females, only the 50 and 1000 mg  kg−1 treatments were signiﬁ-
cantly different from each other, whilst for the combined group the
control was  different from the 1000 mg  kg−1 treatment. Signiﬁcant
differences between the two tanks were also present for females
and all groups combined. No signiﬁcant interaction was present
between tank and concentration for any of the groups. It is also
possible to analyze survivorship of the different groups between
the years, but to be comparable only those sampled in March
from 2001/2002 were compared with those from 2002/2003.
GLM conﬁrms that survivorship in the 2002/2003 experiment was
higher for males (F1,29 = 11.61, p = 0.002), and all groups combined
(F1,29 = 9.84, p = 0.004) compared to the 2001/2002 experiment.
3.5. Oocyte diameters
Mean oocyte diameters at the different sampling points are
presented for the 2001/2002 experiment in Fig. 2. At the ﬁrst samp-
ling point (24th January) oocyte diameters were not signiﬁcantly
Fig. 1. Mean survival (±SEM) per box of males, females and immature worms  in the control and spiked treatments including those that spawned. Seven males and seven
females added to each at the start of the experiments (22nd December for 2001/2002 and 19th December for 2002/2003). Three boxes per treatment sacriﬁcially sampled
on  the 24th January, 19th February and 2nd March for 2001/2002 and all boxes (six per treatment) sampled on the 6th March for 2002/2003.
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Fig. 2. Mean feret oocyte diameter (±SEM) in the control and spiked treatments
sampled at different times (24th January, 19th February and 2nd March) in the
2001/2002 experiment. N = the number of females sampled taken from three boxes
per  treatment per sampling point except for the 1000 mg  kg−1 when only two  boxes
were sampled in February and March.
different between treatments. By February oocytes were larger
in both the control and 50 mg  kg−1 treatments than the previ-
ous sampling month, but smaller from females in the 500 and
1000 mg  kg−1 treatments. However, there were no signiﬁcant dif-
ferences between the treatments at this sampling period. Mean
oocyte diameters from females maintained in the control and
50 mg  kg−1 treatments sampled in March were larger than the
previous month for all treatments and there were signiﬁcant dif-
ferences between treatments for March (F3,5 = 6.54, p = 0.035), but
subsequent Tukey’s comparisons did not highlight any pairwise dif-
ferences, although the control treatment was nearly signiﬁcantly
different (p = 0.055) from both the 500 or 1000 mg  kg−1 treatments.
3.6. Spawning
Spawning frequency (deﬁned as those individuals on the surface
of the sediment or swimming in the water column at the same time
as gametes were present), the date of each event and sex of the
individual were recorded. The numbers of spawning individuals
and the cumulative number per treatment (years combined) are
presented in Fig. 3. Spawning occurred in all treatments in both
experiments, but the majority was in the 2002/2003 experiment
and all but four of those individuals were males. In 2001/2002
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Fig. 3. Cumulative number of spawning individuals on surface of the sediment
in  the control and spiked (50, 500 and 1000 mg  kg−1) treatments. Data from both
experiments combined.
two individuals from the 1000 mg  kg−1 treatment were the ﬁrst to
spawn on the 7th February 2002. In contrast, one individual from
the 50 mg  kg−1 treatment in 2002/2003 spawned on 6th January,
but no further spawning occurred in any of the treatments in this
experiment until the 21st February. In 2001/2002 an individual
from the 500 mg  kg−1 treatment spawned on 13th February with
a second on the following day. Not until the 22nd February did
spawning begin in the control and increase in the 50 mg kg−1
treatments. From this date the numbers of individuals spawning
increased in all treatments, but with a much earlier increase in
both the 500 and 1000 mg  kg−1 treatments.
3.7. Fertilization and development
In 2001/2002 a two-way ANOVA of the arcsine transformed
mean percentage developmental success of an overall box was
performed and this shows that there were no signiﬁcant differ-
ences between the treatments. In 2002/2003 for fertilizations using
sperm from males incubated within the boxes (individual) and
those from the males not exposed (pooled) the arcsine trans-
formed mean percentage developmental success after 24 h at 10 ◦C
is presented in Fig. 4 with signiﬁcant differences in developmen-
tal success between treatments for fertilizations with both pooled
(F3,4 = 10.79, p = 0.022) and individual (F3,3 = 28.76, p = 0.01) sperm.
For the fertilizations using the pooled sperm developmental suc-
cess was  consistently high for the control, 50 and 500 mg  kg−1
treatments and they were not signiﬁcantly different from each
other. Only female exposure to the 1000 mg kg−1 induced a sig-
niﬁcant reduction. The developmental success of the fertilizations
using the individual sperm was  also high for the control and
50 mg  kg−1 treatments and they were not signiﬁcantly different
from each other. However, exposure of both females and males
to the 500 and 1000 mg  kg−1 treatments induced a signiﬁcant
reduction compared to the other two treatments. No signiﬁcant
differences between the developmental success of embryos from
fertilizations of females crossed with pooled and individual sperm
were present for the control, 50 and 1000 mg  kg−1 treatments.
Fertilizations with sperm from males exposed to the 500 mg  kg−1
Treat ment
Control 50 50 0 100 0
M
ea
n
 p
er
ce
n
ta
g
e 
d
ev
el
o
p
m
en
ta
l 
su
cc
es
s
0
20
40
60
80
100
120
Poo led sperm
Individ ual sperm
b
a
aa a
a
b
b
Fig. 4. Mean percentage developmental success (±SEM) of embryos from fertil-
izations of both males and females incubated in the control and spiked treatments
(termed: Individual)  and fertilizations of females from the spiked sediment fertilized
with males not exposed to the spiked sediment (termed: Pooled) from the 2002/2003
experiment. Two boxes per treatment with three females from each and three repli-
cates per cross were used for the pooled sperm, whilst two  boxes per treatment
with the same three females, but crossed all-ways with two males from each box
and three replicates per cross were used for the individual sperm, except for the
1000 mg  kg−1 treatment where only one box was used. Different letters indicate
signiﬁcant differences between treatments.
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Table 5
Actual mean copper sediment concentrations of sites representative of a range of concentrations from across the south coast of UK sampled in winter.
Site Mean particle
size (m)
Organic content (%) BCR Step 1 BCR Step 2 BCR Step 3 Labile fraction
(sum of Steps 1–3)
Conservancy (Chichester Harbour) 14.2 4.0 ± 0.05 7.8 ± 0.56 11.7 ± 0.93 12.3 ± 1.55 31.8
Dell  Quay (Chichester Harbour) 19.5 3.3 ± 0.4 7.8 ± 0.71 8.1 ± 1.83 16.9 ± 0.98 32.8
Holes  Bay (Poole Harbour) 16.6 8.8 ± 0.2 7.7 ± 0.84 16 ± 4.39 24.7 ± 3.82 48.4
Saltash (Plymouth) 20.4 6.7 ± 0.5 17.3 ± 2.66 30.8 ± 5.91 39.8 ± 0.94 87.9
Mylor (Fal Estuary) 28.2 8.9 ± 0.3 83.1 ± 24.32 71.2 ± 27.93 267.5 ± 20.88 421.8
Labile copper extracted with three step BCR sequential method (three boxes sampled for control and 1000 mg  kg−1 and 2 for 50 and 500 mg kg−1). All concentrations are
expressed as mg  kg−1 dry weight.
(individual sperm) did show a reduction in developmental suc-
cess compared to those fertilized with pooled sperm (W0.05(1),6 = 6,
p = 0.0181).
4. Discussion
4.1. Sediment characteristics
The concentrations of aqua regia extractable copper are compa-
rable with other spiking studies (e.g. Hall and Frid, 1995; Morrisey
et al., 1996; Trannum et al., 2004) and the majority of sediment
samples for the 2001/2002 experiment also stayed close to the ini-
tial concentration suggesting little export to the overlying water.
General activity and feeding during the latter stages of gametoge-
nesis were very low and this may  explain the relatively stable levels
during the experiments.
The spiking efﬁciency for both experiments varied between 80
and 150% of the nominal concentration, but data reveal a pat-
tern of increased copper relative to the target concentration in
the 50 mg  kg−1 treatment and a decrease in higher treatments.
The background levels could explain the enhanced concentrations
in the 50 mg  kg−1 treatment, but not the reduced spiking efﬁ-
ciency in the 500 and 1000 mg  kg−1 treatments. Bat and Raffaelli
(1998) related variability back to the collection of heterogeneous
sediment, although our data would suggest relatively homoge-
neous sediment. It is possible that the reduced spiking efﬁciencies
are a result of loss of some of the ﬁne-grained sediment dur-
ing the decanting of the overlying water as was suggested by
Ciarelli et al. (1997) or due to saturation of binding sites (Simpson,
2004).
Aqua regia extractable metal analysis provides information con-
cerning possible enrichment of sediment, but the concentrations
of bioavailable metals are not directly proportional to the con-
centrations in water or sediment (Borgmann, 2000). Operationally
deﬁned sequential extraction is widely used and provides valuable
information on bioavailability (Kersten, 2002). As porewater con-
centrations were not measured, the labile copper (the sum of the
exchangeable, reducible and the organic phases from the sequen-
tial extraction) of the sediment at the end of the experiment in
2002/2003 has been considered to model the readily available frac-
tion to the biota (Kersten and Förstner, 1991). In both the control
and 50 mg  kg−1 treatment approximately 70% was present in these
fractions with the remainder in the residual fraction. In contrast,
both the 500 and 1000 mg  kg−1 treatments had nearly all of the
copper present in these three fractions and with correspondingly
much higher levels. The level of copper found in these fractions
is much higher than some studies from natural sediments (e.g.
Amiard et al., 2007; Kwon et al., 2001; Loring, 1978; Ramos et al.,
1999) and the differences are likely to be due to the spiking process
and consequent changes in geochemistry. Nevertheless, studies
using sequential extraction have reported concentrations in natu-
ral sediments to be close to the control (Soto-Jimenez et al., 2001);
cover the range of spiked values (Chandra Sekhar et al., 2003)
and exceed the values presented here by an order of magnitude
(Shulkin et al., 2003). Data presented in Table 5 from sites on the
south coast of England also conﬁrm that the control treatment
reﬂects very closely the concentrations found in Chichester har-
bour; the 50 mg  kg−1 treatment is comparable with Poole Harbour
and Saltash. The 500 mg  kg−1 is close to the concentrations found at
Mylor, although the percentages found in the step one and step two
fractions are much higher in the experimental study than at Mylor.
Concentrations of labile copper found in this study are, therefore,
environmentally relevant as they span those concentrations found
at UK sites.
The process of spiking induces signiﬁcant changes in the sed-
iment that will affect bioavailability and alter the geochemical
characteristics compared to natural sediment (e.g. Simpson, 2004;
Simpson et al., 2004; Burton et al., 2006; Hutchins et al., 2007,
2008a, 2008b).  However, this process may  reﬂect much more
closely the conditions experienced by many N. virens populations
as anoxic muddy sediment is continually dug to a depth of approx-
imately 30 cm to extract it for bait in numerous locations (Watson
et al., 2007). This disturbs the sediment resulting in signiﬁcant and
repeated mixing of the redox layers (McLusky et al., 1983) increas-
ing the bioavailability of metals for sediment-dwelling organisms
through increases in pore water concentrations (Howell, 1985). The
process of spiking and the resulting elevated levels of labile copper
in the sediment mimic  this process and it is, therefore, a much more
relevant method for this species.
4.2. Tissue concentrations
The tissue copper concentrations recorded reﬂect those found in
many other studies on the closely related polychaete N. diversicolor,
either collected from ﬁeld sites or from experimental accumula-
tion studies (Berthet et al., 2003; Mouneyrac et al., 2003; Zhou
et al., 2003; Poirier et al., 2006; Amiard et al., 2007; Rainbow et al.,
2009; Bird et al., 2011; Garcia-Alonso et al., 2011). This further con-
ﬁrms that the spiking concentrations (at least in the control and
50 mg kg−1, and the 500 mg  kg−1 treatments) are environmentally
relevant and have resulted in tissue copper concentrations that are
also recorded from polychaetes in the ﬁeld.
Tissue concentrations throughout the experiment followed the
spiked sediment concentrations, separating into three distinct
groups: the control and 50 mg  kg−1 treatment, and the 500 mg  kg−1
and the 1000 mg  kg−1. As the worms were not fed during the exper-
iment and they do not consume sediment or feed during the late
stages of gametogenesis, the route of entry would be across the
body wall (via the porewater) rather than by ingestion. Histoly-
sis of the body wall during maturation (Bass and Braﬁeld, 1972)
may have facilitated this uptake. Although the amounts of cop-
per from the BCR sequential extraction were not measured over
time, one might expect that the bioavailability of copper in the sed-
iment reduces as the sediment ages. The basis for copper tolerance
in populations of N. diversicolor was  suggested to be an increased
capacity for detoxiﬁcation rather than reduced uptake or excretion
(Rainbow et al., 2009) so it is not particularly surprising that tis-
sue concentrations remain elevated throughout the experimental
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period indicating that once accumulated the copper is stored. This
supports work by Zhou et al. (2003) who showed that tissue con-
centrations for N. diveriscolor did not decrease after removal from
the copper source. Further investigations into the mechanisms of
accumulation and the location and form of the stored copper within
the tissues (suggested by Berthet et al., 2003 and Mouneyrac et al.
(2003) to be cytosolic heat-stable compounds and insoluble Cu-
rich granules) are, therefore, required to understand the speciﬁc
physiological toxicity of the copper to the worm.
4.3. Effects on adult mortality
N. virens displays partial epitoky with gametogenesis supported
by histolysis of the body wall and musculature and an accom-
panied cessation of feeding (Bass and Braﬁeld, 1972). As epitoky
progresses, the worms become fragile and survival rates of com-
mercially grown mature worms kept under optimal conditions
that have not been removed from the sediment are always much
lower than atokous stages (Watson, personal observation). This is
especially true for males and may  explain the differential survival
between the sexes shown here for 2001/2002. Worms  removed
from the sediment at the later stages of gametogenesis will suffer
internal damage during collection, but it seems likely that main-
taining them in holding tanks for only a week was  not sufﬁcient
for all damaged individuals to be excluded. However, from many
years of working with this species we would argue that the level of
mortality present in the controls was entirely expected and appro-
priate for this life stage and we are conﬁdent that the results in the
context of this mortality are still valid.
For the 2001/2002 experiment survivorship did not vary with
date for any of the groups. These results imply that, in general, the
majority of the mortality for each treatment occurs prior to the ﬁrst
sampling date, although a more frequent sampling regime would
be required to conﬁrm this pattern. Copper has a signiﬁcant impact
on survivorship over and above this background mortality for the
late stages of epitoky. In both experiments there is a signiﬁcant
effect of treatment on female survivorship, which is generally dose
dependent for the sediment and the tissue concentrations. Males
were also affected, but the results were more ambiguous with dif-
ferences between the two experiments. Signiﬁcant tank effects also
seemed to occur, but it is not clear why such effects were present
as each box was supplied with an equal ﬂow rate. Dissolved cop-
per has been shown to be toxic in solution to adult N. virens at a
concentration 1.5 mg  l−1 after approximately 4 days (Raymont and
Shields, 1963). Toxic effects of copper include interference with
enzymes, changes in body ﬂuids, disruption of whole-body ion bal-
ance (George, 1990; Lauren and McDonald, 1987) and sub-lethal
behavioural effects (Burlinson and Lawrence, 2007). A number of
key physiological functions in N. diversicolor have also been shown
to be impaired (Moreira et al., 2006). In this study the direct cause
of death was not assessed, but observations of moribund individ-
uals suggest that damage to the integument was signiﬁcant. Wound
healing is compromised and morphological alterations have been
shown to occur in the presence of copper in other polychaetes
(Geracitano et al., 2004; Zapata-Vivenes et al., 2005). Combined
with the loss of regeneration capability during sexual maturation
these effects could reduce their ability to recover from damage
(Franke and Pfannenstiel, 1984). This would compound what is
already a sensitive stage of the process (shown by the control mor-
tality) and could elevate mortality rates to a point where population
stability is compromised.
4.4. Effects on oogenesis
Only oocytes from females exposed to the treatments for the full
term (sampled in March) were affected by the treatment, however,
speciﬁc differences in oocyte diameters did not occur (possibly due
to the low numbers of females sampled in the highest concentra-
tions). Inspection of the graphical data does strongly suggest that
the growth of oocytes of those females incubated in either the 500
or 1000 mg  kg−1 treatments was  compromised, and it is likely that
an extended period of exposure at an earlier stage in the gameto-
genic cycle would conﬁrm that copper has signiﬁcant impacts on
oogenesis. A number of mechanisms are possible through which
copper could affect oocyte development. Metal exposure affects
vitellogenin production in ﬁsh (e.g. Hwang et al., 2000). In Nereids
vitellogenin is produced by specialized cells (eleocytes) in the
coelomic cavity so this system may  be targeted (Fischer, 1999).
Lipina et al. (1987) showed that exposure of adult sea urchins to
metals results in their incorporation into the gonads and conse-
quently the precipitates are found within the gametes. In addition
to direct uptake, N. virens can rapidly accumulate copper in the body
wall after exposure (Raymont and Shields, 1963) and this may  also
be made available to the oocytes through the autolysis process.
Even though the complete oogenesis cycle in N. virens takes
many months, the ﬁnal stages may  be a critical period as this
involves the deposition of the cortical granule layer involved in
the production of the jelly coat. Paterson (1999) showed that this
layer can be up to 15 m deep and could explain the reduced diam-
eters if it was not laid down correctly. Its function as a block to
polyspermy and as protection against mechanical damage could be
reduced affecting subsequent downstream events, although Bass
and Braﬁeld (1972) did not ﬁnd it to be a pre-requisite for successful
fertilization.
4.5. Effects on spawning
Spawning times of N. virens populations vary considerably from
late February in Scotland (Watson et al., 2003) to April–May in
south east England (Bass and Braﬁeld, 1972). Although one indi-
vidual did spawn on the 6th January, the vast majority in both
years spawned in the last week of February and ﬁrst week of March
and this is consistent with the authors’ observations of local popu-
lations. Spawning is regulated by sea temperature (greater than
6–8 ◦C) and correlated around spring tides (Goerke, 1984; Watson
et al., 2003). In both years temperatures at this time were 8–9 ◦C
and spring tides occurred on the 27th February in 2002 and 3rd
March 2003 indicating that these relevant environmental cues are
still being utilized. The results strongly indicate that exposure to
higher concentrations induces males to emerge and spawn ear-
lier in the year. Synchronous epidemic spawning of populations of
many invertebrates is crucial to maximizing fertilization success
(e.g. Watson et al., 2000). Although Watson et al. (2003) suggested
for N. virens that spawning in shallow inter-tidal pools at low tide,
coupled with the exceptional longevity of the gametes could reduce
the need for precise temporal and spatial coordination, it is still
crucial that spawning is synchronised to the same tide. Earlier
spawning would result in rapid dilution of the gametes as the tide
returned and virtually no successful fertilizations from these indi-
viduals. Clearly if both sexes were to spawn earlier, but at the same
time, this would have no impact on the immediate fertilization suc-
cess. However, spawning in non-ideal conditions such as during
storms or not coordinated with appropriate cues could also have a
signiﬁcant impact on the success of the population as a whole.
As far as the authors are aware this is the ﬁrst time that a long-
term exposure to a pollutant induces premature spawning in a
marine invertebrate. Beckmann et al. (1995) did show that males of
other nereids could be induced to spawn by crude oil fractions, but
these were added to individuals that were already swarming. These
authors suggested that the oil may  interfere with their pheromone
systems, but extensive experiments by Watson et al. (2003) have
shown no evidence to support the use of pheromones by N. virens.  It
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is, therefore, not clear what physiological mechanisms the copper
may  be acting on.
4.6. Effects on fertilization and larval development
Lewis and Galloway (2009) have shown that short-term adult
incubation with speciﬁc genotoxicants induces DNA damage in
sperm and reduces subsequent fertilization success in Arenicola
marina. However, this is the ﬁrst time that adult exposure to a metal
has produced downstream effects on fertilization and embryo
development in a polychaete using contaminated sediment. It is not
surprising that copper had a signiﬁcant impact on embryo develop-
ment as oocyte growth seems to be compromised and the possible
impacts on the gametogenic processes (discussed above) could also
explain the differences seen in subsequent developmental success.
Khristoforova et al. (1984) suggested that sub-cellular metabolic
alterations are responsible for the reduction in developmental suc-
cess as they did not record any histological anomalies in the ovaries
of sea urchins after chronic exposures to copper. The lack of gross
morphological differences in the oocytes from this study (data not
shown) supports their results. We  did not record the concentra-
tions of copper within the oocytes, but metals do accumulate in
oocytes (e.g. Durkina and Evtushenko, 1991) which may  affect the
biochemical machinery and compromise subsequent fertilization
and development. This may  also be compounded by changes in
adult energy allocation as Pook et al. (2009) showed that there are
trade-offs between fecundity and responses to copper toxicity in N.
diversicolor that reduces the reproductive output.
Differences between mean developmental success with pooled
and individual sperm strongly suggest that sperm function is more
susceptible. Bowen and Engel (1996) and Au et al. (2000, 2001a),
using echinoids, showed that adult males are more sensitive than
females to cadmium exposure which supports this study. Speciﬁ-
cally, numbers of motile sperm, their velocity and trajectories are
all affected by exposure of the adult males to cadmium. Follow-up
work by Au et al. (2001b) showed the deposition of electron dense
material in male gonads and sperm cytological alterations. Some
of these effects have also been recorded for copper through direct
incubation with sperm (Earnshaw et al., 1986) and more recently
on N. virens by Caldwell et al. (2011) including DNA damage mea-
sured through the Comet assay. Inspection of the raw data suggests
that at the 500 and 1000 mg  kg−1 concentrations a signiﬁcant pro-
portion of the oocytes failed to fertilize, rather than fertilized and
then developed abnormally, again strongly indicating that sperm
quality was reduced, although the speciﬁc mechanism of action in
N. virens needs to be elucidated.
5. Conclusion
Sediment spiked with copper results in concentrations in the
labile fraction and tissues of N. virens that are environmentally rel-
evant when compared to natural sediments. The spiking process
does change the sediment geochemistry, although this may  actually
mimic  the conditions experienced by exploited N. virens popula-
tions. Exposure of adults for nearly three months in the highest con-
centrations (500 and 1000 mg  kg−1) during the ﬁnal stages of the
gametogenic cycle has signiﬁcant impacts on adult survival, spawn-
ing and subsequent developmental success of the embryos and
results also suggest that oocyte growth is compromised. The major-
ity of N. virens reproduce at 2–3 years old with the gametogenic
cycle lasting over 1 year (Bass and Braﬁeld, 1972). Exposing individ-
uals for the full gametogenic cycle is not only likely to have a greater
impact on these processes, but may  also induce effects at lower con-
centrations. Many more N. virens populations could, therefore, be
exposed to sediment that is toxic over the full gametogenic cycle.
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Introduction 
Zinc and copper are common contaminants of 
sediment in coastal environments and are known to be 
toxic to marine invertebrates (Dean 2008).  The king 
ragworm, Nereis virens, (Figure 1) is an ecologically 
and commercially important polychaete species 
of soft sediment inter-tidal communities, found 
throughout Europe and the northern hemisphere. 
It is one of the dominant species in the Solent, 
UK (Watson et al. 2007).  It is amenable to long-
term studies to investigate chronic effects of these 
pollutants as it readily acclimatises to captive 
conditions and growth, maturation and reproduction 
are well documented especially the endocrine control 
system.  The aim of this EU INTERREG IVa funded 
project is to investigate the effects of chronic 
exposure of copper and zinc on the different life 
stages of N. virens.
Figure 1 - N. virens, the key species.
Materials and Methods
Sediment cores and associated worms will be 
collected from a range of sites in the Solent, UK, with 
different pollution histories, but are also known to be 
natural habitats of N. virens (Figure 2).  Bioavailable 
concentrations of these metals will be assessed using 
BCR-sequential and aqua regia extraction methods 
followed by Atomic Absorption Spectroscopy (AAS) 
analysis.  The concentrations within the worms 
will also be measured using standard extraction 
techniques and AAS.
Figure 2 - Location of sampling sites and natural habitats 
of N. virens.
 (Source : http://www.nbn.org.uk/)
These data will be used as a guide for establishing 
the level of spiking required for long-term sediment 
exposures so that they are environmentally relevant. 
To investigate the chronic effects of these metals, 
adults will be incubated for nine months in control, 
copper-spiked, zinc-spiked and copper and zinc spiked 
sediment.  Worms and sediment will be sampled at 
three-monthly intervals and a suite of sub-lethal 
endpoints will be measured including growth, feeding 
rates, behaviour, regeneration rates as well as 
changes in key biochemical, cellular and histological 
systems (e.g. metallothioneins, antioxidant and 
oxidative damage, DNA damage, lysozyme, lipid 
peroxidation and metabolomic changes).  In 
addition, Scanning Electron Microscope (SEM) 
coupled with Energy-dispersive X-ray spectroscopy 
(EDX) will be used to understand the sequestration 
and compartmentalisation of the metals in the 
tissues of the worms during the exposure.
Assessment of genotoxic damage in 
polychaetes
Contaminations of marine environments by heavy 
metals can induce DNA damage or interfere with 
the processes involved in cell division.  The use 
of the comet assay (Figure 3) combined with the 
micronucleus assay will allow us to measure reparable 
DNA damage and permanent DNA damage.  Using 
both assays will permit to consider the proportion 
of reparable versus permanent damage induced by 
copper and/or zinc chronic exposure and have a 
complete approach of the DNA damage in N. virens. 
(Collins 2004; Dixon et al. 2002; Lewis & Galloway 
2008).
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Figure 3 - The comet assay showing the difference between 
an undamaged cell and a damaged cell.
Outcomes
It is expected that this work will provide the first 
significant insights into the chronic toxicity of these 
metals in sediments (alone and in combination) on 
sediment-dwelling polychaetes.  It will provide a 
better understanding of the consequences and the 
processes involved in heavy metal contamination in 
an ecologically important species and how this might 
affect soft-sediment communities.
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Polychaeta of the Isles of Scilly: A 
New Annotated Checklist
Teresa Darbyshire 
Amgueddfa Cymru–National Museum Wales 
Cardiff  
CF10 3NP.
The ‘Marine Flora and Fauna of the Isles of Scilly’ 
is a long-running series of papers published by 
the Journal of Natural History.  Since the first 
introductory paper by Harvey (1969) describing the 
ecology of the islands, there have been a further 17 
papers reviewing 23 different groups of animals.
A list of the Polychaeta was compiled by Harris 
(1972) mainly from collections made by the British 
Museum (Natural History) and University of London 
Sub-Aqua Expedition as well as incorporating his own 
material from University of Exeter student fieldtrips 
and specimens collected by other zoologists.  This 
meant that the list included both subtidal and 
intertidal species, and it totalled 184 (benthic) 
species.  Two additional species in the list were 
pelagic and have not been included in this review.
As part of a larger DEFRA-funded project, Richard 
Warwick and Paul Somerfield from Plymouth Marine 
Laboratory (PML) asked Amgueddfa Cymru–National 
Museum Wales (NMW) to put together an expert team 
to carry out a new assessment of the polychaete 
fauna in 2006.  The aim was to produce a new 
updated checklist and, to this end, Andy Mackie 
invited myself and Kate Mortimer (NMW), Peter 
Garwood (Identichaet), Fred Pleijel and Erika 
Norlinder (Tjärnö Marine Laboratory) and Wilfried 
Westheide (Universität Osnabrück) to participate. 
Help in the field came from Richard and Paul and 
Mike Kendall (PML), Neville Barratt (formerly Exeter 
University), and Jen Pinnion, Anna Langford and 
Tom Davies (then NMW).  Subsequent sampling of 
the sublittoral by diving (2009 and 2010) involved 
myself and others courtesy of Angie Gall (Isles of 
Scilly Wildlife Trust), Seasearch and the Porcupine 
Marine Natural History Society, and by grab (2009) 
using the R.V. MBA Sepia, with Roger Bamber and 
Sue Chambers.  The updated checklist incorporates 
all material from these new collections, species 
identified from three previous benthic surveys of the 
area (Rostron 1983, 1988; Munro & Nunny 1998), 
as well as those species listed in the original Harris 
(1972) paper.
Comparison of Surveys
Two diving surveys were carried out by Dale Rostron 
in 1983 and 1988 to assess habitats and communities 
in the area in relation to proposals at the time to 
establish a voluntary Marine Nature Reserve.  The 
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